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I. Background 

Population viability analysis (PVA) for eleven species were developed that forms the basis of the 

collaborative project between Forestry Tasmania and The University of Melbourne entitled 

“Linking landscape ecology and management to population viability analysis.” The project 

explores relationships between extinction risk and the amount and spatial configuration of 

habitat for a variety of forest-dependent, rare, threatened or sensitive species. These species 

encompass a broad taxonomic spectrum and include large variation in life history attributes and 

spatial and temporal habitat scales. A key outcome of the Tasmanian Regional Forest Agreement 

of the Commonwealth of Australia and the State of Tasmania in 1997 (RFA 1997) is a commitment 

to expand areas of plantation including some conversion of Tasmania’s native forest. The 

consequences of this plantation conversion for the maintenance of sensitive species needs to be 

quantified (RFA 1997) and PVA provides an appropriate methodology for the direct assessment 

of extinction risk (Burgman et al. 1993).  

This report details findings from PVAs for eleven species including three invertebrates, three 

plants, three mammals and two birds. Many of the species are endemic to northeast Tasmania, all 

are forest-dependent, and all are sensitive to anthropogenic disturbance to varying degrees. 

Previous research has indicated that they are likely to be adversely affected by plantation 

conversion, and PVA can assist in quantifying the magnitude of this threat and in the 

development of management options that may mitigate impacts. 

The framework for plantation expansion prescribed in the Tasmanian RFA is operational in 

Forestry Tasmania’s Tactical Plan that outlines plans for native forest harvesting and plantation 

conversion over the next ten years and beyond. Management scenarios based on this Tactical 

Plan are compared in terms of their impact on the average population sizes and the risk of 

decline and extinction. 

II. Introduction  

The primary objective of public land management is the maximisation of net social benefit 

(Ferguson 1996). In the context of Australian forest management, the most recent attempt to fulfill 

this objective was the Regional Forest Agreement (RFA) process. Operationally, RFAs involve the 

allocation of land units to particular management zones with attendant management priorities 

and strategies. Management zones include areas of reservation or forest protection, management 

of native forest, logging and re-establishment of native forest and conversion to plantation. While 
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the net area dedicated to formal reserves through this zoning approach is essentially fixed for the 

term of the agreement, there is some flexibility in the spatial and temporal arrangement of 

management zones.  

In 1997 a Regional Forest Agreement was established between the Commonwealth and 

Tasmanian Governments (RFA 1997) to fulfil their commitments to the National Forest Policy 

Statement for Tasmania. The four aspects agreed to involved: 

 the establishment of a comprehensive, adequate and representative (CAR) system of forest 

reserves, 

 the development and implementation of ecologically sustainable forest management (ESFM), 

 the development of an internationally competitive wood production and wood products 

industry, and 

 the promotion of the conservation and management of the private forest estate. 

From the perspective of biodiversity conservation, positive outcomes of the RFA have included 

an additional 293,300ha of forests being placed in reserves (RPDC 2002), and a commitment to 

ecologically sustainable forest management, within and outside reserves. However the removal 

of access to some of the resource base and the commitment to maintain and develop an 

internationally competitive industry has resulted in intensification of use in the areas which 

remain available for wood production. A major part of the intensification strategy has been to 

maximise wood production from plantations, and consequently to expand the plantation estate. 

In the five years to June 2001, some 56,000ha of new plantations were established Statewide to 

bring the total plantation estate to 195,300ha (RPDC 2002). Some establishment of new 

plantations has been on already cleared land, but the majority of the 16,000ha established on State 

owned land has occurred through the conversion of areas of native forest to plantation. 

The decision to expand the area of timber plantations is in accordance with the ‘2020 Vision’ of 

Ministerial Council on Forestry, Fisheries and Aquaculture in 1997. Whilst implementation has 

involved the conversion of substantial areas of native forest to plantation already, the plan 

requires still more plantation establishment. Native forest conversion has important implications 

for forest dependent wildlife because it affects landscape scale patterns of habitat availability and 

use. The principal criterion for identifying areas of native forest suitable for plantation 

establishment was potential timber productivity. As part of its commitment to ecologically 

sustainable forest management (ESFM), the State has been assessing the implications of 
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intensification of management in wood production forests. The landscape level impact of this 

intensification, particularly native forest conversion is a major concern for biodiversity 

conservation. Where biodiversity objectives are considered in concert with timber production 

values, the optimal spatial arrangement of plantation units may be substantially different.  

An urgent research priority identified by the Tasmanian RFA was the development of 

appropriate methodologies to deal with the issue of fragmentation of forest (RFA 1997). This 

research has a high priority because of the need to assess the impact of plantation expansion. 

Because the plantation program in Tasmania was recently implemented, the need for this 

research and for strategies to mitigate its effects is especially critical.  

Some researchers regard spatial configuration to be of minor importance to species persistence 

and the absolute amount of habitat to be more important (Boswell et al. 1998, Harrison and Bruna 

1999). In contrast, Forman (1995) advocates strong emphasis on the spatial configuration of land 

uses for conservation planning and provides prescriptions for retaining essential features of 

landscape structure and function. Although such prescriptions often form the basis of 

management decisions regarding the location of retained habitat, there is little empirical work to 

substantiate their effectiveness. Landscape metrics can characterise fragmentation by spatial 

analysis of retained patches and their connectivity. Studies employing mathematical indices to 

characterise spatial pattern often implicitly assume that patch structure and connectivity are 

directly related to extinction threat (e.g., Li and Reynolds 1993, Mladenoff et al. 1993). However, 

the ecological relevance of such metrics is yet to be satisfactorily demonstrated (Hargis et al. 1998) 

and there is no necessary relationship between habitat fragmentation indices and the likelihood 

of species extinction.  

Metapopulation theory does not uniquely define optimal spatial patterns for conservation. For 

example, while spatially aggregated patches may provide relatively high levels of inter-patch 

dispersal, such aggregation may be a sub-optimal strategy because it predisposes a 

metapopulation to elevated risks of decline as a consequence of spatially contagious catastrophes. 

In instances where consideration of such trade-offs for a given species can be resolved, there is 

little reason to suspect that the resulting management strategy, as described by the spatial 

configuration of particular land uses and zonings, will provide adequate or equitable 

conservation for all species of management concern. For instance, in the Pacific northwest of 

North America there is considerable debate among ecologists and forest managers about the 

adequacy of management plans arising from conservation measures introduced for the protection 

of the Spotted Owl. There is growing concern that the single species focus of conservation 

management is detrimental to a range of other forest dependant species and to the perpetuation 

of key ecosystem processes (Simberloff 1988, Swanson and Franklin 1992) 
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The most direct measure of management success in conserving biodiversity is the extent to which 

rare, threatened and sensitive species are expected to persist given a management scenario 

(Burgman et al. 1993). The probability of extinction or quasi-extinction over a specified time frame 

provides a means of establishing an ecological context for the description of forest fragmentation 

and the spatial configuration of habitat. PVA is the process of building models for the direct 

assessment of extinction risk (Burgman et al. 1993). PVAs can be made spatially explicit and 

incorporate information concerning the demographic attributes of a species, habitat preferences, 

dispersal between habitat patches and the occurrence of disturbance or catastrophes. Output 

from a PVA model is usually expressed as a probabilistic statement describing the likelihood of a 

decline in population size of a certain magnitude over a specified time horizon (Akçakaya and 

Sjogren-Gulve 2000). 

II.1 Modelling approaches 

There has been increasing emphasis on exploring species processes and responses to 

management through habitat models (Mulder et al. 1999, Voigt et al. 2000) where habitat 

relationships are assessed based on small-scale studies and expert opinion (e.g., Yahner 1992, 

Petranka et al. 1994). Predictions of the future distribution of habitat together with known habitat 

occupancy rates provide an approximation of the future abundance of a species under alternative 

management approaches (e.g., Gustafson et al. 2001). Such approaches are more appealing than 

simple structural indicators and abundance measurements because they make explicit use of 

available knowledge about requirements and thresholds of habitat attributes to make predictions 

about the local persistence of a species. Often these requirements incorporate forest structural 

attributes, but in a way that is more biologically meaningful than simply measuring the structural 

attributes themselves. However, these methods do not consider environmental and demographic 

stochasticity explicitly. Nor do they account for the spatial attributes of a species’ biology that 

may occur at broader scales such as dispersal dynamics and Allee effects. Consequently, these 

methods may be unable to capture the potential landscape-scale effects of forest management 

activities on habitat composition and configuration and temporal fluctuations in habitat 

occupancy that in turn affect population persistence (Andren 1994, McGarigal and McComb 1995, 

DesRochers and Hannon 1997, Schmiegelow et al. 1997).  

PVA models used within a meta-population framework can be used to address these additional 

concerns (Akcakaya et al. 1995, Lindenmayer and Possingham 1996, Burgman and Lindenmayer 

1998). They incorporate the dynamic consequences of migration among local populations and the 

conditions that lead to regional persistence of a species (Hanksi 1998). They provide a 

mathematical representation of the processes of births and deaths within populations and 

migration between populations, and allow predictions of population size over time by 
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incorporating information concerning the demographic attributes of a species, habitat 

preferences, dispersal between habitat patches and disturbances such as silviculture and fire.  

Meta-population models have been used widely in endangered species management (Boyce 1992, 

Akçakaya et al. 1995, Akçakaya and Atwood 1997) but not in more general management problems 

though the potential for such an application has been recognised (Burgman and Possingham 

2000). One of the most useful applications of metapopulation models in conservation 

management is the assessment of various management options and the impact they have on 

species persistence. It guides threatened species management by estimating the extinction 

probability associated with different management options that can then be ranked in order of 

impact on the species. (Lindenmayer et al. 1993, Possingham et al. 1993, Lindenmayer and 

Possingham 1996, Drechsler et al. 1998, Taylor et al. 2003). Predicting the response of a population 

to different management options reveals those strategies that have an adverse effect on a species’ 

persistence and those that will have little or no effect. The value of this lies in the ability to 

simulate and compare options that would not otherwise be possible due to available resources 

and feasibility.  

PVA has been described as any systematic attempt to understand the processes that make a 

population vulnerable to decline or extinction (Gilpin and Soulé 1986, Burgman and 

Lindenmayer 1998) and may be used to assess the likelihood that a population of a species will 

persist for some arbitrarily chosen time into the future, given a certain management regime 

(Shaffer 1990, Boyce 1992). It is an interactive process of model construction, parameterization, 

sensitivity analysis and validation (Akçakaya 2000, Burgman and Possingham 2000). While there 

is considerable uncertainty associated with using population viability models to predict actual 

risks of extinction (Taylor 1995, McCarthy et al. 1996, Beissinger and Westphal 1998, Fieberg and 

Ellner 2000), PVA models appear to be useful for predicting changes in population size and 

ranking the severity of the effect of different management strategies (Boyce 1992, Beissinger and 

Westphal 1998, McCarthy et al. 2003). The models allow the available data and information to be 

integrated in a manner that is comprehensive, explicit and repeatable, which then allows a 

transparent assessment of the consequences of different management strategies (McCarthy et al. 

in press). Moreover, it provides a means to incorporate available information about specific 

spatial and demographic requirements of species. Where such information exists, the meta-

population approach should provide a more sensitive comparison of the effects of management 

options than surrogates such as habitat and structural indicators. Alternatively, if demographic 

information is highly uncertain and parameter estimates have low precision, the influence of 

proposed management activities on habitat composition should dominate the predictions of the 

model and conclusions about the relative effects of activities on populations will be similar to 

those derived from habitat models or structural indicators. 



  10 

The development of a species meta-population structure involves the identification of habitat 

requirements including the finer scale dependencies derived from habitat studies (e.g., Yahner 

1992, Petranka et al. 1994) and the ecosystem stresses it is most likely to respond to. Meta-

population models may predict change in habitat attributes or structural indicators in a way that 

directly addresses the impact of such changes on populations of forest dependent species in 

terms of their probability of decline or loss.  

II.2 Objective 

Previous approaches to using habitat models and PVAs to explore management strategies 

typically suffer from the fact that applications are limited to one or two species. Often, these 

species are selected because of their social and cultural importance, rather than because of their 

ecological role or their utility as indicators of other elements of biodiversity. Another 

shortcoming is that usually little effort is devoted to translating model results to management 

strategies. The purpose of this study is to overcome inherent problems of previous single-species’ 

approaches by modelling extinction risk and risk of decline for a range of rare, threatened and 

sensitive species with varying life histories and ecological characteristics, for a range of plausible 

management scenarios. The project seeks to identify commonalities among the results that may 

guide planning and ongoing management. The process through which management decisions are 

made is regarded as intrinsic to the project. The collaboration between the University and 

Forestry Tasmania is essential for the realisation of this goal.  

III. Methods 

III.1 Study Area: Bass District 

The study area is situated in the northeast of Tasmania within the Bass District (Figure 1). It has 

an area of approximately 1 million hectares (ha) with 61% as either native forest or existing 

plantations on public and private lands. The Bass District ranges in elevation from the coast (0m) 

up to the northeast highlands, dominated by Ben Lomond (1,572m above sea level) in the 

southwest corner of the district. The average annual rainfall ranges from 500-1,800mm with 

temperatures ranging from an average minimum of –2º to 5.5ºC to an average maximum between 

12.2º to 24º C.  



  11 

 

Figure 1: Study Area: Bass District in northeast Tasmania. Dark patches indicate areas designated as 

available for native forest harvesting and/or plantation conversion. 

There is a wide range of forest types from the coast to the northeast highlands. Forest types along 

the coast consist of Eucalyptus pauciflora and Eucalyptus viminalis. Inland and along dry ridges, 

forests are dominated by E. amygdalina and E. obliqua, with an understorey of heath and shrubs. 

Wet forests and mixed forests are predominantly E. regnans, E. obliqua and E. delegatensis, with 

understoreys of shrubs, ferns, grasses or trees such as Acacia melanoxylon (blackwood), 

Atherosperma moschatum (sassafras) and Nothofagus cunninghamii (myrtle). In the highlands tree-

dominated vegetation is absent above 1,100m. Below this elevation forests are predominantly 

mixed forest of Eucalyptus delegatensis with Nothofagus cunninghamii. Rainforests are found in 

humid fire-shadow environments in deep gullies and on upland hills and plains and are 

dominated by sassafras and myrtle. Other vegetation types in the area are wetland communities, 

various heaths, buttongrass moorlands, scrub and native grasslands.  

Of the public forested area approximately 37% (approx. 230,000ha) is designated for either native 

forest harvesting or plantation conversion. There is a range of silvicultural options used for native 

forest harvesting in northeastern Tasmania, depending on the nature of the forest type being 

harvested (Peacock 1994, Hickey and Wilkinson 1999). Native forest harvesting in dry forests 

generally involves selectively harvesting with or without a cool burn. Native harvesting in wet 
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forest typically involves Clearfell, Burn and Sow (CBS) regimes (i.e., clearfelling followed by a 

high-intensity regeneration burn and aerial sowing). Converting areas to plantation involves the 

harvesting of all native forest and then windrowing and furrowing of the site prior to planting of 

seedlings.  

III.2 Selection of target species, literature review, and compilation of 
spatial and ecological data 

A total of eleven rare, threatened and sensitive species were selected (Table 1). The following 

factors were considered when deciding on species: 

 Longevity/Fecundity/Growth rate (all three largely correlated), 

 Dispersal ability, 

 Magnitude of fluctuations / “Natural” variability in population size, 

 Fire response / response to disturbance, 

 Extent of occurrence throughout study area (NE Tasmania), 

 “Public profile” of the species / interest to Forestry Tasmania, and 

 Availability of data. 

These factors can be used to represent species in a multi-dimensional space. The scope of the 

project (11 species) allows only a small fraction of the space to be sampled. Species were selected 

that differed from one another against these criteria. Species that were unlikely to be adversely 

affected by forestry operations were not considered. 

Published and grey literature describing the biology of selected species and their close relatives 

was compiled, as a precursor to model construction and parameterisation. Suitable expert(s) were 

identified and approached to participate in data collection and model building. Small, 

cooperative groups composed of modellers, experts, and land-use planners were then responsible 

for building, testing and verifying the spatial and population models developed for each species. 
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Table 1: Attributes of species selected for the study. All species are present in production forests in 

northeast Tasmania. 

 Endemic     Conservation statusa 
Tasmania      / Mainland 

Dispersal 
abilityb 

Area 
requirements
c 

Habitat 
requirements 

Mammals       

Spotted-tailed quoll            
(Dasyurus maculatus 
maculatus) 

No M V 4 5  

Ring-tailed possum 
(Pseudocheirus peregrinus) 

No . . 2 2 Hollow 
bearing trees 
(HBT), 
nests/dreys 

Birds       

Wedge-tailed eagle              
(Aquila audax fleayi) 

Yes V . 6 6 Nests 

Yellow-tailed black cockatoo
(Calyptorhynchus funereus 
xanthonotus) 

No . . 5 4 HBT 

Invertebrates       

Giant velvet worm      
(Tasmanipatus barretti) 

Yes R(S) . 1 1 Course Woody 
debris (CWD) 

Northeast forest snail     
(Anoglypta launcestonensis) 

Yes . . 2 2  

Simsons stag beetle     
(Hoplogonus simsoni) 

Yes V . 2 1 CWD 

Vascular plants       

Myrtle beech                     
(Nothofagus cunninghamii) 

No . . 2 1  

Epiphyte on Manfern 
(Polyphlebium venosum) 

No . . 2 1 Erect Dicksonia 
antarctica 

Non-vascular plants       

Liverwort                          
(Riccardia cochleata) 

No . . 2 1 CWD 

Aquatic       

Platypus               
(Ornithorhynchus anatinus) 

No . V 2 3  

a V=Vulnerable, R(S)=Rare susceptible, M=potentially vulnerable and requiring monitoring. Tasmanian status was 
according to the Threatened Species Protection Act (1995), and National (Mainland) status was according to the 
Endangered Species Protection Act (1992). 

b Dispersal ability are graded from very poor (1) to excellent (6). 

c Area requirements are graded from very small (1) to large (6). 
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III.3 Habitat Suitability Models (HSMs) 

HSMs describe the relationship between environmental variables and the likelihood of observing 

the species of interest (e.g., Pearce et al. 1994). Where data were available for the selected species, 

HSMs were developed using logistic regression (Elith 2000). These maps represent the gross area 

of suitable habitat available to each individual target species throughout a management time 

horizon, together with an assessment of the relative quality of habitat within its geographic 

limits. HSMs provided critical information for the delineation of habitat patch structure used in 

later analyses. In a few instances, HSMs were developed directly from a single mapped layer 

modified by expert judgement (e.g., for Myrtle, Chapter 4). ArcView and ARC INFO were used to 

generate a grid of predictions for species density. This involved a number a steps: 

 generating a raw species density prediction based on forest structure or environmental 

variables, 

 creating a union of this layer with the data layer ‘ForestClass2001’ to overlay information on 

disturbance history and the current forest mosaic, 

 removing unsuitable forest types, and non-forest (based on expert opinion), and 

 technical correction to remove spatial anomalies (e.g., hanging arcs) which cause problems 

when it comes to delineating habitat patches (using  “MajorityFilter” in ARC INFO).  

The outcome was a grid of species densities (limited to a grid size less than 5000x5000 cells, due 

to population modelling software limitations.). The geographic information was linked with 

RAMAS GIS (Akçakaya 1994), which was used to delineate a patch structure. This involved: 

 exporting the final grid of densities from ArcView as an ASCII data file, 

 opening RAMAS GIS and linking the ASCII file, and 

 identifying a number of spatial parameters within RAMAS GIS to delineate spatial habitat 

patches. 

The final habitat patch structure was exported from RAMAS GIS as an ASCII file of the patch 

structure. Headers identifying geographic position (xmin, ymin) and cell size (cellsize) were 

missing. xmin ymin, and cellsize were identified from the original grid in ArcView, creating a 

polygon coverage (outpoly) of habitat patches with the correct geographic position and scale. 
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Depending on the spatial parameters and the resolution of the spatial data, a number of discrete 

habitat patches was identified for each species. This spatial information on habitat patches was 

then linked with the population model, and was used to implement the anthropogenic 

disturbance regime (below). 

III.4 PVA models for target species 

Models for each species were built using the metapopulation PVA software RAMAS Metapop 

(Akçakaya and Root 1998). The software incorporates information describing dispersal, distances 

between patches of suitable habitat, the strength of environmental correlation between patches, 

disturbance events, and demographic attributes of the species of interest. In a few cases, to 

overcome computational overheads, models were confined to a sub-regional scale or 

management zones were collapsed into lower resolution classes. These adaptations are described 

on a case-by-case basis. 

Our approach to stochastic model-building includes the following steps sum: 

1. Develop a deterministic (mechanistic) model. 

2. Add stochastic elements to represent uncertainties. 

3. Add assumptions about dependencies. 

4. Use the stochastic model to estimate the statistical distribution of the result. 

5. Compare the result with reality and calibrate model structures and parameters. 

6. Conduct sensitivity analyses and evaluate management scenarios. 

7. Validate the model with independent data, monitor and update the model. 

Calibration is an iterative process of fitting and adjusting model parameters so that the model's 

output matches expectations and satisfies basic tenets of ecological plausibility. Often, after first 

specifying a model's structure and parameters, model forecasts generate output that is impossible 

or implausible. This forces the people who have constructed the model to reconsider model 

structure, the check the internal consistency of units and functional relationships, and to re-

evaluate they way they believe the system works. This is arguably the most valuable part of 

modelling for natural resource management. 
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Thus, calibration involves adjusting model parameters, structures and assumptions so that they 

fit available data and intuition. In essence, it represents the refinement of ideas. Sensitivity 

analysis, in contrast, involves calculating the magnitude and rank order of responses of 

consequences as a function of model parameters, assumptions, and model structure i.e., exploring 

assumptions and judgements. Validation involves comparing independent field observations 

with predictions i.e., testing ideas. 

The formalism of modelling ensures terms are fully specified and relatively free from ambiguity. 

These attributes do not guarantee that linguistic uncertainties and biases will not arise during risk 

communication and management, but they go some way towards acknowledging and alleviating 

the problems. 

Once a population model was built including parameters such as dispersal probabilities and 

current spatial configuration, the spatial data were linked to the population model in RAMAS 

GIS to create a spatially explicit population model.  

III.5 Applying PVAs to landscape scenarios 

Having constructed PVA models based on the best available information, the effect on the risk of 

extinction of varying the spatial location of management units was assessed for each species. The 

relative efficacy of the spatial configuration proposed in the Tasmanian RFA was described. In 

developing and exploring options, consistent spatial optima were sought that may have been 

applicable across the range of species life histories and disturbance response mechanisms. 

Anthropogenic disturbance regimes associated with Forestry Tasmania’s Tactical and Strategic 

planning were implemented using ArcView and ARC INFO. Scenarios were subject to 

incrementally increasing levels of anthropogenic disturbance from no disturbance to native forest 

harvesting and plantation conversion. Five scenarios were used for most species, although a sixth 

was included for the invertebrates (see Chapters 1, 2 and 3).  

Disturbance responses and management scenarios from Forestry Tasmania’s 10-year Tactical 

Plan were used to parameterise a dynamic habitat disturbance module written in C++ 

programming language. The disturbance module was designed to interface with RAMAS 

Metapop and manipulated carrying capacity files at each iteration according to deterministic 

anthropogenic disturbance and stochastic wildfire events. Six management scenarios were used 

to define anthropogenic disturbance patterns based on Forestry Tasmania’s Tactical Plan as 

detailed below. The various disturbance scenarios assumed that plantation development and 

native forest harvesting proceeded on schedule as detailed in the Tactical Plan. Scenario 1 
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through 6 were subject to stochastic wildfires, in addition to increasing levels of anthropogenic 

disturbance as detailed below. 

Scenario 1: No disturbance. 

Current habitat remains free of anthropogenic disturbance through the projection period. 

Scenario 2: Native forest harvesting in active coupes. 

Habitat is subject to native forest harvesting in active coupes, with harvesting years identified 

from Forestry Tasmania’s Tactical Plan. Native forest coupes identified for strategic harvesting 

were harvested between 2011 and 2020. The harvesting of non-tactical, non-strategic coupes was 

inferred from the current age of the forest. Where large tracts of forest became available for 

harvest at the same time, harvesting was staggered through the projection period as would likely 

occur in reality. Native forest coupes were harvested on an 80-year rotation.  

Scenario 3: Native forest harvesting and Tactical (next 10 years) plantation conversions and 

conversion on private land where suitable. 

Coupes scheduled for Tactical plantation conversion were converted on time as prescribed in 

Forestry Tasmania’s 10-year Tactical Plan. This scenario assumes that plantation conversion will 

cease after 2011. All other active coupes were subject to native forest harvesting on an 80-year 

rotation on the same schedule as used in scenario 2. The disturbance regime for scenario 3 can be 

seen in Figure 1.3. 

Scenario 4: Native forest harvesting and Tactical/Strategic (next 20 years) plantation 

conversions and conversion on private land where suitable. 

All coupes scheduled for Tactical plantation conversion before 2011 and coupes scheduled for 

strategic plantation conversion after 2011 were converted. For strategic plantations, the timing of 

conversion was staggered between 2011 and 2020. Other active coupes were subject to native 

forest harvesting on an 80-year rotation on the same schedule as used in scenario 2.  

Scenario 5: Native forest harvesting and all RFA plantation conversions on public land and 

conversion on private land where suitable. 

In addition to the Strategic and Tactical plantings of scenario 4, all active coupes identified as 

suitable for plantation conversion using the following methodology were converted. An 

assessment of areas suitable for conversion to Eucalytpus nitens, Eucalyptus globulus, and Pinus 

radiata plantation was made as part of the Tasmanian RFA (Public Land Use Commission 1996), 
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and was based on environmental attributes. When more than 50% of the area of a coupe was 

identified as suitable for conversion in the RFA assessment, it was scheduled for conversion 

before 2020. The intention of including this additional plantation conversion was to evaluate to 

effectiveness of biodiversity spines in the maintenance of conservation values. Biodiversity spines 

are incorporated in the current Tactical Plan as tracts of native forest excluded from plantation 

conversion. In this scenario, areas comprising biodiversity spines are subject to plantation 

conversion where suitable. Active coupes identified as unsuitable for conversion were subject to 

native forest harvesting on an 80-year rotation.  

Scenario 6: (Invertebrates Only) Plantation conversion on public and private land where 

suitable 

This scenario prescribes the greatest level of habitat disturbance with all suitable coupes on 

public land, and all suitable areas of private land converted to plantation. All plantation 

conversion was assumed to occur before 2020. When more than 50% of the area of a habitat patch 

located on private land was identified as suitable for conversion in the RFA assessment (Public 

Land Use Commission 1996), it was scheduled for conversion before 2020.  

Graphical representations of the above scenarios are provided in Chapter 1 on the Simson’s Stag 

Beetle. To model planned disturbance, a GIS layer was developed detailing a disturbance regime 

for all active coupes and private land in Northeast Tasmania. This included a prescription for 

native forest harvesting and plantation conversions from Forestry Tasmania’s Tactical Plan. 

Native forest harvesting beyond 2010 was estimated according to forest age from the data layer 

‘FC2001’, i.e., assuming an 80-year rotation. Plantations identified in the strategic plan between 

2010 and 2020 were distributed randomly among suitable potential sites. RFA prescriptions for 

plantation conversion were included where plantation suitability was coded as either ‘1’ or ‘2’ 

over more than 50% of the area of the coupe.  

A GIS layer for conversions on private land was also constructed by merging private tenures with 

plantation suitability grids. This layer was then overlain with a lattice of 10ha cells (1000 x 1000m) 

to ensure that conversions were realistic. 10ha cells found to be appropriate for conversion 

(plantation suitability=1 for more than 40% of the coupe) were randomly assigned a conversion 

date between 2001 and 2020, with an equal number of conversions in each year. 

An overall GIS layer for anthropogenic disturbance was created (g:\esri\workspace\anthrop-

disturbance.shp). This was applied to all species in the study. The union of this layer (‘anthrop-

disturbance’) with the (RAMAS exported) patch structure (‘outpoly’) gave the disturbance regime 

(‘speciesdisturbance’) affecting the species. The gridcode column identified the patch number. All 
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gridcodes=0 were removed as they represent unsuitable habitat on the inside of patches. The 

remaining information was a GIS layer detailing the disturbances affecting each habitat patch. 

III.6 Combining PVAs with disturbance models 

Disturbance response functions for each species were developed as part of the individual-species 

modelling. They included responses to sequential native forest harvesting (clearfall logging and 

selective logging), plantation conversion, and natural wildfire. For examples see the models for 

the different species. 

A carrying capacity file was created for each habitat patch to inform RAMAS Metapop of 

deterministic changes over time in the available habitat due to disturbance. The basis of these 

files was the information table associated with the ‘species_disturbance’ GIS layer. This table was 

exported from ArcView as a comma-delimited file that could then be opened in Excel. This table 

contained all information on disturbances affecting each patch. The file contained a row for each 

patch depicting the change in carrying capacity over the 200-year projection period. Each column 

of 200 numbers (reflecting changing carrying capacity over time) was saved as an independent 

text file called AopX.kch, where X is the population number. This process was repeated for each 

different scenario. For the three invertebrates, habitat patches were delineated at the coupe level, 

and therefore every habitat patch had its own disturbance regime.  

III.7 The stochastic fire regime 

Stochastic wildfire events overlay all scenarios. The incidence of fires was modelled using the 

correlated fire model of McCarthy and Lindenmayer (1998), (see also McCarthy and 

Lindenmayer 1999). This modelled the incidence of fire as a set of spatially correlated random 

events. The frequency and extent of wildfires were estimated using Forestry Tasmania’s 

Continuous Forest Inventory fire history records, in which the date of fires within survey plots 

were recorded. The mean time between fires was estimated as the total time over which the plots 

were surveyed (summed for all plots) divided by the number of records of fires within plots. 

Within wet eucalypt forest, areas of suitable habitat were burnt on average once every 100 years. 

In dry eucalypt forest, areas of suitable habitat were burnt on average once every 40 years. 

Wildfires in dry eucalypt forest also tended to be of smaller extent than those in wet forest. To 

ensure that wildfires had the correct spatial structure, a spatial correlation function was 

parameterised for wet and dry eucalypt forest, describing how the correlation in the incidence of 

fire declines with distance between points. See individual species sections for further information. 
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The correlated fire model was used to simulate random fires within RAMAS Metapop patches. 

Patches larger than 20ha were represented as a collection of adjacent equal-sized cells to allow 

partial burning of patches. The number of cells used to represent each patch was such that cells 

were not larger than 20ha. In these patches, the habitat quality was assessed as the average of 

each patch. A separate executable program was written for each species to modify the 

appropriate KCH files used by RAMAS Metapop. The most important change for each species 

was modifying its temporal response following fire disturbance. The program read the location 

and size of the patches from the appropriate *.mp file, read in the kch files depicting 

anthropogenic disturbance (AopX.kch), randomly simulated the incidence of fire, modified 

carrying capacities for a stochastic fire regime, and wrote the results to the appropriate KCH file 

(PopX.kch). These procedures were embedded within an iterative script that ran the appropriate 

programs from an MS-DOS prompt. Another C++ program was written (CombineMP4.exe) that 

combined the individual runs for each stochastic fire regime. 

This approach provided a realistic stochastic wildfire regime through the projection period that 

was resampled for each iteration of the population model. Results from many iterations of the 

population model reflect the continuum of stochastic disturbance scenarios from large 

catastrophic wildfire events through to an absence of fire, and facilitate a realistic assessment of 

viability in the fire prone environments of northeast Tasmania. 
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1.1 Summary 

A spatially-explicit metapopulation model for the threatened Tasmanian stag beetle, Hoplogonus 

simsoni was constructed. The entire range of the beetle was modeled with 493 habitat patches 

spanning its known range in northeast Tasmania. Population models were implemented in the 

context of management scenarios based on Forestry Tasmania’s Tactical plan and provided an 

exploration of their consequences in terms of predicted mean population size and risks of decline.  

Six management scenarios depicting increasing levels of plantation conversion resulted in 

projected population declines after 100 years, ranging from 8 to 38%. The magnitude of 

population decline was consistently proportional to the net amount of habitat lost to plantation 

conversion indicating that the net decline can be directly manipulated by adjusting habitat lost. 

Habitat quality was also important because the density of H. simsoni varied greatly across its 

range, from 12 900 beetles/ha in optimal habitat to 700 beetles/ha in marginal habitat.  

The scenarios of most interest were those depicting tactical (in the next 10 years) and strategic 

(between 10 and 20 years) plantation conversion as detailed in the current management plan. 

Within the next 10 years, these scenarios resulted in a population decline of 15.4%; the mean 

population size was 27.5 million compared to 32.5 million when disturbances were excluded. 

This is driven by the permanent loss of habitat to plantation conversion (1 780ha or 9.5% of total 

habitat) and the temporary loss of habitat to native forest harvesting (933ha or 6.8% of the total 

habitat). Within the next 10-years there is a probability of 0.54 that projected population decline 

will exceed 20% at least once under the current management plan. Therefore, although the mean 

tendency indicated a 15% decline, larger temporary declines can be expected if some of the more 

extreme circumstances depicted in the model (such as large wildfires) eventuate. This may be an 

acceptable risk for a highly abundant species under no measurable risk of extinction, so long as 

no additional factors add to or interact with these expectations. Under the current model 

parameterisation, scheduled plantation conversions detailed in Forestry Tasmania’s Tactical Plan 

satisfy the caveat that population projections for H. simsoni should not decline by more than 20% 

in the next 10 years, although a decline of this magnitude can be expected if a large wildfire 
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exacerbates anthropogenic disturbance. Despite these expectations of a decline, the current 

Tactical Plan does not threaten the long-term viability of H. simsoni.  

Over a longer time horizon, the population trajectory for tactical plantations stabilised at 15% net 

decline and a cyclical tendency of decline (20% decline in troughs) and recovery (10% decline in 

crests) was observed corresponding to an uneven temporal distribution of native forest 

harvesting. A 10% decline in the crests of the tendency mirrors the amount of habitat 

permanently lost to plantation conversion (9.5% of the total area). A risk analysis revealed that 

the risk of extinction was negligible and the risk of decline to small total population sizes (e.g., 15 

million) was relatively small (e.g., 0.13) in the context of the current Tactical Plan. When strategic 

plantations (scheduled for establishment between 10 and 20 years) were also included, the 

population trajectory stabilised at 17% net decline, accompanied by only a small risk of declining 

to small populations sizes (e.g., 0.13 probability of declining to 15 million). 

1.2 Introduction 

Few insects attract conservation effort. They are estimated to comprise 65% of all species, and are 

dominated by the beetles that are estimated individually to comprise 25% of all species (Burgman 

and Lindenmayer 1998). Their importance in maintaining ecosystem function belies this neglect. 

Often, conservation efforts are impeded by lack of knowledge. In contrast, extensive field 

sampling for H. simsoni has yielded good knowledge of population extent and characteristics (e.g., 

Meggs 1996, 1997), providing a relatively sound basis for population viability analysis.  

Simsons stag beetle is the largest lucanid beetle in Tasmania, and is endemic to north east 

Tasmania with a restricted distribution of 250km2. It is considered the finest of a rich and highly 

endemic Tasmanian lucanid fauna (Meggs 1996), the males having exceptionally enlarged, 

elongated mandibles and humeral spines on the elytra. These unusual characters led to the 

construction of a new genus, Hoplogonus, to which two more rare beetles, Bornemisszas stag 

beetle (H. bornemisszai) and Vanderschoors stag beetle (H. vanderschoors) have recently been 

added (Bartolozzi 1996a, 1996b). Adult H. simsoni do not feed but spend their time wandering 

amongst leaf litter in search of mates. An edaphic larval stage forms part of the diverse soil-

dwelling invertebrate fauna important in the maintenance of soil structure and fertility. 

Simsons stag beetle is classified as vulnerable under the Tasmanian Threatened Species Protection 

Act 1995 due to its restricted distribution and the potentially adverse effects of forestry practices 

within its range. However, conservation management planning for Simsons stag beetle allows for 

the conversion of native forest to plantation within its range subject to the caveat that the 
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projected population should not decline by more than 20% over the next 10 years. This is despite 

findings that conversion to plantation will result in local extinctions (Meggs 1997). Identifying 

areas of native forest suitable for plantation conversion within the beetle’s range has involved the 

integration of timber productivity and conservation issues. To minimise adverse effects, 

plantation conversion has been minimised in areas predicted as having high densities of H. 

simsoni. The construction of population models can assist in quantifying the effectiveness of this 

strategy and implications for extinction risk. It can also explicitly quantify the risk of populations 

declining by more than 20% in the next 10 years. 

1.3 Methods 

1.3.1 Habitat model 

Initially, habitat models describing the extent and abundance of Simsons stag beetle in northeast 

Tasmania were sought. The ‘frequency of occurrence’ model of Meggs (1997) was identified as a 

suitable model. A predictive GIS surface for the habitat model was used to delineate a patch 

structure whereby suitable habitat was broken into discrete patches using RAMAS GIS 

(Akçakaya and Root 2002). Because disturbances associated with plantation conversion and 

native forest harvesting occurred at the level of Forestry Tasmania coupes, habitat patches were 

further delineated by coupe boundaries, to facilitate a consistent disturbance regime within 

patches. This division of habitat patches according to the coupe structure was achieved using a 

buffering algorithm in ARC INFO. The final metapopulation structure resulting from the 

frequency of occurrence model (Meggs 1997) and delineated into coupes is shown in Figure 1.1 

and consisted of 493 discrete habitat patches comprising an area of 17,173ha. The varying density 

of Simsons Stag beetle across its range can also be observed in Figure 1.1 (values are extracted 

from Meggs 1997). The current range of H. simsoni consists of a mosaic of forest ages due to 

previous disturbance from forestry activities. The structure of this mosaic was extracted from 

Forestry Tasmania’s Forest Class 2001 GIS layer and an approximate forest age was associated 

with each of the 493 habitat patches. The age of each patch was used to adjust initial density 

according to the rate of habitat recovery after disturbance from native forest harvest (see the 

disturbance dynamics described below). With a predicted habitat extent as described above, and 

previous anthropogenic disturbance taken into account, the initial, current population size of H. 

simsoni was estimated at just over 39 million (39,269,047). This is marginally smaller than an 

estimated current population of 45 million (J. Meggs unpubl. data). The difference is due to recent 

plantation conversions, which were excluded as suitable habitat in the current model (see 

disturbance dynamics), and the use of 10m buffers to physically delineate coupes. 
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Figure 1.1: Habitat model based on Meggs (1997) with predicted beetle densities. Light patches represent 

beetle densities of 700 beetles/ha, grey patches represent approximately 1,900 beetles/ha and black 

patches represent high density areas with approximately 12,000 beetles/ha.  

1.3.2 Life history attributes 

Information on life history, dispersal ability and response to the habitat disturbance associated 

with plantation establishment and native forest harvesting was gathered from the literature and 

personal communications. Life history and dispersal information was used to parameterise a 

metapopulation model using the population viability analysis software RAMAS Metapop 

(Akçakaya and Root 1998). 

H. simsoni is a long-lived beetle with a larval stage lasting up to two years and an adult lifespan in 

the range of one to two years (Meggs 1997). Females lay between 10 and 20 eggs seasonally (P. 

McQuillan pers. comm.). Mortality is likely to be highest in the larval stage with larvae being 

attractive food for a range of below and above-ground fauna. Given these observations on 

longevity, mortality and fecundity, a stage-based model was specified based on larval and adult 

life stages. Survivorship for the larval life stage was 0.5, with 0.25 remaining as larvae in the next 

year and 0.25 becoming adults, resulting in an average residency in the larval life stage of 1.33 

years, and few larvae surviving beyond 2 years. Survivorship for the adult life stage was 0.33, 
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resulting in an average residency of 1.5 years, and few adults surviving beyond 3 years. 

Fecundity was restricted to the adult life stage and was estimated at 5 larvae per adult per year. 

This population structure resulted in a larvae to adult ratio of 4:1. These life history parameters 

correspond with field observations on the species (J. Meggs unpubl. data) and expert opinion (P. 

McQuillan and G. Bornemissza pers. comm.). The following stage matrix was specified.  









33.025.0
0.525.0

  (1.1) 

The above stage matrix resulted in a population replacement rate of 1.4. At each time step of the 

simulation, the fecundity and survival rates were sampled from lognormal distributions with 

mean values as shown in (1.1) and standard deviations of 5% of the mean for survival rates and 

1% of the mean for fecundity rates. It was assumed that H. simsoni exhibits scramble competition 

implemented with a Ricker function (Ricker 1975). This function models the situation where 

resources are shared equally among individuals. When the population size increases, the amount 

of resources available for each individual declines. The population size is likely to grow 

exponentially at low population sizes. If the population size exceeds the carrying capacity, the 

vital rates for each time-step are adjusted downward such that the finite rate of increase is equal 

to the Ricker function of the abundance from the previous time-step (Akçakaya and Root 1998).  

H. simsoni’s dispersal abilities are limited, and may be in the order of 100-200m for an individual 

in its life-time (Meggs 1997). To characterise these dispersal dynamics, it was assumed that 

beetles only dispersed from habitat patches when located within 20m of the patch edge. This is 

consistent with Baars (1979), who found that an annual dispersal rate of 20m was appropriate for 

a similar sized Carabid beetle. The proportion of potential dispersers was calculated as the ratio 

of areas within 20m of the patch edge to the total area of the patch. Dispersing beetles were 

assumed to be capable of an annual maximum dispersal of 100m (again consistent with the 

findings of Baars 1979). The chance of successful dispersal to a neighbouring patch was calculated 

using the model developed for ALEX, a PVA model for spatially structured populations 

(Possingham and Davies 1995). The probability of arriving at neighbouring patches located 

within 100m was calculated as the angle cast from the centre of the departure patch to either side 

of the arrival patch. This model also assumes that the chance of successful dispersal declines as a 

function of the distance between habitat patches. Given this model, larger patches located in 

proximity gathered more successfully dispersing beetles than smaller more distant patches for 

which high dispersal mortality would be associated (Possingham and Davies 1995). This model is 

consistent with previous research on beetle dispersal (Den Boer 1977, Baars 1979). The dispersal 
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dynamics among the 493 populations of H. simsoni were implemented using C++ code that 

informed RAMAS Metapop of beetle movements during runs of the population model. 

1.3.3 Disturbance dynamics 

Disturbance responses and management scenarios from Forestry Tasmania’s 10-year Tactical 

Plan were used to parameterise a dynamic habitat disturbance module written in C++ 

programming language. The disturbance module was designed to interface with RAMAS 

Metapop and manipulated carrying capacity files at each iteration according to deterministic 

anthropogenic disturbance and stochastic wildfire events. Six management scenarios were used 

to define anthropogenic disturbance patterns based on Forestry Tasmania’s Tactical Plan as 

detailed below. The various disturbance scenarios assumed that plantation development and 

native forest harvesting proceeded on schedule as detailed in the Tactical Plan. Scenario 1 

through 6 were also subject to stochastic wildfires. 

Scenario 1 - No disturbance 

Current habitat remains free of anthropogenic disturbance through the projection period. 

Scenario 2 - Native forest harvesting 

Habitat is subject to native forest harvesting in active coupes, with harvesting years identified 

from Forestry Tasmania’s Tactical Plan. Native forest coupes identified for strategic harvesting 

were harvested between 2011 and 2020. The harvesting of non-tactical, non-strategic coupes was 

inferred from the current age of the forest. Where large tracts of forest became available for 

harvest at the same time, harvesting was staggered through the projection period as would likely 

occur in reality. Native forest coupes were harvested on an 80-year rotation. The disturbance 

regime for scenario 2 can be seen in Figure 1.2. 
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Figure 1.2: Anthropogenic disturbance associated with scenario 2. Grey areas represents habitat harvested 

for native forest regeneration and green areas represent undisturbed beetle habitat.  

Scenario 3 - Tactical plantation conversion 

Coupes scheduled for Tactical plantation conversion were converted on time as prescribed in 

Forestry Tasmania’s 10-year Tactical Plan. This scenario assumes that plantation conversion will 

cease after 2011. All other active coupes were subject to native forest harvesting on an 80-year 

rotation on the same schedule as used in scenario 2. The disturbance regime for scenario 3 can be 

seen in Figure 1.3. 
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Figure 1.3: Anthropogenic disturbance associated with scenario 3. Grey areas represent beetle habitat 

designated for native forest harvesting, black areas represent habitat designated for plantation development 

and green areas represents undisturbed habitat.  

Scenario 4 - Strategic and Tactical plantation conversion 

All coupes scheduled for Tactical plantation conversion before 2011 and coupes scheduled for 

strategic plantation conversion after 2011 were converted. For strategic plantations, the timing of 

conversion was staggered between 2011 and 2020. Other active coupes were subject to native 

forest harvesting on an 80-year rotation on the same schedule as used in scenario 2. The 

disturbance regime for scenario 4 can be seen in Figure 1.4. 
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Figure 1.4: Anthropogenic disturbance associated with scenario 4. Grey areas represent beetle habitat 

designated for native forest harvesting, black areas represent habitat designated for plantation development 

and green areas represents undisturbed habitat. 

Scenario 5 - All suitable coupes subject to plantation conversion 

In addition to the strategic and Tactical plantings of scenario 4, all active coupes identified as 

suitable for plantation conversion using the following methodology were converted. An 

assessment of areas suitable for conversion to Eucalytpus nitens, Eucalyptus globulus, and Pinus 

radiata plantation was made as part of the Tasmanian RFA (Public Land Use Commission 1996), 

and was based on environmental attributes. When more than 50% of the area of a coupe was 

identified as suitable for conversion in the RFA assessment it was scheduled for conversion 

before 2020. The intention of including this additional plantation conversion was to evaluate to 

effectiveness of biodiversity spines in the maintenance of conservation values. Biodiversity spines 

are incorporated in the current Tactical Plan as tracts of native forest excluded from plantation 

conversion. In this scenario, areas comprising biodiversity spines are subject to plantation 

conversion where suitable. Active coupes identified as unsuitable for conversion were subject to 

native forest harvesting on an 80-year rotation. The disturbance regime for scenario 5 can be seen 

in Figure 1.5. 
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Figure 1.5: Anthropogenic disturbance associated with scenario 5. Grey areas represent beetle habitat 

designated for native forest harvesting, black areas represent habitat designated for plantation development 

and green areas represents undisturbed habitat. 

Scenario 6 - All suitable public and private land subject to plantation conversion 

This scenario prescribes the greatest level of habitat disturbance with all suitable coupes on 

public land, and all suitable areas of private land converted to plantation. All plantation 

conversion was assumed to occur before 2020. When more than 50% of the area of a habitat patch 

located on private land was identified as suitable for conversion in the RFA assessment (Public 

Land Use Commission 1996), it was scheduled for conversion before 2020. The disturbance 

regime for scenario 6 can be seen in Figure 1.6. 
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Figure 1.6: Anthropogenic disturbance associated with scenario 6. Grey areas represent beetle habitat 

designated for native forest harvesting, black areas represent habitat designated for plantation development 

and green areas represents undisturbed habitat. 

The scale, regularity, and spatial correlation characteristic of wildfire events was calibrated from 

the fire history records of Forestry Tasmania’s Continuous Forest Inventory (CFI). A separate 

calibration was conducted for dry and wet eucalypt forest from CFI plots located in northeastern 

Tasmania. Further details of the methodology can be found in McCarthy and Lindenmayer 

(1998). For wet eucalypt forest a mean fire interval of approximately 100 years was identified. 

This fire interval is the same as that identified by McCarthy and Lindenmayer (1998) for Victorian 

Eucalyptus regnans forest and was used for populations located in wet eucalypt forest. A spatial 

correlation function was also parameterised from Forestry Tasmania’s CFI and was used to 

ensure that the incidence of fire exhibited the correct spatial structure. The spatial correlation 

function also effectively defined the average scale of fires. For populations located in rainforest, a 

mean fire interval of approximately 400 years was used, and the spatial correlation function 

calibrated for wet eucalypt forest was adopted. There was inadequate information for a formal 

calibration in rainforest, and an estimated frequency of 400 years was drawn from expert opinion 

(M. Brown and K. Bonham pers. comm.). Stochastic fires were implemented by dividing the 

habitat of H. simsoni into 4ha cells and drawing a spatially correlated Bernoulli random number 

(with a probability of a cell burning set to achieve an average fire interval of either 100 or 400 
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years) for each cell to stochastically determine the incidence of wildfire. The risk of fire is likely to 

vary with time since the last fire, and therefore the probability of any cell burning was also a 

function of the time since fire as described by the litter accumulation curve of (2). This 

methodology resulted in a realistic stochastic wildfire regime through the projection period that 

was re-sampled for each iteration of the population model. Results from many iterations of the 

population model will reflect the continuum of stochastic disturbance scenarios from large 

catastrophic wildfire events through to an absence of fire, and will facilitate a realistic assessment 

of viability in the fire prone environments of northeast Tasmania. 

Native forest harvesting and stochastic wildfires were assumed to render the habitat unsuitable 

for H. simsoni immediately after the event. Recovery of the habitat was assumed to follow the 

build up of leaf litter (Meggs 1997, p.62). This recovery was captured using a model describing 

the accumulation of fuel proposed by Olson (1963). The function was parameterised as detailed in 

(1.2) and provided asymptotic habitat recovery (70% recovered after 10 years, 90% recovered 

after 20 years): 

teR 12.01 −−=   (1.2) 

where R is the proportion of recovery, i.e., R=1 is fully recovered, and t is the time since 

harvesting. The value of 0.12 was obtained by fitting function (1.2) to data for litter accumulation 

rates in Eucalyptus regnans (McCarthy et al. 1999, Polglase and Attiwill 1992).  

The application of this recovery function is shown in Figure 1.7 with a population trajectory for a 

harvested coupe. The trajectory also includes a box and whisker plot with boxes indicating 1 

standard deviation either side of the mean and whiskers indicating extreme values. It can be 

noted that beetle density increases asymptotically after native forest harvesting as fuel 

accumulates and beetles disperse into the recovering habitat. It can also be noted that there is no 

decline over subsequent harvesting events, indicating that under the current population model, 

H. simsoni is robust to sequential native forest harvesting events. The lower whisker on the 

trajectory is at zero after harvesting indicating that for some (albeit few) iterations H. simsoni has 

failed to successfully recolonise the coupe. However, for a great majority of the iterations, H. 

simsoni is successfully recolonising the coupe, and this was consistently observed for coupes 

subject to native forest harvesting in the simulations. 
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Time 

Figure 1.7: Trajectory summary for a coupe subjected to native forest harvesting 

An important assumption is that softwood and hardwood plantations constitute unsuitable 

habitat for Simsons Stag beetle. Therefore, once an area was converted to plantation it became 

and remained unsuitable habitat. Meggs (1997) indicated that softwood plantation constituted 

unsuitable habitat for the species, however, the suitability of hardwood plantation is unknown. It 

is appropriate to test the assumption that hardwood plantation is unsuitable. A before-after study 

monitoring the impacts of plantation conversion on H. simsoni populations is currently underway 

(Munks et al. unpubl. data) and findings will be incorporated in the future.  

The six management scenarios resulted in increasing habitat disturbance from native forest 

harvesting and plantation conversion. The percentage of the total habitat area and total 

population (encompassing the varying density of H. simsoni across its range) subject to the 

various disturbances are detailed in Tables 1.1 and 1.2 respectively. 
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Table 1.1: Percentage of habitat area subject to disturbance  

Management 
Scenarios 

Plantation 
conversion 

Native forest 
harvesting 

Free from 
disturbance 

Scenario 1 0 0 100 

Scenario 2 0 35.9 64.1 

Scenario 3 9.5 26.4 64.1 

Scenario 4 11.7 24.2 64.1 

Scenario 5 27.9 8.0 64.1 

Scenario 6 29.9 8.0 62.1 

 

Table 1.2: Percentage of population subject to disturbance  

Management 
Scenarios 

Plantation 
conversion 

Native forest 
harvesting 

Free from 
disturbance 

Scenario 1 0 0 100 

Scenario 2 0 47.5 52.5 

Scenario 3 8.6 38.9 52.5 

Scenario 4 11.6 35.9 52.5 

Scenario 5 38.1 9.4 52.5 

Scenario 6 41.0 9.4 50.4 

 

1.4 Results 

1.4.1 Mean tendency 

10-year time horizon 

The threatened species criterion relevant to H. simsoni states that a projected population reduction 

(due to a known agent of decline) of more than 20% for the next 10 years is unacceptable. Given 

Forestry Tasmania’s 10-year Tactical Plan, which schedules disturbances from native forest 

harvesting and plantation conversion within the next 10 years, we can examine the consequences 

of these scheduled disturbances on projected population size. The population model was applied 

to the selected habitat model for H. simsoni and was run over a 10-year time horizon in the 

context of the six management scenarios described above. The projected population trajectories 
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can be seen in Figure 1.8. The magnitudes of projected population declines were calculated 

relative to scenario 1, and are listed in Table 1.3. 

 

Figure 1.8: Trajectory summary for each scenario over 10 years. Solid line indicates the mean trajectory for 

each scenario; dashed lines for scenarios 2-6 indicate the no disturbance trajectory. Black vertical lines 

represent standard deviations and grey vertical lines represent extreme values. 

Table 1.3: Percentage of habitat area subject to disturbance and population decline relative to scenario 1 

after 10 years 

Management 
Scenarios 

Plantation 
conversion 

Native forest 
harvesting 

% decline relative to 
Scenario 1 

Scenario 1 0 0 0 

Scenario 2 0 6.8 8.2 

Scenario 3 9.5 6.8 15.4 

Scenario 4 9.5 6.8 15.4 

Scenario 5 19.4 6.8 29.3 

Scenario 6 21.5 6.8 31.9 
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The declines in projected population size apparent in Figure 1.8 and Table 1.3 reflect the 

permanent and non-permanent removal of suitable habitat associated with plantation 

development and native forest harvesting respectively. Increasing levels of disturbance result in 

larger declines in projected population size. Table 1.3 indicates that the magnitude of decline 

corresponds to the total area subject to disturbance. Over a 10-year time horizon, disturbance 

from native forest harvesting and conversion to plantation result in population extinctions in the 

affected coupes. Coupes regenerated to native forest will become re-occupied over longer time 

periods as habitat suitability recovers and beetles disperse from nearby coupes. Coupes subject to 

plantation conversion become permanently unsuitable, and local extinctions are permanent 

rather than temporary. 

Of the six management scenarios, scenarios 3 and 4 most accurately reflect expected management 

actions over the next 10 years. Within the next 10 years, both scenarios prescribe an equivalent 

amount of Tactical plantation conversion and native forest harvesting. Plantation conversion is 

assumed to cease after 10 years in scenario 3. Scenario 4 includes some additional plantation 

conversion scheduled for between 10 and 20 years in the future. These scenarios constitute the 

current management agreement for H. simsoni, derived as compromises of timber productivity 

and conservation issues. Examination of projected trajectories revealed a population decline in 

the order of 15% at 10 years. Despite this decline, the projected population is sizeable, consisting 

of 27.5 million beetles. This population decline is driven by the loss of 2,713ha of suitable habitat, 

which constitutes 15.8% of the total habitat. Of this, 1,780ha of suitable habitat (9.5% of the total) 

is permanently lost to plantation establishment, while 933ha (6.8% of the total) is temporarily lost 

to native forest harvesting. It should be noted that these losses of habitat are the worst-case 

scenario. Generally, the actual area subject to native forest harvesting is discounted by 10% due to 

the retaining wildlife habitat strips and for operational issues. Similarly, the actual area subject to 

plantation establishment may be discounted by up to 35% subject to establishment and 

productivity issues.  

The current Tactical Plan, captured in scenario 3, satisfies the caveat that the projected population 

should not decline by more than 20% over the next 10 years. To provide a more complete 

assessment of population viability in the context of management scenarios we need to examine 

population projections and extinction risk over longer time horizons. 

100-year time horizon 

Population models were run over a 100-year time horizon in the context of the six management 

scenarios resulting in the projected population trajectories of Figure 1.9. The magnitude of 

projected population declines were calculated relative to scenario 1, and are listed in Table 1.4. 
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Figure 1.9:Trajectory summary for each scenario over 100 years. Solid lines indicate the mean trajectory for 

each scenario; dashed lines for scenarios 2-6 indicate the no disturbance trajectory. Black vertical lines 

represent standard deviations and grey vertical lines represent extreme values. 

Table 1.4: Percentage of habitat area and population subject to disturbance and population decline relative 

to scenario 1 after 100 years. Note that percent population encompassed variation in habitat quality across 

the range.  

Management 
Scenarios 

% area to plantation % population to 
plantation 

% decline relative to 
Scenario 1 

Scenario 1 0 0 0 

Scenario 2 0 0 7.5 

Scenario 3 9.5 8.6 11.1 

Scenario 4 11.7 11.6 15.7 

Scenario 5 27.9 38.1 36.7 

Scenario 6 29.9 41.0 37.9 

 

Table 1.4 indicates that the percentage of the population lost to plantation conversion is an 

important determinant of the decline observed in population projections. It can be noticed that 
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scenarios 5 and 6 result in a greater percentage of the total population being subject to plantation 

conversion relative to the total area. This indicates that more high quality habitat is being 

converted, and as a consequence, population declines are much larger. For scenarios 3 and 4 the 

percentage of population subject to conversion is very similar to the percentage of area indicating 

that the highest quality habitats, which support the largest populations, are not being converted. 

This was the intention of the current Tactical Plan; minimal conversion of areas having high 

densities of H. simsoni. 

It can be seen in the no disturbance trajectory of Figure 1.9 that a decline of 22% (relative to initial 

population size) is occurring after the first 20 years, after which the trajectory is stable, and an 

apparent equilibrium is reached. This decline occurs as the population is adjusted downward in 

response to stochastic fire events. In reality the current population size may be better reflected by 

this equilibrium state, as stochastic fire events will have affected populations in the past. To avoid 

the effect of this decline to equilibrium on comparisons amongst management scenarios, 

population trajectories are compared using the no disturbance scenario as a baseline. Population 

declines are calculated as the percent difference between the no disturbance baseline and the 

respective disturbance management scenarios at the future point of reference. Based on the 

trajectory for scenario 1, a stable population size for H. simsoni can be calculated at approximately 

30 million (29,855,484). 

When the population model was run over 100 years, scenarios 2 and 3 resulted in a reduced 

population decline over the longer time period compared to that after 10-years. This is caused by 

the successful re-colonisation of native forest coupes as habitat suitability recovers. A 

deterministic fluctuation in the mean tendencies for scenarios 2, 3, and 4 can be observed in 

Figure 1.9 and corresponds to periods of intensive native forest harvesting, followed by periods 

of recovery. This intensification is due to the age-structure of the forest, with large tracts of native 

forest becoming available for harvest in the decade between 2030 and 2040. This fluctuation does 

not affect scenarios 5 and 6 as coupes formerly regenerated to native forest are largely replaced 

by plantations. The plantation conversions of scenario 3 and 4 result in local population 

extinctions and contribute to an increasingly fragmented habitat. However, this increase in 

fragmentation does not appear to reduce the beetle’s ability to disperse and respond to native 

forest harvesting. This indicates that beetle populations are capable of recovering to a smaller 

total population size after disturbance from plantation conversion and when subject to 

continuing native forest harvesting. The scheduled establishment of plantations associated with 

scenarios 3 and 4 does not threaten the long-term viability of the beetle, but does reduce total 

population size. 
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The much larger population losses apparent in scenarios 5 and 6 are incurred because of 

extensive plantation conversion. Despite this, trajectories remain stable, and do not exhibit a 

downward trend indicative of a loss of viability. Populations of H. simsoni are capable of 

recovering to a smaller total population size even after extensive disturbance from plantation 

establishment. Again, the establishment of plantations does not threaten the long-term viability of 

the beetle, but for scenarios 5 and 6, it does significantly reduce total population size (population 

declines in the order of 40%). This ability to withstand extreme disturbance regimes without a 

loss of viability may be due to the high population densities the beetle achieves in small areas of 

suitable habitat. 

In the context of Forestry Tasmania’s current Tactical Plan (scenarios 3 and 4), population 

trajectories stabilise in 2020 after plantation conversion has ceased. This is followed by a decline 

and recovery induced by a period of intensive native forest harvesting between 2030 and 2040. 

Populations appeared to have recovered by 2060, after which trajectories are stable to 2080 when 

a smaller intensification of native forest harvesting causes another decline and recovery. This 

decline and recovery was observed on an 80-year cycle (corresponding to an 80-year rotation 

length) when models were run over 500 years, and corresponded to the uneven temporal 

distribution of native forest harvesting. The magnitude of respective declines and recoveries was 

consistent over successive periods, indicating that beetle populations are robust to continued 

native forest harvesting. A gradual decline over successive harvesting events is not observed for 

Simsons Stag beetle. Reductions in total population size corresponding to troughs of the 

trajectory reflect the amount of young regeneration that is unoccupied by beetles at that time.  

1.4.2 Risk analysis 

Quasi-extinction risk curves (Ginzburg et al. 1982) depict the probability that the total population 

size will fall below a range of population thresholds at least once over a time horizon. Quasi-

extinction risk curves for a 10-year time horizon are shown in Figure 1.10.  
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Figure 1.10: Quasi-extinction risk curves for the next 10 years. Solid line indicates the risk curve for each 

scenario; dashed lines for scenarios 2-6 indicate the no disturbance risk curve. Grey vertical lines represent 

upper and lower values. 

The curves of Figure 1.10 are constructed by recording the smallest population size from each 

replication of the simulation, and calculating the number of times this smallest population size 

falls below population thresholds (Burgman et al. 1993). The curves reflect the likelihood of 

extreme events that lead to the smallest population sizes. These likelihoods are of particular 

interest in managing for the conservation of rare or threatened species. For H. simsoni such an 

extreme event would be a large wildfire. In the context of an already highly disturbed habitat 

from forestry activity, such an event may have the potential to threaten the viability of H. Simsoni. 

This could be further exacerbated by demographic stochasticity, which controls fecundity and 

mortality rates. It can be observed that increasing levels of disturbance move risk curves to the 

left and thus increase the risk of larger declines over the next 10 years. This is most noticeable for 

the extreme disturbance scenarios; scenario 5 and 6. These risks of decline are tabulated in Table 

1.5. 
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Table 1.5: Probability of a 5, 10, 20, 30 and 50% decline in total population size relative to the no 

disturbance average population size at 2011 (32,542,562) 

 5% 10% 20% 30% 50% 

Scenario 2 0.97 0.85 0.26 0.07 0.00 

Scenario 3 0.98 0.97 0.54 0.07 0.00 

Scenario 4 0.98 0.97 0.54 0.07 0.00 

Scenario 5 1.00 1.00 0.98 0.65 0.03 

Scenario 6 1.00 1.00 1.00 0.75 0.03 

 

Table 1.5 indicates that there is a 97% chance that total population size will decline by more than 

10% over the next 10 years under scenario 3. Therefore, 97 out of the 100 replications indicated a 

decline of more than 10% at some point over the next 10 years. This is only marginally higher 

than the 85% chance of a similar decline when plantations are excluded in scenario 2. In relation 

to the caveat that population projections should not decline by more than 20%, there is a 54% 

chance of this occurring. When evaluating quasi-extinction risks it must be remembered that they 

reflect the consequences of extreme events, and the risks detailed in Table 1.5 quantify the 

probability of these events occurring through the projection period. For H. simsoni, a quasi-

extinction event is likely to be the result of coincident disturbance from a very large wildfire and 

anthropogenic disturbances. The extent to which quasi-extinction risk reflects the incidence of 

large wildfires is indicated by the ‘no disturbance’ scenario having a 0.11 risk of a 20% decline 

over the next 10 years. In the absence of anthropogenic disturbance this risk of decline can be 

solely attributed to the influence of large wildfires. 

Figure 1.11 shows the quasi-extinction risk curves for the probability of falling below population 

thresholds over a 100-year time horizon. 
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Figure 1.11: Quasi-extinction curves for the next 100 years. Solid line indicates the risk curve for each 

scenario; dashed lines for scenarios 2-6 indicate the no disturbance risk curve. Grey vertical lines represent 

upper and lower values. 

Over longer time periods there is higher probability that extreme events such as large wildfires 

will occur. Therefore, compared to the 10-year time horizon in Figure 1.10, risk curves are shifted 

further to the left when models are run over 100 years in Figure 1.11. 

It is clear from Figure 1.11 that populations of Simsons Stag beetle will remain extant under the 6 

management scenarios, i.e., risk of extinction is negligible. This is ensured by very high 

population density when optimal habitat is available (12,900 beetles/ha). However, the different 

management scenarios significantly impact the risk of population decline below population 

thresholds. For example, the risk of decline below a total population of 15 million beetles at some 

point in the next 100 years is greatly inflated by the disturbance scenarios; 0.01, 0.03, 0.13, 0.13, 

0.94 and 0.97 for scenarios 1 through 6. This represents approximately half of the stable 

population size for scenario 1, which presumably reflects the current population size. These 

changes in the risk of decline are tabulated in Table 1.6. 
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Table 1.6: Probability of a 20, 30, 50, 60 and 70% decline in total population size relative to the no 

disturbance scenario at least once in the next 100 years. A stable population size for the no disturbance 

scenario was calculated as 29,855,484. 

 20% 30% 50% 60% 70% 

Scenario 2 1.00 0.58 0.03 0.00 0.00 

Scenario 3 1.00 0.92 0.13 0.00 0.00 

Scenario 4 1.00 1.00 0.13 0.00 0.00 

Scenario 5 1.00 1.00 1.00 0.26 0.03 

Scenario 6 1.00 1.00 1.00 0.29 0.04 

 

A difficult question facing managers is what level of risk is appropriate in managing for the 

conservation of rare or threatened fauna. In particular, what level of risk is appropriate for an 

unusual species such as H. simsoni, which even under extreme disturbance regimes is capable of 

maintaining a population in the vicinity of 18 million individuals. In the context of management 

scenarios 3 and 4, H. simsoni appears capable of maintaining a population in the vicinity of 25 

million. 

An examination of risk of decline indicated that although there is a risk of falling to smaller 

population sizes, this risk is relatively small, and can be attributed to the combined influence of 

anthropogenic disturbance and large wildfires. For example, when models are run over 100 years 

there is a 13% risk of falling below 15 million beetles. There is no appreciable risk of extinction 

under the management scenarios tested in this study. The scheduled plantation conversions 

detailed in Forestry Tasmania’s Tactical Plan satisfy the caveat that population projections should 

not decline by more than 20%, and do not appear to threaten the long-term viability of H. simsoni.  

1.5 Assumptions and limitations 

The results detailed above are indicative rather than definite, and reflect our current 

understanding of the life-history attributes, dispersal dynamics, and disturbance responses of H. 

simsoni. A sensitivity analysis indicated that model outcomes were largely insensitive to life 

history attributes; projected declines consistently reflected the extent of habitat disturbance 

despite different life-history parameterisations. Life-history attributes were derived informally 

from qualitative information and field observations, and the observed insensitivity eases our 

reliance on the accuracy of these parameters. Even if our current estimates of life history 
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parameters are inaccurate, this should have little bearing on the outcomes described in this 

report. 

Other assumptions made during model development associated with dispersal dynamics and 

disturbance response are more pivotal to the model outcomes. Successful dispersal into disturbed 

coupes from nearby source populations and the ability of H. simsoni to recolonise the recovering 

environment provided by regenerating forest appears critical. The sampling effort of Meggs 

(1997) indicated that beetles were successfully re-colonising coupes when located in proximity to 

sizeable source populations (Meggs 1997, p.61). However, the sample of regenerative forests was 

insufficient to give a clear result on re-colonisation rates. This ability to re-colonise harvested 

coupes is clearly an important assumption in the current model, and although supported to some 

extent by the sampling effort of Meggs (1997), needs to be refined pending further monitoring of 

disturbed coupes. If re-colonisation rates are in reality slower than those depicted in the current 

model then much larger declines can be expected under the current Tactical Plan as 35% of the 

population is subject to this disturbance on an ongoing basis. 

Dispersal estimates are consistent with previous research. Baars (1979) used pitfall trapping and 

beetle marking to reveal that Carabid beetles most often dispersed short distances (20m), but a 

few individuals dispersed much larger distances (100m) after one year. This is consistent with the 

dispersal model with beetles dispersing when located within 20m of the patch edge, and with a 

few individuals being capable of a maximum of 100m net dispersal in one year. Of perhaps more 

importance is rate of habitat recovery in regenerative forests that can be refined with further 

monitoring of disturbed coupes. 

Another important assumption is that hardwood plantation constitutes unsuitable habitat. Meggs 

(1997, p.60) suggests that the intensive management practices associated with eucalypt 

plantations grown for pulp will dramatically alter the microclimate, and may render it unsuitable 

for H. simsoni. Despite this intensive disturbance, two body parts were found in a twelve-year old 

plantation (Meggs 1997, p.60), but only in proximity to mature wet eucalypt forest, suggesting 

that they may have been unsuccessful dispersers. It is appropriate to test the assumption that 

hardwood plantation is unsuitable. If it is found that H. simsoni persists to some extent in 

hardwood plantations, population declines due to conversion will be less dramatic. Fieldwork 

monitoring H. simsoni populations in hardwood plantations is currently underway and findings 

will be incorporated in the future. 

Despite these limitations, the current model appropriately captures our current understanding of 

the life-history attributes, dispersal dynamics, and disturbance responses of H. simsoni, and 
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results can be used to indicate the appropriateness of anthropogenic disturbances within the 

beetles range. 
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Chapter 2. Northeast forest snail (Anoglypta 
launcestonensis) 
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2.1 Summary 

Initially, a habitat model capturing the known range of the Northeast forest snail (Anoglypta 

launcestonensis Reeve) was used to identify 1,895 expected discrete populations in the highly 

fragmented rainforest habitat of northeast Tasmania. A spatially-explicit metapopulation model 

was constructed using available information on life-history attributes, dispersal capabilities and 

disturbance responses. Notably, the snail exhibited low fecundity and therefore poor population 

growth rates; poor dispersal capabilities; and was highly sensitive to anthropogenic disturbance. 

The metapopulation model was applied in the context of six disturbance scenarios based on 

Forestry Tasmania’s Tactical Plan, and quantified the effect of native forest harvesting and 

scheduled plantation conversion on the risk of decline. 

In the context of Forestry Tasmania’s current Tactical Plan, the model indicated an average 

population decline of 15-20% over the next 100 years. This decline was calculated relative to the 

no disturbance scenario that projected an average population of 1,093,693 after 100 years (the 

Tactical Plan resulted in an average projected population of 904,860). This decline can be 

attributed to native forest harvesting (16.6% of total habitat area) and plantation conversion (7.1% 

of total habitat area) within the snail’s range. Examination of risk of decline revealed that under 

the current Tactical Plan there was a high risk (0.92) of temporarily declining by more than 20% at 

some time over the next 100 years, but a low risk of declining by more than 30% (0.33). Therefore, 

although the mean tendency indicated a 15-20% decline, larger temporary declines (in the order 

of 25%) can be expected if some of the more extreme circumstances depicted in the model (such 

as large wildfires) eventuate.  

Despite the anthropogenic disturbances scheduled within the snail’s range, it suffered no loss of 

viability, and the risk of extinction was zero for all levels of disturbance. This was also true for 

more extreme disturbance scenarios that involved the conversion of all suitable public and 

private land to plantation. The continuing vigour of A. launcestonensis, even when subjected to 



Chapter 2: Northeast forest snail (Anoglypta launcestonensis) 52 

extreme disturbance scenarios, can be attributed to the large areas of formal rainforest reserves 

(approximately 15% of total habitat), as well as the informal reservation it enjoys in the form of 

rainforest habitat strips and streamside buffers (approximately 30% of total habitat). Therefore, its 

continued vigour is dependent on maintaining the current informal reservation afforded to 

rainforest habitat strips and stream-side buffers. 

2.2 Introduction 

The Northeast forest snail (Anoglypta launcestonensis) (Reeve 1853) is an endemic Tasmanian land 

snail confined to habitats containing mature rainforest trees in northeast Tasmania. It is a large 

slow-moving caryodid snail believed to have once been more widespread and locally abundant 

in northeast Tasmania (Hedley 1891). More recently, the snail was thought to be rare with a total 

habitat of approximately 5,000ha (Kershaw 1988). It was suspected that viable populations were 

restricted to remnant temperate rainforest that exists in a mosaic of cleared land, plantations, and 

state native forest (Smith 1996). The long-term viability of this mosaic of isolated populations was 

considered questionable (Smith 1996). Furthermore, the snail is a poor disperser, long-lived, and 

is suspected to have a very slow replacement rate making it sensitive to disturbance. The belief 

that the snail was rare and in danger of extinction lead to it being listed as Vulnerable under the 

Schedules of the Tasmanian Threatened Species Protection Act (1995), and listed as Endangered 

in the IUCN Invertebrate Red List (Wells, et al. 1983). 

The recent study of Bonham (1996) indicated that the snail is more abundant than previously 

thought, occupying a total habitat of approximately 41,000ha. Bonham (1996, p.26) also rejects the 

hypothesis that suitable habitat is scattered and of questionable viability, finding the snail to be 

consistently distributed in suitable habitat across its range. These findings prompted the Minister 

for Environment, acting on the advice of the Scientific Advisory Committee, to remove the snail's 

Tasmanian Vulnerable listing in 1999. However, this process was far from simple, resulting in a 

substantial court case, media coverage and personal public attacks on the credibility of the many 

people involved. Negotiation about its present IUCN listing as Vulnerable is likely to result in 

downlisting to IUCN Near Threatened status rather than full IUCN delisting. Further 

examination of the status of this contentious snail with population viability analysis appears 

timely. 

Given its fragmented habitat of unknown long-term viability, poor dispersal characteristics, and 

sensitivity to disturbance, the Northeast forest snail is an ideal subject for population viability 

analysis. This is particularly true in the context of Forestry Tasmania’s Intensive Forest 
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Management plans that will see large-scale conversion of native forest to plantation in northeast 

Tasmania.  

2.3 Methods 

2.3.1 Habitat model 

A habitat model for the Northeast forest snail was constructed using expert judgements as to 

what comprises suitable habitat (Bonham 1996) and GIS layers facilitating the identification of 

such habitat in northeast Tasmania. Such an approach was prescribed by Bonham (1996), and 

total habitat area estimates were very similar (Table 2.1).  

Table 2.1: Comparison of calculated habitat area and population size to those of Bonham (1996) 

 Habitat area (ha) Total population 

Calculated 41,288 1,209,750 

Bonham (1996) 41,000 1,200,000 

 

Suitable habitat was assumed to comprise areas where mature rainforest trees were present. 

These were identified using the myrtle rainforest and secondary forest classifications of Forestry 

Tasmania’s ForestClass2001 GIS layer. Areas assumed to be lacking mature rainforest trees such 

as regenerative forests, plantations, and pure eucalypt stands were excluded as potential habitat. 

Suitable habitat was constrained to a minimum convex polygon, but continuous patches of 

habitat were allowed to cross the polygon boundary. To reduce the large and computationally 

unfeasible number of discrete habitat patches, discrete patches of myrtle and secondary species 

smaller than 4 and 8ha respectively were removed. This is consistent with field observations and 

estimates of viable population size (K. Bonham unpubl. data). Habitat patches were divided 

according to Forestry Tasmania’s coupe structure to facilitate a consistent disturbance regime 

within each patch. The final population patch structure was identified using RAMAS GIS 

(Akçakaya and Root 2002), consisting of 1,895 discrete populations. Based on current knowledge 

it captures the known range of the Northeast forest snail. The population patch structure 

representative of the entire range of A. launcestonensis is shown in Figure 2.1. Rarely has 

population viability analysis been conducted on such a large number of discrete habitat patches, 

and because of software limitations inherent in RAMAS Metapop (Akçakaya and Root 1998), the 

1895 habitat patches had to be divided into 5 separate metapopulations. This division into 

separate metapopulations was done along breaks in the habitat across which dispersal was 
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consistently negligible. Note that the rectangle in the southeastern section of the range of 

Figure 2.1 identifies an area for which the anthropogenic disturbances associated with Forestry 

Tasmania’s Tactical Plan are shown in Figure 2.3. 
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Figure 2.1: Habitat model for the entire range for the Northeast forest snail (Anoglypta launcestonensis). 

Different coloured areas represent the divisions into separate metapopulations.  

Following the determination of a habitat patch structure, a uniform density for the different 

developmental stages (15.6 adults/ha, 10.5 sub-adults/ha and 3.2 juveniles/ha) was applied 

(Bonham 1996). Total population estimates were derived as detailed in Table 2.1, and again they 

were very similar to those calculated by Bonham (1996). 

2.3.2 Life history attributes 

An age-structured population model was constructed based on the life history attributes of the 

Northeast forest snail. Quantitative estimates on vital rates for the snail were limited. Instead, 

parameter estimates were largely inferred from the field observations of Kevin Bonham. Three 

developmental stages were identified; it has a juvenile stage lasting one year, a sub-adult stage 

between 2 and 5 years of age, and an adult stage lasting on average up to 10 years. 

Corresponding to these developmental stages, six age classes were used to track transitions 

through developmental stages. The snail is hermaphroditic and becomes capable of reproduction 
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in its adult stage, whereupon it can produce a single clutch of approximately 6 eggs per year. 

However, fertile individuals will often go a year without mating, and it is likely that very few 

eggs successfully hatch (K. Bonham unpubl. data). The average number of offspring per adult per 

year was estimated as 0.3 to correspond with a desired population growth rate of 1.02. This will 

result in populations only marginally growing on average, i.e., it is very close to 1.00, the value 

for exact replacement. The final Leslie matrix (2.1) with a desired eigenvalue of 1.02 is shown 

below. As can be noted by the off-diagonal values of the Leslie matrix (survival rates among age 

classes), the snail is subject to low levels of mortality in all life stages (K. Bonham unpubl. data). 
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  (2.1) 

At each time step of the simulation the fecundity and survival rates were sampled from 

lognormal distributions with mean values as shown in the Leslie matrix and standard deviations 

of 10% of the mean for reproduction and 5% of the mean for survival rates. These low levels of 

environmental stochasticity are consistent with previous population models for snails (Akçakaya 

and Baur 1996, Regan et al. 2001) adjusted downward to account for the minor levels of 

stochasticity likely to be present in a rainforest habitat.  

A correlation-distance function was used to impose similar vital rates on populations when 

located in spatial proximity. This was intended to capture landscape scale trends in climatic 

conditions and dictated that stochastic fluctuations in vital rates were correlated to a varying 

extent across the range of the Northeast forest snail. The division into five separate 

metapopulations interfered with the spatial structure of these stochastic fluctuations in vital rates. 

However, given that the imposed stochastic fluctuations were relatively minor (10% and 5% for 

reproduction and survival respectively), the magnitude of this interference and its effect in the 

combined results should be minor. 

Ceiling density dependence was used whereby an exponential growth rate of 1.02 applies till the 

population reaches a ceiling (the carrying capacity for the population) after which it is truncated 

(Akçakaya and Baur 1996). Because many populations are small (below 100), demographic 

stochasticity was also used whereby the number of survivors are sampled from the binomial 

distribution and the number of offspring are sampled from Poisson distribution (Akçakaya 1991). 
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2.3.3 Dispersal 

Dispersal among patches was based loosely on that developed for ALEX, a PVA model for 

spatially structured populations (Possingham and Davies 1995). In this model, dispersal is 

calculated as a function of the probability of leaving a patch and the probability of arriving at a 

patch. For the Northeast forest snail, a net yearly displacement of 10-20m can be expected, with a 

few individuals (1%) dispersing up to 50m (K. Bonham unpubl. data). They are remarkably slow 

moving animals and seem to often get attached to particular chunks of micro-habitat (like rotten 

logs) and presumably stay there for a long time. The probability of any snail leaving a habitat 

patch was calculated as the ratio of areas located within 20m of the patch edge to the total patch 

area. The probability of these dispersing snails arriving at other habitat patches (located less than 

50m from the departed patch) was calculated as the angle cast from the centre of the departed 

patch to the edges of the arrival patch. Therefore dispersing snails had higher probabilities of 

arriving at large patches that were nearby as against small patches that were faraway. Dispersing 

snails failing to successfully arrive at a nearby patch were assumed to suffer dispersal mortality. 

Small isolated populations were found to be sensitive to the dispersal dynamics described above. 

The ratio of areas located within 20m of the patch edge to the total patch area was large for small 

patches, resulting in a high probability that any snail would disperse from the patch. Because 

patches were often isolated and distant from larger patches, these departures were not effectively 

countered by arrivals, resulting in a net dispersal from small patches. This effectively resulted in 

a replacement rate that was below 1, and a gradual decline toward extinction for small habitat 

patches. This is unlikely for snails in small patches. To counter population growth rates falling 

below 1 the probability of leaving the patch was adjusted downward as a function of patch area. 

The probability of leaving was multiplied by 1/50 for habitat patches smaller than 50ha in area. 

For patches larger than 50ha, the probability of leaving was not adjusted. This adjustment 

neutralised the net dispersal of snails from smaller habitat patches, effectively maintaining a 

population growth rate of 1.02 across all patches. This is consistent with the observed persistence 

of the snail in small isolated habitat patches (Bonham 1996)   

Despite its poor dispersal characteristics, the Northeast forest snail has an apparent ability to 

penetrate small areas of suitable habitat when distant from larger source populations (Bonham 

1996). This suggests that the snail may be subject to surges of dispersal, possibly in wet years 

when wet eucalypt forest lacking mature rainforest trees becomes a more suitable medium for 

dispersal. Snails have been known to respond to moisture levels in this way, and this was 

captured using a stochastic element that was added to dispersal causing some years to be very 

good for dispersal and other years to be poor. 



Chapter 2: Northeast forest snail (Anoglypta launcestonensis) 57 

Figure 2.2 illustrates as an example the metapopulation abstraction for the 472 populations of far 

western section of the range. Interconnecting lines between populations represent the dispersal 

dynamics. It can be noted that dispersal is poor, and is only occurring between populations 

located in close proximity. The dispersal dynamics among the 1895 populations of A. 

launcestonensis were implemented using C++ code that informed RAMAS Metapop of snail 

movements during runs of the population model. 

 

Figure 2.2: Schematic representation of metapopulation structure for the far western section of A. 

launcestonensis distribution within the Bass District. 
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2.3.4 Disturbance dynamics 

Disturbances from native forest harvesting, plantation conversion, and stochastic wildfires all 

potentially influenced the carrying capacity of habitat patches through the projection period. 

These influences were included in the population model by altering carrying capacity files due to 

the combined influence of these disturbances. To incorporate stochastic wildfire events, carrying 

capacity files were re-sampled at the beginning of each iteration. Deterministic disturbances from 

native forest harvesting and plantation conversion consistently affected the carrying capacity files 

across iterations. The individual influence of each type of disturbance on carrying capacity is 

described below. 

The influence of stochastic wildfire and regeneration burns following native forest harvesting 

should be similar, resulting in total mortality immediately after the event. Total mortality is 

assumed because the snail is slow moving and unlikely to escape (Bonham 1996). Furthermore, 

surviving snails may be too thinly dispersed to reproduce. Following disturbance from fire the 

Northeast forest snail can be expected to have a minimum reinvasion time of 60 years and a 

minimum full recovery time of 90 years (Bonham 1996, p.26). This recovery time corresponds 

with the time it takes for mature rainforest trees to re-emerge after clearfall harvesting. The 

presence of mature rainforest trees has been identified as the primary habitat requirement of A. 

launcestonensis (Bonham 1996). Therefore, the time it takes for full recovery exceeds the 80-year 

rotation length used by Forestry Tasmania for native forest harvesting. To capture an asymptotic 

recovery in habitat suitability between 60 and 90 years after a fire the following function (2.2) was 

used: 

( )[ ]4012.05.41/1 −−+= teR   (2.2) 

where R is the proportion of recovery, i.e., R=1 is fully recovered, and t is the time since fire. 

Wildfires were introduced as spatially-correlated stochastic events using the methodology of 

McCarthy and Lindenmayer (1998) as described in the methods section at the beginning of this 

report. Rainforest was insufficiently represented in Forestry Tasmania’s Continuous Forest 

Inventory (CFI) fire history data to allow a calibration of the scale and regularity of fire events or 

a determination of the strength of spatial correlations. Wildfires are relatively rare in the 

rainforest habitat of A. launcestonensis. Given this, the probability of a cell burning was set to 

achieve an average fire interval of 400 years (M. Brown pers. comm.). The scale of fire events and 

the strength of spatial correlation had previously been estimated from CFI data for wet forests in 

northeast Tasmania. These estimates were applied to rainforest habitat in the absence of further 

information. 



Chapter 2: Northeast forest snail (Anoglypta launcestonensis) 59 

Plantation conversion was assumed to result in permanently unsuitable habitat for the species as 

the rotation lengths of commercial plantations are much shorter than the estimated recovery time 

of the species in native forest. There have been rare records of the species within older pine 

plantations but there is insufficient evidence to treat these as cases of plantation occupation rather 

than straying or foraging (K. Bonham unpubl. data). 

2.3.5 Management scenarios 

Six management scenarios were identified based on Forestry Tasmania’s Tactical Plan ranging 

from minimum to maximum levels of habitat disturbance. All scenarios are subject to stochastic 

wildfires. Scenarios 1 through 6 are subject to incrementally increasing levels of anthropogenic 

disturbance and were described in the methods section at the beginning of this report.. The six 

management scenarios resulted in increasing habitat disturbance from native forest harvesting 

and plantation conversion. The percentage of the total habitat area subject to the various 

disturbances for the total population of A. launcestonensis is detailed in Table 2.2. 

Table 2.2: Percentage of habitat area subject to disturbance – Complete range of A. launcestonensis 

Management 
Scenarios 

Plantation conversion Native forest 
harvesting 

Free from 
disturbance 

Scenario 1 0 0 100 

Scenario 2 0 23.7 76.3 

Scenario 3 6.6 17.1 76.3 

Scenario 4 7.1 16.6 76.3 

Scenario 5 13.0 10.7 76.3 

Scenario 6 14.6 10.7 74.7 

 

An example of the anthropogenic disturbance associated with Scenario 4 is shown in Figure 2.3. 

The area is represented by the rectangle in the southeastern section of A. launcestonensis’s range in 

Figure 2.1. 
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Figure 2.3: An example of anthropogenic disturbances associated with scenario 4 for the southern part of 

section E. Grey areas represent habitat designated for native forest harvesting, black areas represent areas 

designated for plantation conversion and green areas indicate reserved habitat. 

It can be noted from Figure 2.3, that apart from some large sections of reserved rainforest, 

remnant habitat comprises streamside buffers and rainforest remnants around which native 

forest harvesting and intensive plantation conversion is scheduled. The edges of several 

rainforest remnants are trimmed away, while other areas of mixed eucalypt/rainforest (that 

include a mature rainforest component) are scheduled for disturbance. The intensive forest 

management depicted in Figure 2.3, whereby a majority of the disturbance is affecting mixed 

forest and some rainforest habitat strips and stream-side buffers, is representative of other areas 

of the A. launcestonensis’s range. 

2.4 Results 

2.4.1 Mean Tendency 

Each scenario prescribed above was implemented over a projection period of 100 years for 100 

replicates. Mean tendencies as well as box and whisker plots representing 1 standard deviation 

either side of the mean and extreme values respectively are shown in Figure 2.4. 
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Figure 2.4: Mean tendency and box and whisker plots for population projections over 100 years. Solid line 

indicates the mean trajectory for each scenario; dashed lines for scenarios 2-6 indicate the no disturbance 

trajectory. Black vertical lines represent standard deviations and grey vertical lines represent extreme 

values. 

Examination of the mean tendency for the disturbance-free scenario reveals a decline in the order 

of 10% over 100 years. This decline is being driven by population dynamics and stochastic 

wildfires in the absence of further anthropogenic disturbance. Population characters such as low 

fecundity and poor dispersal ability in a habitat subject to a high degree of artificial 

fragmentation and stochastic wildfires (albeit infrequent) may be responsible for this decline. 

Although occurring relatively rarely (on average each 4ha area of habitat is burnt once every 400 

years) the influence of stochastic fire disturbances may be partly responsible for this decline. The 

observed background decline can also be partly attributed to the unnaturally high fragmentation 

levels resulting from past disturbance. It is appropriate to examine population declines for the 

other scenarios relative to scenario 1 to separate the decline attributable to anthropogenic 

disturbance from the background decline depicted in scenario 1. 

All scenarios involving some degree of anthropogenic disturbance depart from Scenario 1 by 

more than 1 standard deviation on the mean tendency. The trajectory for scenario 2 indicates that 

A. launcestonensis is sensitive to native forest harvesting, with a significant decline in the absence 
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of plantation conversion. The more extreme disturbance regimes represented by scenario 5 and 6 

resulted in larger population declines. These declines relative to initial population size and 

relative to scenario 1 are tabulated in Table 2.3. 

Table 2.3: Effects of disturbance from plantation conversion and native forest harvesting on available habitat 

and total population size – entire range of A. launcestonensis. Decline in total population is calculated as 

percentage of initial population size (1,209,750) and percentage of the terminal population size for Scenario 

1 (1,093,693). 

 Area of disturbance % population decline 
Management 
scenario 

% plantation 
conversion 

% habitat 
disturbance 

Relative to 
initial 

Relative to 
Scenario 1 

Scenario 1 0.0 0.0 9.6 0.0 

Scenario 2 0.0 23.7 17.1 8.3 

Scenario 3 6.6 23.7 23.5 15.4 

Scenario 4 7.1 23.7 25.2 17.3 

Scenario 5 13.0 23.7 27.4 19.7 

Scenario 6 14.6 25.3 28.3 20.7 

 

It can be noted that the magnitude of population decline (relative to scenario 1) exceeds the 

amount of habitat lost to plantation conversion, but is less than the total amount of habitat 

disturbance. This can be attributed to the effect of sequential native forest harvesting, from which 

snail populations do not fully recover. This failure to recover is caused partly by the slow 

recovery of regenerative forests that need to contain mature rainforest trees before becoming 

suitable habitat by A. launcestonensis. It is also caused by the poor dispersal abilities of A. 

launcestonensis that impair its ability to re-occupy the recovering habitat. Several examples of this 

slow recovery are shown in Figure 2.5. The examples were chosen to represent a spectrum of 

dispersal scenarios from a patch with good dispersal from nearby source populations, to a patch 

subject to negligible dispersal due to its isolation. The rate of habitat recovery expressed by the 

carrying capacity (asymptotic recovery described in equation 2.1) is also shown for each 

population. The lag between the carrying capacity and the population trajectory indicates the 

varying success to which snails are dispersing into the habitat, and the population is growing. 

With a slow population growth rate of 1.02, this lag can be largely attributed to dispersal success. 

When modelled for a longer time-horizon the extent of population recovery shown in Figure 2.5 

was the same for subsequent harvesting events, which occurred on an 80-year rotation. 
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Figure 2.5: Example trajectories demonstrating population recovery for different dispersal scenarios. The 

scenarios represent a spectrum of dispersal scenarios from a patch with good dispersal from nearby source 

populations, to a patch subject to negligible dispersal due to its isolation. 

It is clear from Figure 2.5. that disturbance from native forest harvesting on an 80-year rotation is 

not compatible with the habitat requirements or dispersal capabilities of A. launcestonensis. 

Therefore, the effect of native forest harvesting in the worst-case scenario will equate to the 

permanent loss of habitat. In the best-case scenario, recovery between 60 and 80 years after 

harvesting will see some temporary population recovery, but never reaching more than half of 

the original population size. 

Scenarios representative of Forestry Tasmania’s Tactical Plan resulted in relative declines of 

15.4% when strategic plantations scheduled for establishment between 2011 and 2020 were 

excluded and 17.3% when these plantations were included. These declines exceed the amount of 

habitat lost to plantation conversion (6.6% and 7.1% respectively) and reflect the area subject to 

native forest harvest (17.1% and 16.6% respectively) that is unoccupied after 100 years. 
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2.4.2 Risk analysis 

Probability of decline 

The population trajectories of Figure 2.4 show the mean tendency and maximum and minimum 

values resulting from 100 iterations of the population model. Another way to examine the trends 

shown in Figure 2.4 is to construct a cumulative probability distribution from the spread of 

population projections at a future reference point. The cumulative probability distribution at a 

future reference point can be shown graphically as terminal risk curves, and these are shown for 

projections at 2101 for each management scenario in Figure 2.6. 

 

Figure 2.6: Terminal risk curves for population projections at 2101. Solid line indicates the risk curve for each 

scenario; dashed lines for scenarios 2-6 indicate the no disturbance risk curve. Grey vertical lines represent 

upper and lower values. 

The shift in the risk curve relative to scenario 1 represents the increased risk of smaller terminal 

population sizes under each disturbance regime. The risks of decline shown in Figure 2.6 are 

tabulated in Table 2.4 to more explicitly inform the probability of decline.  
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Table 2.4: Probability of a 5, 10, 20, 30, and 50% terminal decline in total population size relative to the no 

disturbance scenario for the entire range of A. launcestonensis. The terminal population size for the no 

disturbance scenario is 1,093,693. 

 5% 10% 20% 30% 50% 

Scenario 2 0.57 0.32 0.07 0.00 0.00 

Scenario 3 1.00 0.80 0.22 0.03 0.00 

Scenario 4 1.00 0.95 0.26 0.06 0.00 

Scenario 5 1.00 1.00 0.39 0.09 0.00 

Scenario 6 1.00 1.00 0.45 0.09 0.00 

 

In the context of Forestry Tasmania’s Tactical Plan, the risk of a decline of more than 10% to 2101 

is high (0.80 and 0.95 for scenarios 3 and 4), but the risk of a decline of more than 20% is low (0.22 

and 0.26 for scenarios 3 and 4). The risk of larger declines is very small. Therefore, we can assume 

based on the current model parameterisation and under the current Tactical Plan that population 

decline will be in the order of 15-20%. 

Quasi-extinction risk 

Quasi-extinction risk can be defined as the risk of falling below a threshold population size at any 

time over a time-horizon. It is quantified as the number of iterations that fall below these 

threshold population sizes at any time over a time horizon, and is useful for examining the risk of 

small population sizes eventuating in the absence of any risk of extinction. By organising the 

smallest population sizes over the time horizon for the 100 iterations into a cumulative 

probability distribution the quasi-extinction risk curves of Figure 2.7 result. 
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Figure 2.7: Quasi-extinction risk curves for projections over the next 100 years. Solid line indicates the risk 

curve for each scenario; dashed lines for scenarios 2-6 indicate the no disturbance risk curve. Grey vertical 

lines represent upper and lower values. 

Similar to the terminal risk curves shown in Figure 2.6, the more extreme disturbance scenarios 

are increasing the risk of small population sizes eventuating. These risks are tabulated in Table 

2.5. 

Table 2.5: Probability of a 5, 10, 20, 30 and 50% interval decline in total population size relative to the no 

disturbance scenario at least once in the next 100 years for the entire range of A. launcestonensis. The 

terminal population size for the no disturbance scenario is 1,093,693. 

 5% 10%  20%  30%  50%  

Scenario 2 1.00 0.99 0.49 0.11 0.00 

Scenario 3 1.00 1.00 0.85 0.30 0.00 

Scenario 4 1.00 1.00 0.92 0.33 0.00 

Scenario 5 1.00 1.00 1.00 0.54 0.00 

Scenario 6 1.00 1.00 1.00 0.59 0.01 
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Compared to the terminal risks of decline depicted in Table 2.4, the interval risks for the same 

decline are larger as it is likely that the smallest population sizes will eventuate during the time-

horizon rather than at the end of it. In the context of Forestry Tasmania’s Tactical Plan, the risk of 

a decline of more than 20% between 2001 and 2101 is very high (0.85 and 0.92 for scenarios 3 and 

4), but the risk of a decline of more than 30% is low (0.30 and 0.33 for scenarios 3 and 4). The risk 

of larger declines is very small. Therefore, under the current Tactical Plan we can expect the 

largest population declines to be in the order of 20-30% with analysis of the mean tendency 

indicating that on average a decline of 15-20% can be expected. 

2.5 Assumptions and limitations 

The life-history attributes of A. launcestonensis were derived from qualitative information 

provided by Kevin Bonham. Having previously estimated life-history parameters for another 

endemic Tasmanian snail (Tasmaphena lamproides in Regan et al. 2001), bounds on parameters 

were defined by comparison of the two snails, and their various attributes. An informal 

sensitivity analysis explored parameter values within these bounds and detected only minor 

sensitivity in the model outcomes. The current life-history parameterisation draws heavily on 

expert knowledge, and in the absence of further quantitative information, appropriately reflects 

our current understanding of the life-history attributes of A. launcestonensis. 

The dispersal capabilities of A. launcestonensis were estimated from the field observations of 

Kevin Bonham. A. launcestonensis is a large, slow-moving snail with poor dispersal capabilities. 

The snail is also long-lived, and not being particularly fecund has a very slow replacement rate 

estimated at 1.02. These characteristics resulted in populations being very sensitive to dispersal 

dynamics, and calibrating this part of the model was problematic. The habitat was highly 

fragmented therefore the number of arriving snails was often negligible. If more than 2% of the 

snails dispersed from the patch in a year then the population would decline as a population 

replacement rate of 1.02 would not be capable of sustaining the initial population size. Given this 

sensitivity an adjustment was applied that neutralised the net dispersal of snails from habitat 

patches, effectively maintaining a population growth rate of 1.02 across all patches. Modelling 

dispersal in this manner was one possible approach to counter the decreasing growth rate caused 

by small isolated patches. It is unknown whether the dispersal rates for A. launcestonensis depend 

on patch size and proximity. Research into this aspect of the species dynamics requires further 

attention.  

A uniform density across the range of the Northeast forest snail was assumed in the current 

habitat model, but this is known not to be the case in reality. Bonham (1996) found several sites 
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with unusually high population densities, but was unable to generalise this across the entire 

range for application in the habitat model. Bob Mesibov (unpubl. data) has also observed high-

density populations of up to 150-200 snails/ha. The status of these high-density habitats in the 

context of Forestry Tasmania’s Tactical Plan will undoubtedly cause some departure from reality 

in the current projections. Another simplifying assumption in the habitat model was the 

exclusion of habitats not containing mature rainforest trees. Although findings of the species 

alive in such areas are extremely rare (K. Bonham unpubl. data) they do occur sometimes in cases 

where the litter layer is exceptionally well developed or debris from a former forest type remains. 

The contribution of these marginal habitats to the species' population is unlikely to exceed a few 

percent, but the extent to which such populations influence the species' ability to disperse and 

survive disturbance events may affect model outcomes. These marginal habitats have not been 

modelled due to the difficulties of modelling an additional set of thousands of wet eucalypt 

patches each with a very low probability of containing the species. Further fieldwork could 

identify high-density populations and the status of marginal habitats, and this may improve the 

accuracy of the current model. However, this would draw resources away from the conservation 

efforts for other snails, in particular basic study of several lesser-known Tasmanian snails is 

needed (Bonham 1996). It is also unlikely that these departures from reality are having a large 

and systematic affect on the risk of decline of A. launcestonensis. 

A. launcestonensis is very sensitive to anthropogenic disturbances and fittingly assumptions 

regarding disturbance response were conservative; it is permanently eliminated when habitat is 

converted to plantation, and makes a very marginal recovery when subject to native forest 

harvesting. Under the current parameterisation, A. launcestonensis suffers no loss of viability in 

the context of Forestry Tasmania’s Tactical Plan. It only tolerates the current Tactical Plan because 

it is well reserved across its range, both formally within forest reserves (approximately 15% of the 

range), and informally within streamside reserves and habitat strips (approximately 30% of the 

range). Anthropogenic disturbances affect large tracts of mixed eucalypt forest (with a rainforest 

tree component), rainforest habitat strips and some streamside reserves that are trimmed under 

the scheduled disturbances. In total 23.7% of the total habitat is subject to anthropogenic 

disturbance. Given that disturbance response is conservative it is possible that predicted declines 

are over-estimated. Operational issues mean that the actual area subject to disturbance may be 

less than that indicated by the Tactical Plan. For example, the actual area subject to native forest 

harvesting may be discounted by approximately 10% due to the conservation of special values; 

similarly, the actual area subject to plantation establishment may be discounted by up to 35% 

subject to establishment and productivity issues (J. Meggs pers. comm.). Therefore the projected 

declines of 15-20% under the current Tactical Plan can be considered a worst-case prediction for 

this scenario.  
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Population viability analysis for the Northeast forest snail has confirmed the assertions of 

Bonham (1996) that the snail is "safe", and subject to the limitations of the model, essentially 

supports the subsequent removal of the snail's Vulnerable listing in 1999. Under the assumptions 

of the model, the results suggest that snail populations outside of large reserves should be 

monitored. The species' predicted tolerance of the scheduled disturbance regime is due largely to 

the reservation of rainforest habitats in forest reserves, habitat strips and streamside buffers. It is 

important that the current informal reservation afforded rainforest habitat strips and streamside 

buffers is not only maintained but also conducted effectively. This is particularly important 

because informal reserves are frequently "nibbled" at the edges during disturbance processes. 

Therefore it is recommended that the status and condition of informal rainforest reservations be 

monitored as Forestry Tasmania's Tactical Plan becomes operational. Some informal monitoring 

of A. launcestonensis populations in such informal reservations may also be worthwhile, especially 

where this can be conducted in conjunction with other invertebrate surveys to make best use of 

scarce resources. 
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3.1 Summary 

A meta-population model for the Giant velvet worm (Tasmanipatus barretti) representing its 

known range in northeast Tasmania was applied in the context of six disturbance regimes 

prescribing different levels of plantation conversion. Of most interest was the scenario 

representative of Forestry Tasmania’s Tactical Plan that prescribed disturbance from native forest 

harvesting (43.4% of total habitat area), and plantation conversion (3.2% of total habitat area). 

Given that T. barretti appears relatively insensitive to native forest harvesting followed by a low 

intensity regeneration burn (hypothesised to result in 25% mortality with full recovery in three 

years), and that plantation conversion only affected a small amount of habitat, projected 

population declines were small (3.6% net decline in population size after 100 years). Despite the 

small decline indicated by the mean tendency, the current Tactical Plan was found to inflate the 

risk of larger declines. For example, the risk of a 20% decline at some point over the next 100 

years was inflated from 0.02 to 0.42 when plantations prescribed in the current Tactical Plan were 

on schedule. Despite this inflated risk, the current Tactical Plan does not appreciably reduce total 

population size nor threaten the viability of T. barretti. 

3.2 Introduction 

The Giant velvet worm belongs to the phylogenetically significant phylum Onychophora, which 

has a close but as yet undetermined relationship to the largest animal phylum, Arthropoda 

(Moore 2001). Onychophora are believed to have changed little over the last hundred million 

years (Poinar 1996), and the phylum is of great interest to evolutionary biologists for its 

phylogenetic significance. Globally, approximately 140 species have been described and there are 

phylum-wide tendencies toward local endemism, disjunct populations and low densities. Such 

characteristics resulted in the entire phylum Onychophora being cited as vulnerable in the IUCN 

Invertebrate Red List (Wells et al. 1983). The Giant velvet worm shares these attributes, being 

endemic to northeast Tasmania and having a low population density across a largely unprotected 
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environment subject to disturbance from forestry and agriculture. The Giant velvet worm is listed 

as rare under the Tasmanian Threatened Species Protection Act 1995. 

A new genus, Tasmanipatus, was described in 1991 to contain the Giant velvet worm (T. barretti) 

and the Blind Velvet Worm (T. anophthalmus) (Ruhberg et al. 1991). The genus Tasmanipatus is 

distinguished from other live-bearing Onychophora by a unique combination of characters 

(Ruhberg et al. 1991), and appears to have diverged from the main lineage of Australasian 

Onychophora at a very early stage (Reid 1996). The two Tasmanipatus species are also unusual in 

exhibiting the only documented case of parapatry (contiguous but non-overlapping distributions) 

in Onychophora (Mesibov and Ruhberg 1991). Relative to the conservation efforts for 

invertebrates in general, previous efforts to enhance the conservation of T. barretti (e.g., Mesibov 

1990) represents an unusual investment of time and effort. Instances of invertebrate conservation 

remain extremely rare, not only in Australia, but elsewhere in the world (New 1995). Clearly, the 

Giant velvet worm is worthy of such a conservation effort, and it is hoped that the construction of 

population models can assist in further directing this effort.  

Onychophora are cryptic animals often living deep within decaying logs. The Giant velvet worm 

and its sister species the Blind Velvet Worm were not recognised until 1984 and 1987 

respectively. Little is known of the effects of the last 200 years of European settlement on Giant 

velvet worm populations. However, given that eucalypt forest would have been more or less 

continuous throughout northeast Tasmania, and given the current extent of clearing for 

agriculture, and disturbance from mining and forestry, a decline of some magnitude can be 

inferred (Mesibov 1988). Today the greatest threats to the Giant velvet worm are inappropriate 

fire management and the planned conversion of large tracts of wet eucalypt forest to plantation. 

Conservation management planning permits further plantation establishment within the range of 

T. barretti with the caveat that special actions may be required to reduce the chance of local 

extinction and fragmentation of populations. In this context the development of population 

models can assist in quantifying the magnitude of this threat and its consequences for the 

predicted population size and the risk of decline of T. barretti. In addition, alternative 

management scenarios that address the above caveat can be explicitly evaluated. 

3.3 Methods 

3.3.1 Habitat model 

The known range of the Giant velvet worm was estimated using presence records, expert 

judgments (R. Mesibov unpubl. data), and known parapatric boundaries. Presence/absence 
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records collated since the species was discovered in 1984 indicate a range of approximately 

600km2 in northeast Tasmania. The primary habitat requirement is the presence of moist rotting 

eucalypt logs, within which T. barretti shelters and lives. The range extends from dry sclerophyll 

forest near sea level at Scamander to wet sclerophyll forest at an elevation of 500m, north of 

Mathinna. It was formerly believed that the species was restricted to flow lines in dry sclerophyll 

forest (Mesibov and Ruhberg 1991), but more recently it has been found to occur more or less 

continuously through dry forest, subject to the availability of a decaying log habitat (Mesibov 

1997). Given that considerable effort has been expended in searching for T. barretti over the past 

14 years (Mesibov et al. 2002), presence records should reasonably reflect the actual range of the 

species; for this reason a minimum convex polygon enclosing presence records was chosen as an 

appropriate means to determine range extent. The distribution also has a parapatric boundary on 

its southern edge with its congener the Blind Velvet Worm, and the northwest range boundary 

lies along the Goulds Country Break (Mesibov 1996, p.22). Within this range, areas of dry and wet 

eucalypt forest identified from Forestry Tasmania’s ForestClass2001 GIS layer were included as 

suitable habitat. Areas of existing plantation (see section on disturbance below), cleared land, and 

unsuitable forest types were removed as potential habitat.  

Habitat patches were identified based on available habitat and were further demarcated 

according to Forestry Tasmania’s coupe structure to facilitate a consistent disturbance regime 

within each patch. Therefore, where a habitat patch crossed a coupe boundary it was subdivided 

using a 15m buffer, which should facilitate good dispersal between the subdivided patches. The 

final meta-population patch structure was determined using RAMAS GIS (Akçakaya and Root 

2002). This process resulted in the identification of 882 populations of T. barretti, covering a total 

of 56,078ha of suitable habitat. Because of software limitations in RAMAS Metapop (Akçakaya 

and Root 1998), two separate population models were built, one for the dry eucalypt part of the 

range (451 patches), and one for the wet eucalypt part (431 patches). The dispersal model 

described below indicated that there would be negligible dispersal between the two parts of the 

range. The metapopulation abstraction for the northern, wet eucalypt part of the range is shown 

in Figure 3.1. Interconnecting lines between populations indicate the dispersal dynamics of the 

metapopulation. The two sections of the range were modelled separately, on the assumption that 

that environmental stochasticity in the two regions was uncorrelated. This should be a safe 

assumption given the different forest types and the small magnitude of stochasticity (coefficient 

of variation of 5%) affecting vital rates (see section on life history attributes below). This 

subdivision is useful as it facilitates a separate examination of viability for populations in the wet 

eucalypt forests, which are scheduled for a majority of the plantation conversion. 
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Figure 3.1: Metapopulation abstraction for the northern, wet eucalypt part of T. barretti's range 

Contrary to early findings that the largest populations comprised those in continuous tracts of 

wet eucalypt forest in the western portion of the range (Mesibov and Ruhberg 1991), T. barretti 

were assumed to be equally abundant in wet and dry sclerophyll forest. This follows more recent 

findings that T. barretti are equally abundant in the two forest types (Mesibov 1997, R. Mesibov 

unpubl. data). A uniform density of 80/ha was applied to suitable habitat, resulting in a total 

current population estimate of approximately 4.5 million individuals. This is within the bounds 

of what has previously been estimated, between two and 10 million individuals (R. Mesibov 

unpubl. data). The final metapopulation structure for the entire range of T. barretti is shown in 

Figure 3.2, together with the scheduled anthropogenic disturbances of Forestry Tasmania’s 

Tactical Plan. 
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Figure 3.2: Habitat model for the Giant velvet worm delineated into coupes and with disturbance according 

to Forestry Tasmania's Tactical plan 

3.3.2 Life history attributes 

Given its recent discovery, there has been little opportunity for detailed studies of T. barretti’s life 

history attributes. Therefore, the life history attributes required for model development have been 

largely inferred from other Onychophora and the field observations of one of us (R.M.). The 

Giant velvet worm is so named because it is the largest Tasmanian onychophoran, extending to 

75mm when walking, and has velvety skin that is pink-mauve on the back of the body and white 

underneath.  

Reproductive attributes were inferred from closely related Onychophora, in particular 

Euperipatoides rowelli, a well-studied (e.g., Sunnucks et al. 2000) velvet worm from New South 

Wales, which should have similar life history attributes (H. Ruhberg pers. comm.). The 

reproductive attributes of Onychophora are diverse, and often very unusual (Sunnucks and Tait 

2001). The birth of young has not been observed for T. barretti, and a brood size of 10-15 young 

was inferred from that for T. anophthalmus, which has been observed producing 12 and 16 young 

(Mesibov and Ruhberg 1991), and from reproductive trends for other Onychophora (Monge-

Najera 1994). Seasonal reproduction has been observed in other Onychophora (Sunnucks et al. 
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2000), and therefore a single seasonal brood is expected for T. barretti. Following Sunnucks et al. 

(2000), male and female T. barretti are assumed to be sexually mature at one year of age. 

Onychophoran longevity has been estimated to range between one and seven years (Monge-

Najera and Lourenco 1995). A mean longevity of five years is assumed to be appropriate for T. 

barretti. 

T. barretti emerge from their decaying log habitat to mate, disperse and feed on insects and other 

forest litter invertebrates (Mesibov and Ruhberg 1991). It is while they are outside of their log-

habitat that they are most at risk of predation or desiccation. Mortality rates are assumed to be 

low in the absence of disturbance, with neither predation nor desiccation ever being witnessed 

for T. barretti (Mesibov and Ruhberg 1991).  

A stage-structured population model was built based on the life history attributes of juvenile and 

adult life stages. The stage matrix (3.1) is shown below. 









75.05.0
0.20.0

  (3.1)
 

The finite rate of increase for stage matrix (3.1) is 1.44 and average stage occupancy for juveniles 

and adults is one and four years respectively. A fecundity rate of two offspring per adult reflects 

a high mortality rate immediately after birth (Monge-Najera and Lourenco 1995). At each time 

step of the simulation, the fecundity and survival rates were sampled from lognormal 

distributions with mean values as shown in (3.1) and standard deviations of 5% of the mean for 

both reproduction and survival rates. These low levels of environmental stochasticity reflect the 

minor levels of stochasticity likely to be affecting the decaying log habitat in the absence of major 

disturbance. Scramble competition density-dependence among individuals is assumed whereby 

vital rates for each time-step are adjusted downward such that the finite rate of increase is equal 

to the Ricker function of the abundance from the previous time-step (Akçakaya and Root 1998). 

Basically, this dictates that as the number of individuals increases, the resources available to each 

individual decreases. 

3.3.3 Dispersal 

Adult T. barretti have been found to disperse at least 20m from their decaying-log habitat (R. 

Mesibov unpubl. data). Barclay et al. (2000), in a rare study of onychophoran dispersal, found 

quite high rates of dispersal among logs in close proximity; Onychophora dispersed between logs 

10m apart in four months. They hypothesise that onychophoran dispersal may be pheromonally 

mediated. Males are the predominant dispersers and females disperse to new log habitat when 
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levels of male pheromone reach a certain level (Barclay et al. 2000). Based on these observations, 

T. barretti is assumed to be capable of approximately 20m net dispersal per year. 

To characterise the unusual dispersal dynamics of T. barretti, a dispersal model was constructed 

based loosely on that developed for spatially structured populations by Possingham and Davies 

(1995). The model was constructed assuming that only individuals located within 20m of the 

patch edge were capable of dispersing into adjoining habitat patches, and that individuals had a 

maximum dispersal of 40m per year. The number of potentially dispersing individuals was 

calculated as the proportion of areas within 20m of the patch edge to the total patch area. The 

probability of arriving at an adjoining patch was calculated as a function of the edge-to-edge 

distance and the patch width. The larger the edge-to-edge distance and the smaller the width, the 

fewer the individuals to successfully disperse. Individuals dispersing and failing to reach an 

adjoining patch were subject to dispersal mortality. The dispersal dynamics among the 882 

populations of T. barretti were implemented using C++ code that informed RAMAS Metapop of 

dispersal during runs of the population model. 

3.3.4 Disturbance dynamics 

The current body of evidence suggests that the clearfelling of coupes followed by a low intensity 

regeneration burn has little effect on populations of T. barretti. In the study of Horner (1998), T. 

barretti populations were maintained following clearfall logging and regeneration burning. The 

limited effect of forestry practices is due to the fact that the decaying log habitat is generally left 

undisturbed (Horner 1998). There is also field evidence of previous fires in a majority of sites at 

which T. barretti occurred (Mesibov and Ruhberg 1991). In extreme cases, T. barretti were found 

sheltering in the charcoal deposits of severely burnt logs (Mesibov and Ruhberg 1991). Despite 

this, frequent or very hot fires may potentially destroy decaying log habitats and desiccate local 

populations. Current forest practices prohibit the use of high intensity regeneration burns within 

the range of T. barretti. The effect of clearfall logging followed by a low intensity regeneration 

burn is assumed to result in approximately 25% mortality from incidental desiccation, with 

populations fully recovering within two to three years. This is described in the recovery function 

of (3.2):  

( )( )teR 8.01*25.075.0 −−+=   (3.2) 

where R is the proportion of recovery, i.e., R=1 is fully recovered, and t is the time since 

harvesting. 
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Wildfires are common in dry sclerophyll forests, and will generally be of a similar intensity to 

low intensity regeneration burns. Given this, 25% mortality from incidental desiccation, with 

populations fully recovering within two to three years should also apply to wildfires and the 

same habitat recovery function (3.2) was used. 

The frequency and extent of wildfires was estimated using Forestry Tasmania’s Continuous 

Forest Inventory fire history records as described in the methods section at the beginning of this 

report. In wet eucalypt forest, areas of suitable habitat were burnt on average once every 100 

years. In dry eucalypt forest, areas of suitable habitat were burnt on average once every 40 years. 

Wildfires in dry eucalypt forest also tended to be of smaller extent than those in wet forest, and 

scale was adjusted downward in the disturbance module when habitat consisted of dry forest. To 

ensure that wildfires had the correct spatial structure, a spatial correlation function was 

parameterised for wet and dry eucalypt forest (See section 3.2.1. for further details of the 

methodology).  

It has previously been assumed that conversion of native forest to softwood and hardwood 

plantations will result in habitat that is unsuitable for T. barretti (Mesibov 1988, p.19, Mesibov 

1990, p.54). However, eucalypt logs will survive several plantation rotations, and may provide 

suitable habitat. Furthermore, thriving populations of other Onychophora (Ooperipatellus spp.) 

have been found in Tasmanian softwood and hardwood plantations (Mesibov 1998, Bonham et al. 

2001). Given the uncertainty surrounding this assumption, one of us (R.M.) searched for T. 

barretti in plantations within the range of the species. T. barretti were apparently absent from first 

rotation plantations, but were readily found in adjoining native forest (Mesibov 2001). Eucalypt 

logs remaining in plantations appeared to be unsuitable habitat for T. barretti. It was 

hypothesised that the impoverished invertebrate litter fauna of plantations may limit prey 

availability (Mesibov 2001). Given these findings, conversion of native forest to plantation has 

been assumed to render the habitat permanently unsuitable for T. barretti. 

3.3.5 Management scenarios 

Six management scenarios were identified based on Forestry Tasmania’s Tactical Plan, ranging 

from minimum to maximum levels of habitat disturbance as described in the methods section at 

the beginning of this report. The six management scenarios resulted in increasing habitat 

disturbance from native forest harvesting and plantation conversion. The percentage of the total 

habitat areas subject to the various disturbances for northern, central and all habitat areas 

combined are detailed in Tables 3.1-3.3. 
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Table 3.1: Percentage of habitat area subject to disturbance – Northern section 

Management 
Scenarios 

Plantation 
conversion 

Native forest 
harvesting 

Free from 
disturbance 

Scenario 1 0 0 100 

Scenario 2 0 56.5 43.5 

Scenario 3 7.9 48.6 43.5 

Scenario 4 10.3 46.2 43.5 

Scenario 5 22.6 33.9 43.5 

Scenario 6 24.8 33.9 41.3 

 

Table 3.2: Percentage of habitat area subject to disturbance – Central section 

Management 
Scenarios 

Plantation 
conversion 

Native forest 
harvesting 

Free from 
disturbance 

Scenario 1 0 0 100 

Scenario 2 0 42.4 57.6 

Scenario 3 0.2 42.2 57.6 

Scenario 4 0.3 42.1 57.6 

Scenario 5 8.6 33.5 57.6 

Scenario 6 8.7 33.5 57.5 

 

Table 3.3: Percentage of habitat area subject to disturbance – Total habitat 

Management 
Scenarios 

Plantation 
conversion 

Native forest 
harvesting 

Free from 
disturbance 

Scenario 1 0 0 100 

Scenario 2 0 46.6 53.4 

Scenario 3 2.5 44.1 53.4 

Scenario 4 3.2 43.4 53.4 

Scenario 5 12.5 34.1 53.4 

Scenario 6 13.2 34.1 52.7 
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Tables 3.1-3.3 indicate that strategic and Tactical plantation conversions are concentrated in the 

more productive environments provided by the wet eucalypt forests of the Northern section. 

Each scenario prescribed above was implemented over a projection period of 100 years for 100 

replicates.  

3.4 Results 

Results will be presented for the northern section of the range, which is subject to a majority of 

the plantation conversion, and for the northern and southern sections combined, which 

represents the entire range of T. barretti. 

3.4.1 Mean tendency 

The mean population trajectories of 100 replications for each management scenario are shown for 

the entire extent of T. barretti in Figure 3.3. Mean tendencies as well as box and whisker plots 

representing 1 standard deviation either side of the mean and extreme values respectively are 

shown in Figure 3.3. 
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Figure 3.3: Trajectory summaries for all scenarios over 100 years 

The slight population decline in the ‘no disturbance’ scenario over the first 10 years can be 

attributed to the introduction of stochastic fire events. Frequent small fires in the dry eucalypt 

part of the range may be responsible for this decline. For this reason, trends in the mean tendency 

for the five disturbance scenarios will be quantified relative to the mean tendency for the ‘no 

disturbance’ scenario rather than the initial population size. Because stochastic wildfires will 

have affected populations previously, initial population estimates may be unrealistic, and are 

perhaps better reflected by the stable population size achieved after 10 years in the ‘no 

disturbance’ scenario. Therefore, a revised current population estimate can be inferred from this 

stable population size of approximately 4.3 million individuals. 

The scenario involving only native forest harvesting results in very little net decline over the 

projection period. This is because populations within coupes only suffer 25% mortality as a result 

of low intensity regeneration burns. The harvesting of standing timber has a negligible 

immediate effect on the decaying-log habitat. The surviving 75% is capable of population growth 

rates in the vicinity of 1.4, which allow the population to effectively regain pre-disturbance 

population levels within five years.  

Plantation conversion results in habitat becoming permanently unsuitable, effectively causing 

local extinctions at the coupe level. Mean tendencies for disturbance scenarios reflect these 
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varying levels of habitat loss and local extinction. Because population density is assumed to be 

uniform, change in the mean tendency relative to the ‘no disturbance’ scenario should reflect the 

amount of habitat lost to plantation conversion. Any additional loss in total population size will 

reflect flow-on effects resulting from disruption of dispersal dynamics. A comparison of percent 

total habitat lost to plantation conversion and percent reduction in total population size is shown 

in Table 3.4. Percent reduction in total population size is estimated from the more or less stable 

tendency achieved after plantation conversion ceased in 2020.  

Table 3.4: Effects of plantation conversion on available habitat and total population size – Northern and 

Southern sections combined 

Management scenario % habitat lost % decline in total population 

Scenario 3 2.5 2.9 

Scenario 4 3.2 3.6 

Scenario 5 12.5 13.8 

Scenario 6 13.2 14.8 

 

There is almost exact correspondence between % habitat lost and % population decline. Flow-on 

effects resulting from disrupted dispersal dynamics appear to be minor for T. barretti resulting in 

an additional decline of only 0.4%. Conversion to plantation will impede dispersal, slowing 

recovery, and will increase mortality in individuals dispersing from adjacent native forest. 

Despite this, the additional decline due to the breakdown of dispersal dynamics is minor, and 

this suggests that T. barretti is relatively insensitive to dispersal dynamics. 

Forestry Tasmania’s current Tactical Plan is represented by scenarios 3 and 4; scenario 3 includes 

Tactical plantation conversion scheduled within the next 10 years, while scenario 4 includes 

tactical and strategic plantation conversion scheduled within the next 20 years. Relative to the 

entire range of T. barretti, tactical and strategic conversions affect only a small area (2.5% and 

3.2% respectively). This is due to the large, dry eucalypt portion of T. barretti’s range being 

unsuitable for plantation conversion. Corresponding to this, the observed population declines are 

small: 2.9% and 3.6% decline for scenarios 3 and 4 respectively. Given this small projected decline 

and its relative insensitivity to disturbance from native forest harvesting, T. barretti appears 

robust to the disturbance regimes described by scenarios 3 and 4. 

Scheduled plantation conversion associated with the current Tactical Plan is concentrated in the 

wet eucalypt forests of the northern portion of T. barretti’s range. When we examine mean 
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tendencies for the northern patch (shown in Figure 3.4), population declines resulting from 

plantation conversion become more dramatic. Relative declines for scenarios 3 through 6 are 

detailed in Table 3.5. 

 

Figure 3.4: Trajectory summaries for each scenario for the northern range of GVW 

Table 3.5: Effects of plantation conversion on available habitat and total population size – Northern section 

Management scenario % habitat lost % decline in total population 

Scenario 3 7.9 8.4 

Scenario 4 10.3 10.7 

Scenario 5 22.6 26.1 

Scenario 6 24.8 28.3 

 

For the northern section of T. barretti’s range, projected population declines of 8.4% and 10.7% for 

scenarios 3 and 4 indicate substantial departures from the ‘no disturbance’ scenario. Such 

declines were not observed when trajectories were examined for the entire range. Despite these 

declines, populations in the northern region suffer no discernible loss of viability, with 
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trajectories remaining stable after 2020. A projected decline of 10.7% after 100 years also satisfies 

Forestry Tasmania’s threatened species caveat that projected population declines (attributable to 

forestry activity) should not exceed 20% over the next 10 years. 

3.4.2 Risk analysis 

Probability of decline 

Final population sizes for the 100 replicates of each management scenario in the year 2101 can be 

used to estimate the probability that population size will decline below population thresholds. 

This is represented graphically by plotting probability against population threshold, and is useful 

for comparing management scenarios. A graph of probability of decline is shown for the northern 

section and the entire range of T. barretti in Figures 3.5 and 3.6. Risk curves are plotted together 

with 95% confidence intervals based on the Kolmogorov-Smirnov test statistic (Akçakaya and 

Root 1998).  

For terminal risk curves, the extent to which the curve is moved to the left represents the increase 

in risk of population decline at the end of the projection period. It can be observed that increasing 

levels of disturbance move risk curves further to the left and thus increase the risk of smaller 

populations after 100 years. This is most noticeable for the extreme disturbance scenarios; 

scenarios 5 and 6. When examined for the entire range, scenarios 3 and 4 result in very little 

change in the risk of small populations. However, when examined for the northern section, the 

change in risk is more noticeable. 

To offset the decline to stable population size affecting all scenarios, the magnitude of decline 

was also calculated as a percentage of the average ‘no disturbance’ (Scenario 1) population size at 

2001. These results for the five disturbance scenarios are tabulated for the northern section and 

the entire range in Tables 3.6 and 3.7. 

Tables 3.6 and 3.7 indicate that the risks of decline of 20% after 100 years under the current 

Tactical Plan (scenarios 3 and 4) are very small (never exceeding 0.03) for both the entire range 

and the northern section of T. barretti. It can also be observed that such a decline becomes highly 

likely under Scenarios 5 and 6 (never falling below 0.94).  
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Figure 3.5: Terminal risk curves for all scenarios after 100 years 

 

Figure 3.6: Terminal risk curves for all scenarios for northern range of GVW after 100 years 
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Table 3.6: Probability of a 5, 10, 20, 30, and 50% terminal decline in total population size relative to the ‘no 

disturbance’ scenario at 2001 for the northern patch. The terminal population size for the ‘no disturbance’ 

scenario is 1,242,669. 

 5% 10% 20% 30% 50% 

Scenario 2 0.15 0.03 0.00 0.00 0.00 

Scenario 3 0.83 0.30 0.00 0.00 0.00 

Scenario 4 0.97 0.60 0.02 0.00 0.00 

Scenario 5 1.00 1.00 0.99 0.13 0.00 

Scenario 6 1.00 1.00 1.00 0.33 0.00 

 

Table 3.7: Probability of a 5, 10, 20, 30, and 50% terminal decline in total population size relative to the ‘no 

disturbance’ scenario at 2001 for the entire range of T. barretti. The terminal population size for the ‘no 

disturbance’ scenario is 4,275,293. 

 5% 10% 20% 30% 50% 

Scenario 2 0.14 0.01 0.00 0.00 0.00 

Scenario 3 0.26 0.07 0.02 0.00 0.00 

Scenario 4 0.31 0.10 0.03 0.00 0.00 

Scenario 5 1.00 1.00 0.94 0.25 0.00 

Scenario 6 1.00 1.00 0.98 0.33 0.00 

 

Quasi-extinction risk 

In the absence of a quantifiable extinction risk, quasi-extinction risk can be defined as the 

probability that the total population size will fall below a population threshold at least once over 

the projection period (Ginzburg et al. 1982). Quasi-extinction curves are constructed by plotting 

probabilities against a range of population thresholds. These curves reflect the likelihood of 

extreme events that lead to the smallest population sizes, and are of particular interest in 

managing for the conservation of rare or threatened species. Quasi-extinction risk curves for a 

100-year time horizon for the northern section and the entire range of T. barretti are shown in 

Figures 3.7 and 3.8 respectively. Quasi-extinction curves are constructed by recording the 

smallest population size from each replication of the simulation, and calculating the number of 

times this smallest population size falls below population thresholds (Burgman et al. 1993). 
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Figure 3.7: Quasi-extinction risk curves entire GVW range for projections over 100 years 

 

Figure 3.8: Quasi-extinction risk curves for projections of northern GVW range over 100 years 

Compared to the terminal risk of decline curves examined in the preceding section, the quasi-

extinction risk curves appear far more sensitive to scenarios 3 and 4. Thus the risk of falling to 
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small population sizes at some point in the projection period is increased in the context of 

Forestry Tasmania’s current Tactical Plan. This is further examined in Tables 3.8 and 3.9. 

Table 3.8: Probability of a 5, 10, 20, 30 and 50% interval decline in total population size relative to the ‘no 

disturbance’ scenario at least once in the next 100 years for the northern patch. A stable population size for 

the ‘no disturbance’ scenario was calculated as 1,243,150. 

 5% 10% 20% 30% 50% 

Scenario 2 1.00 0.68 0.12 0.00 0.00 

Scenario 3 1.00 1.00 0.49 0.04 0.00 

Scenario 4 1.00 1.00 0.62 0.09 0.00 

Scenario 5 1.00 1.00 1.00 1.00 0.00 

Scenario 6 1.00 1.00 1.00 1.00 0.00 

 

Table 3.9: Probability of a 5, 10, 20, 30 and 50% interval decline in total population size relative to the ‘no 

disturbance’ scenario at least once in the next 100 years for the entire range of T. barretti. A stable 

population size for the ‘no disturbance’ scenario was calculated as 4,292,311. 

 5% 10% 20% 30% 50% 

Scenario 2 0.34 0.10 0.02 0.00 0.00 

Scenario 3 1.00 1.00 0.38 0.00 0.00 

Scenario 4 1.00 1.00 0.42 0.00 0.00 

Scenario 5 1.00 1.00 0.97 0.33 0.00 

Scenario 6 1.00 1.00 1.00 0.34 0.00 

 

Tables 3.8 and 3.9 reveal that all the scenarios involving some degree of plantation conversion 

(scenarios 3-6) will always (probability of 1.0) result in a decline of more than 10% at some point 

over the next 100 years. The risk of a 20% decline is also inflated by scenarios involving 

plantation conversion. For scenarios 3 and 4 there is a 0.38 and 0.42 probability that the projected 

population will decline by more than 20% at least once over the next 100 years. For the northern 

section these risks are inflated to 0.49 and 0.62 respectively. When evaluating quasi-extinction 

risks it must be remembered that they reflect the consequences of extreme events, and the risks 

detailed in Tables 3.8 and 3.9 quantify the probability of these events occurring through the 

projection period. For T. barretti, a quasi-extinction event is likely to be the result of coincident 

disturbance from a very large wildfire and anthropogenic disturbances. This could be further 
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exacerbated by demographic stochasticity, which controls fecundity and mortality rates. In the 

context of Forestry Tasmania’s threatened species caveat, there is an approximate probability of 

0.4 of such a quasi-extinction event causing a projected population decline of more than 20% at 

least once over the next 100 years. This risk is not trivial, but is perhaps acceptable, given no 

discernible loss of population viability. 

Although the change in risk of decline due to the plantation conversion prescribed in Forestry 

Tasmania’s Tactical Plan is apparent, the risk of larger declines of 30 and 50% is zero. This 

examination of risk coupled with the stable trend of the mean tendencies indicates that the 

disturbance prescribed in the current Tactical Plan does not appreciably reduce total population 

size nor threaten the viability of T. barretti. 

3.5 Assumptions and limitations 

The Giant velvet worm is a cryptic animal, spending most of its life buried deep within rotting 

eucalypt logs. Despite renewed interest in Onychophora, many of their life history and dispersal 

traits remain a mystery, and the development of models in this instance was only possible given 

the field observations of one of us (R.M.) and the recent work of Sunnucks et al. (2000). 

Parameterising the life-history component of the model involved some speculation, however, 

selected parameters were always estimated within the bounds of qualitative observations on T. 

barretti and quantitative results from other Onychophora. A sensitivity analysis revealed that 

model outcomes were not sensitive to any component of the life history parameterisation. Model 

outcomes consistently reflected the extent of plantation conversion associated with each scenario. 

This eases our reliance on the accuracy of the life-history parameters. If the life history 

parameterisation was contributing to, or exacerbating projected declines, then further study of 

the life history part of the model would be required. For T. barretti, other parts of the model 

should be validated before life-history parameters are refined. Such a recommendation would 

entail a large expenditure of time and effort with the dismantling of logs by hand required for the 

collection of quantitative life-history information (e.g., Sunnucks et al. 2000). The conservation 

effort required to further refine life history parameters may be better directed at lesser-known 

endemic invertebrates. 

Estimating the dispersal dynamics was also based on the qualitative observations of one of us 

(R.M.). A sensitivity analysis revealed that outcomes were insensitive to dispersal dynamics. This 

is because dispersal rates were very small, and made a negligible contribution to population 

maintenance. Dispersal is also relatively unimportant when 75% of the population survives 
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native forest harvesting, and a population growth rate of 1.44 allows it to quickly regain carrying 

capacity. 

Scale considerations may be particularly important for T. barretti and other invertebrates, as each 

coupe may comprise an individually functioning population. Results from analysis of mean 

tendencies indicated that dispersal dynamics are only making a minor contribution to population 

maintenance. This is consistent with observations that T. barretti has an ability to maintain itself in 

isolated pockets of habitat (R. Mesibov unpubl. data) and is consistent with its opportunistic use 

of an often fragmented decaying-log habitat. Given this, an area the size of a coupe may support 

a self-sufficient population of T. barretti, capable of maintaining itself in perpetuity. Evidence of 

this has been observed for Euperipatoides rowelli in New South Wales. The application of DNA 

markers by Sunnucks and Tait (2001) revealed that Onychophora of the same species were 

genetically distinct in two populations separated by less than 10kms on a transect through the 

Great Dividing Range. Remarkably, genetic divergence was as great as that between a bee and a 

fly. What must be ensured is that such intra-species diversity in T. barretti is not reduced by the 

local extinctions resulting from plantation conversion. The intra-species diversity of T. barretti 

may be considerable given the variety of different habitats it frequents. Sunnucks and Tait (2001) 

suggest that the actual species diversity of Australian velvet worms may be 100 times greater 

than the number currently identified using traditional morphological traits. Such considerations 

make it imperative that populations remain viable in the northern, wet eucalypt portion of the 

range. Although this area is subject to quite intensive plantation conversion (approximately 10% 

of habitat area), a separate analysis for the northern section indicated that the T. barretti 

populations were capable of maintaining themselves, and suffered no discernible loss of viability. 

An informal sensitivity analysis revealed that model outcomes were sensitive to disturbance 

response parameters. The resilience of T. barretti in the face of native forest harvesting reflects our 

current understanding. An estimate of 25% incident mortality from desiccation followed by a 

rapid recovery within three years is consistent with the qualitative observations of one of us 

(R.M.). Any refinement on these estimates would entail census before, during and after native 

forest harvest, which is impossible as an initial census requires the destruction of habitat and 

therefore precludes further census. The qualitative observations were collected by observing 

populations at different stages of recovery, and clearly, this is the best information available. The 

assumption that plantations are unsuitable habitat for T. barretti was confirmed with findings 

from Mesibov (2001) indicating their absence from first rotation plantations, despite their 

presence in adjoining native forest. 

The assumption that regeneration burns are low intensity may also be optimistic (P. Wells pers. 

comm.), but it is a management directive for native forest harvesting within the range of T. 
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barretti. High intensity regeneration burns are believed to result in much higher mortality and 

much slower recovery rates. The results detailed in this report are dependent on hot regeneration 

burns being averted. Therefore it is important that the current directive is implemented and 

maintained. If high intensity regeneration burns eventuate then projected declines will be much 

larger, as almost half of T. barretti’s range is subject to this disturbance on an ongoing basis. 

Furthermore, the model assumes that the effect of low intensity regeneration burns result in a 

25% mortality with the population fully recovering in two or three years. This assumption may 

be lead to optimistic predictions as it implies that the decaying log habitats are of similar 

condition after the harvesting event. Grove et al. (2002) suggests that native forest management 

has tended to result in a gradual diminution of decaying log habitats with potentially profound 

effects on dependent biodiversity. More information regarding the intensity of regeneration 

burns and the impact on the condition and quality of decaying log habitat within the species 

range is required.  

In the absence of further quantitative information on model parameters, and the associated 

investment of time and effort, the current model and results can be used to indicate the 

appropriateness of anthropogenic disturbances within the range of T. barretti.  

References 

Akçakaya, H.R., and Root, W. 1998. RAMAS Metapop: Viability Analysis for stage-structured 

metapopulations. Applied Biomathematics, Setauket, New York. 

Akçakaya, H.R., and Root, W. 2002. RAMAS GIS: Linking Landscape Data with Population 

Viability Analysis (version 4.0). Applied Biomathematics, Setauket, New York. 

Barclay, S.D., Rowell, D.M., and Ash, J.E., 2000. Pheromonally mediated colonization patterns in 

the velvet worm Euperipatoides rowelli (Onychophora). Journal of Zoology (London), 250: 437-446. 

Bonham, K.J., Mesibov, R., and Bashford, R. 2001. Diversity and abundance of ground-dwelling 

invertebrates in plantation vs. native forests in Tasmania, Australia. Forest Ecology and 

Management 158: 237-247. 

Burgman, M.A., Ferson, S., and Akçakaya, H.R. 1993. Risk Assessment in Conservation Biology. 

Chapman and Hall, London. 



Chapter 3: Giant velvet worm (Tasmanipatus barretti)  92 

Horner, D., 1998. Comparative study of the effects of logging operations on the GVW populations 

of GC171A. Unpublished report to Forestry Tasmania. 

Ginzburg, L.R., Slobodkin, L.B., Johnson, K., and Bindman, A.G. 1982. Quasi-extinction 

probabilities as a measure of impact on population growth. Risk Analysis, 2: 171-181. 

Grove, S., Meggs, J. and Goodwin, A. 2002, A Review of Biodiversity Conservation Issues 

Relating to Coarse Woody Debris Management in the Wet Eucalypt Production Forests of 

Tasmania. Unpublished report to Forestry Tasmania.  

Mesibov, R. 1988. Tasmanian Onychophora. Unpublished report to the Department of Lands, 

Parks and Wildlife, Hobart. 

Mesibov, R. 1990. Velvet worms: a special case of invertebrate fauna conservation. Tasforests 2: 

53-55. 

Mesibov, R. 1996. Invertebrate Bioregions in Tasmania. Report to Tasmanian RFA Environment 

and Heritage Technical Committee. 

Mesibov, R. 1997. The Blind Velvet Worm (Tasmanipatus anophthalmus): A background report for 

conservation planners. Unpublished report for the Threatened Species Unit, Department of 

Environment and Land Management, Tasmania. 

Mesibov, R. 1998. Velvet Worms in Plantations. Internal report, Forestry Tasmania. 

Mesibov, R. 2001. Giant velvet worms (Tasmanipatus barretti) and plantations. An unpublished. 

report for the project “Linking landscape ecology and management to population viability 

analysis”. 

Mesibov, R. and Ruhberg, H. 1991. Ecology and conservation of Tasmanipatus barretti and T. 

anophthalmus, parapatric onychophorans (Onychophora: Peripatopsidae) from north eastern 

Tasmania. Papers and Proceedings of the Royal Society of Tasmania, 125: 11-16. 

Mesibov, R., Bonham, K.J., Doran, N., Meggs, J., Munks, S., Otley, H., and Richards, K. 2002. 

Single-species sampling in Tasmania: an efficient approach to invertebrate conservation? 

Invertebrate Systematics 16: 655-663. 



Chapter 3: Giant velvet worm (Tasmanipatus barretti)  93 

Monge-Najera, J. 1994. Reproductive trends, habitat type and body characteristics in velvet 

worms (Onychophora). Revista de Biolgia Tropical, 42: 611-622. 

Monge-Najera, J., and Lourenco, W.R., 1995. Biogeographic implications of evolutionary trends in 

Onychophorans and Scorpions. Biogeographica, 71: 179-185. 

Moore, J. 2001. An Introduction to the Invertebrates. Cambridge University Press, Cambridge. 

New, T.R., 1995. Onychophora in invertebrate conservation: priorities, practice and prospects. in 

Onychophora: past and present., Eds., M.H. Walker and D.B. Norman. Zoological Journal of the 

Linnean Society, 114: 77-89. 

Poinar, G. 1996. Fossil velvet worms in Baltic and Dominican amber: Onychophoran evolution 

and biogeography. Science, 273: 1370-1371. 

Possingham, H.P., and Davies, I. 1995. ALEX: A model for the viability analysis of spatially 

structured populations. Biological Conservation, 73: 143-150. 

Reid, A.L., 1996. Review of the Peripatopsidae (Onychophora) in Australia, with comments on 

peripatopsid relationships. Invertebrate Taxonomy, 10: 663-669. 

Ruhberg, H., Mesibov, R., Briscoe, D.A., and Tait, N.N. 1991. Tasmanipatus barretti gen. nov., sp. 

nov. and T. anophthalmus sp. nov.; two new and unusual onychophorans (Onychophora: 

Peripatopsidae) from northeastern Tasmania. Papers and Proceedings of the Royal Society of 

Tasmania, 125: 7-10.  

Sunnucks, P., and Tait, N. 2001. What’s so interesting about velvet-worm sex? – Tales of the 

Unexpected. Nature Australia, Winter 2001: 60-69. 

Sunnucks, P., Curach, N.C., Young, A., French, J., Cameron, R., Briscoe, D.A., and Tait, N.N. 2000. 

Reproductive biology of the Onychophoran Euperipatoides rowelli. Journal of Zoology (London), 

250: 447-460. 

Wells , S.M., Pule, R.M., and Collins, N.M. 1983. The IUCN Invertebrate Red Data Book, IUCN, 

Gland, Switzerland, 632pp. 



Chapter 4: Myrtle (Nothofagus cunninghamii)  94 

Chapter 4. Myrtle (Nothofagus cunninghamii (Hook.) 
Oerst.) 
 

Mark Burgman, Kate Graham, Julian Fox and John Hickey 
 

4.1 Summary 

Nothofagus cunninghamii is the dominant tree species of cool temperate rainforests in south-

eastern Australia and Tasmania. The disease myrtle wilt kills mature trees within three years of 

infection and has reached epidemic proportions in some locations, associated with human 

activities. A stochastic model was built to represent N. cunninghamii population dynamics and its 

interaction with the disease. Management options and model sensitivities were explored. The 

model suggests that epidemics are unlikely in the absence of substantial human wounding, 

although sporadic flushes of disease activity are likely. Strategies such as treatment of branch 

wounds, reducing human-caused wounding and determining periods of low spore production in 

order to time disturbance activities to coincide with periods of low spore production may 

substantially reduce the chance of elevated disease symptoms in rainforest stands, depending on 

assumptions about disease dynamics.  

4.2 Introduction 

Myrtle wilt disease is fatal to Myrtle (Nothofagus cunninghamii (Hook). Oerst.), the dominant 

species of cool temperate rainforest in south-eastern Australia. Cameron and Turner (1996) 

speculated that elevated rates may be due to interactions between disease dynamics and human 

activities that wound trees and affect forest composition. Remote and undisturbed stands 

experience relatively low levels of the disease (Packham 1994). Cameron and Turner (1996), Lane 

(1997, 1998), and others (P. Burns and P. Maxwell pers. comm.) have speculated that some 

regions, especially those associated with human activities such as timber harvesting, road 

building and tourism, experience high rates of disease, probably higher than could be sustained 

in the medium term.  

Myrtle wilt disease is caused by the endemic pathogenic hyphomycete Chalara australis Walker 

and G.A. Kile. Airborne inoculum infect trees through stem or branch wounds. Local spread is by 
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root contact (Packham 1994). Typically, plants die within three years of infection. Myrtle wilt has 

been identified in both disturbed and undisturbed areas throughout Tasmania and mainland 

south-eastern Australia. Recruitment in Nothofagus cunninghamii is linked to the disease; tree 

death creates canopy gaps that release light and nutrients to seedlings, stimulating recruitment. 

Myrtle wilt disease is considered to be the most important agent causing canopy gaps in natural 

stands (Hickey 1982, Read and Hill 1985, Kile et al. 1989, Cameron and Turner 1996).  

Any localised increase in disease incidence may be due to a small-scale epidemic of the disease, 

progressive colonisation of new stands, and/or larger scale epidemic disease dynamics (Packham 

1994). Increases in incidence may reflect cyclical or stochastic fluctuations or they may be a 

consequence of the increasing extent of anthropogenic disturbance (Kile et al. 1989, Packham 

1991, Cameron and Turner 1996). Even under equilibrium conditions (i.e., a stable, natural 

environment), plant diseases driven by host-pathogen interactions, ebb and flow, sometimes 

damaging local populations (e.g., Van der Plank 1975, Green 1981, Scheffer 1997, Jones 1998). 

There is a prima facie case that human activities may contribute substantially to the extent and 

severity of myrtle wilt in Tasmania and south-eastern mainland Australia. If disease frequency 

(i.e., the number of trees infected per site, per year) depends on the amount of inoculum present, 

the average wounding rate and stand density (Burgman and Ferguson 1995), then the extent of 

the disease in the landscape may depend sensitively on the extent, timing and spatial pattern of 

human activities. However, inference from recent increases in myrtle wilt incidence (Roberts 

1988, Cameron and Turner 1996) is made difficult by the fact that despite many fundamental 

ecological studies (Kile and Walker 1987, Roberts 1988, Packham and Kile 1992, Gumley 1993, 

Packham 1994, Cameron and Turner 1996), there are very few data on trends and responses to 

disturbance, and there have been no published results from long-term monitoring of the disease 

although long-term plots were established at five sites in Tasmania from 1982 to 1988 and are 

measured at 10 year intervals (Taylor 1999). Unpublished data from 5 undisturbed sites recorded 

mortality rates that fluctuated between in the two ten year intervals.  

Management options may include no action, protection of wounds, removal of dead trees, 

provision of buffers around rainforest stands, the spatial arrangement of harvesting activities and 

road construction, and the timing of timber harvesting and road building operations to coincide 

with periods of low spore production. Each has potential costs and the outcomes are uncertain. 

Evaluation of costs and benefits depends on integration of available information. The best way to 

explore the potential efficacy of these measures and the sensitivity of the disease to them, is to use 

a formal epidemiological model, which provides a theoretical basis for the integration of existing 

knowledge, and a platform for exploring alternative control strategies (Van der Plank 1963, 

Burgman et al. 1993). The purpose of this study is to develop a model for myrtle wilt that 

encapsulates current understanding of the ecology of the disease and its interactions with 
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N. cunninghamii. Stochastic computer simulation of the disease process will be used to explore 

answers to questions related to the sustainable rate of infection, as well as identifying the 

processes and parameters that contribute most to the establishment and spread of the disease. 

The results will provide a framework within which to set priorities for management. The model 

will be designed to explore management options that have consequences for N. cunninghamii 

populations.  

4.3 Methods 

4.3.1 Habitat model 

The distribution of Myrtle was mapped in Tasmania from API, making the development of a 

statistical habitat model un-necessary. Patch structure was identified using existing maps 

representing Callidendrous/Thamnic rainforest types and species dominance. The initial 

composition for each population was inferred from stand structure mapped into three classes 

(Poles < 15m, Poles > 15m, Mature). The age distribution and carrying capacity were inferred for 

each patch from these classes. For each different forest type, an approximate stage distribution 

was identified based on the density estimates provided by one of us (J. H.). Patch structure was 

identified from the carrying capacity GIS layer. A total of 261 populations were identified in 

Figure 4.1. Initially, an even distribution of individuals among stages was assumed. The area and 

composition of each patch was used to calculate the abundance of each stage in each patch.  
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Figure 4.1: Habitat map of Myrtle (Nothofagus cunninghamii) 

4.3.2 Life history attributes 

N. cunninghamii is an extremely long-lived species (i.e., greater than 500 years) (Read and Hill 

1985). It is a primary rainforest species that regenerates from seed and basal coppices. The 

majority of seed is produced in late summer, early autumn and seed viability decays 

exponentially with time. Between 1 and 40% of the whole crop is viable for up to one year 

(Howard 1973). The number of seeds produced by each plant depends on the plant’s 

developmental stage rather than age, since N. cunninghamii can undergo prolonged stasis 

resulting from shade and drought. Seedlings and saplings do not produce seed. The youngest 

flowering coppice shoots are approximately 25 years old (young adults) and more than 5m high. 

Small numbers of seeds are produced by saplings older than about 25 years, and seed production 

increases substantially with age (Howard 1973). Based on calculations by Howard (1973), 

approximately 200,000 seeds per ha may be produced by mature plants during mast years. Mast 

years occur approximately every three years (Hickey et al. 1982, Read 1989) but only weakly 

influence seedling establishment in undisturbed areas (D. Cameron and P. Ades pers. comm.). 

However, after disturbances such as selective logging, mast years result in massive recruitment of 

myrtle seedlings, particularly on disturbed seedbeds (Hickey and Wilkinson 1999). 
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Seed is normally spread up to one tree height beyond the forest edge on level ground but may 

also be dispersed downstream by water (Howard 1973). Some seed is eaten by animals or is 

parasitised by fungi. The number of germinants depends largely on the availability of space and 

light intensity, that is, canopy gaps. N. cunninghamii seedlings are never found under tree or 

ground ferns and very rarely survive long under a full tree canopy (Howard 1973). Fallen logs are 

a more favourable habitat for myrtle seedling establishment than soil in undisturbed forest 

(McKenny and Kirkpatrick 1999). 

In the absence of myrtle wilt, adult mortality is generally low (Cameron and Turner 1996). 

Regeneration niches are created most often by the death from myrtle wilt disease, resulting in an 

uneven age structure and a mosaic of patches of different age (Read and Hill 1988, Packham and 

Kile 1992). Survivorship of N. cunninghamii seedlings and saplings is highly dependent on stand 

density, which limit light and nutrient sources. N. cunninghamii seedlings and saplings are 

affected by grazing wallabies, adverse environmental conditions, interspecific competition or a 

combination of these factors. In the event of disturbance, endemic disease may become epidemic, 

and competing species may recruit into gaps, changing the forest composition. Where N. 

cunninghamii has failed to regenerate at Mait’s Rest, canopy gaps are dominated by the manfern 

Dicksonia antarctica (Graham 2000). 

Seedlings and saplings are not generally susceptible to myrtle wilt disease. Studies by Kile and 

Walker (1987) found that saplings are only occasionally infected, while infection is not observed 

in seedlings. It is likely that young crowns suffer less damage and hence have less infection 

courts for disease entry, nor have they developed the root grafts necessary for disease transfer. 

A preliminary model was drafted, based on published accounts of the biology of the tree and the 

disease. Two workshops were run (June 18th and September 15th, 2000) to review this model, with 

the objective of including ecological intuition and subjective interpretations of processes. 

Participants included park managers, modellers, foresters and botanists. The workshops also 

provided a review of the model parameters and modelling processes.  

Based on the literature review and the outcomes of the workshops, a stage-based, stochastic, 

epidemiological model was developed. Individuals are classified into nine stages: seedlings (25 

age classes), saplings (15 age classes), poles (young adults), mature adults, and four stages for 

diseased and dead plants (Figure 4.2). Disease stages are useful because they reflect time since 

initial infection (Cameron and Turner 1996) and are visible from aerial photographs, providing a 

means of monitoring disease status in populations. The delineation of disease stages is based on 

Cameron and Turner’s classification scheme (1996). The mathematical structure of the model 

requires that within stages, individuals are homogenous and respond identically to given stimuli.  
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Figure 4.2: Stage structured model for Myrtle and the disease Myrtle Wilt 

The model assumes that individuals cannot skip a stage. Seedlings (stage 1) survive for 25 years 

before passing into the sapling stage. Saplings (stage 2) spend 15 years maturing into young 

adults (termed ‘poles’). These time delays are incorporated into the model using explicit age-

based transitions within the seedling and sapling stages. These age-classes delay transition of 

individuals, creating a mixed age/stage model. Without this, the model would produce 

biologically implausible outcomes. For example, some saplings could become young adults 

within one year. The model assumes initially that the only source of mortality among seedlings 

and saplings is intraspecific competition, although this assumption may be relaxed. Transitions 

between stages are represented by a series of transition equations. The deterministic equations for 

the model appear in Table 4.1.  
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Table 4.1: The governing deterministic equations of the system 

Model Equations:            

Fecundity 

N1,t+1 =        iiNF∑

Survival 

Ni,t+1 = (Ni,t si,i + Ni-1,t si-1,i)(1-di)     

Density dependence 

s4 = 1-s5-s7         

s6 = 1-s8          

s7 = min(1,(Pw,y(Pi,l+Pi,b)))       

s8 = min(1,(Pw,a(Pi,l+Pi,b)))       

Pw,a = Pw,ba+Pw,h         

Pw,y = Pw,by+Pw,h         

Pi,l = min((0.0002*Ndisease), (1-Pi,b))      

Ndisease = (d1+d2)         

F3 = 5          

F4 = 12          

Kcaptured= ((adults dying)+(young dying))(CaptureRate)    

Kinit = (K)-(Kcaptured)  

Equation parameters:           
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N1,t+1  Number of new recruits  

Ni,t+1  Number of individual in each stage class that survive to the next time step 

t  Time (years) 

yi  1,2;3; where 1,.,3 refer to seedling, sapling and young adult stages respectively 

y2,1  Number of saplings subject to self thinning 

y2,i  Number of saplings at each time step i. Where i= 2,….,25 

y2,total  Total number of saplings 

yd Random number of young adults surviving density dependence that die from disease 

y3 Random number of young adults that survive effects of density dependence but are 

affected by disease 

ad  Random number of mature adults that become infected 

a1  Number of mature adult (50+years.) 

di 1,2,3,4,5; where 1,….,5 refer to disease stages (i.e., dying, orange foliage; dying, brown 

foliage; dead, small branchlets; dead, large branches; dead, stags). 

s4  Probability of a young adult surviving in this stage 

s5  Probability of a young adult surviving to become a mature adult with  

s6  Probability of a mature adult surviving in this stage 

s7   Probabilities of a young adult developing myrtle wilt 

s8  Probability of a mature adult developing myrtle wilt 

s9  Probability that an individual will move to disease stage 2 
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s10  Probability that an individual will move to disease stage 3 

s11  Probability that an individual will move to disease stage 4 

s12  Probability that an individual will remain in disease stage 4 

s13  Probability that an individual will move to disease stage 5 

s14  Probability that an individual will remain disease stage 5 

F3 Fecundity, referring to the number of surviving recruits produced per young adult  

F4 Fecundity, referring to the number of surviving recruits produced per mature adult  

K  Carrying capacity 

Ndisease  Number of infective individuals in the population 

Killsize  Number of neighbours an infective individual will infect 

Killnoise   Variation in killsize 

Pw,y  Probability of wounding young adults 

Pw,a  Probability of wounding mature adults 

Pw,by Probability of wounding young adults from background sources (i.e., limbfall, 

windthrow) 

Pw,ba Probability of wounding mature adults from background sources (i.e., limbfall, 

windthrow) 

Pw,h  Probability of wounding from human activity (i.e., coupe, walkway, road) 

Pi,b  Probability of infection by spores derived from plants outside the population  

Pi,l  Probability of infection by spores derived from plants within the population  
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Kcaptured Number of patches created in any one year. 

CaptureRate Proportion of patches captured by species other than N. cunninghamii 

Kinit  Specifies the number of patches that remain available 

The number of individuals in each stage is determined by stage-specific survivorships and 

fecundities, conditioned by density dependence. Survivorship probabilities of seedlings, saplings 

and young adults are subject to the density of the canopy above them. For example, the number 

of seedlings that survive to become saplings depends on the abundance of saplings, young adults 

and mature adults. The probability that a young adult becomes a mature adult is a constant 

(0.04), implying that on average, a young adult will spend 25 years in this stage before moving to 

the next stage.  

In the model, only young adults and adults may develop myrtle wilt. The time from initial 

infection to tree death is approximately three years (Packham 1994). Once an individual is 

infected there is no chance of recovery (see Cameron and Turner 1996, Packham and Kile 1992). 

In a projection matrix these probabilities appear quantitatively redundant. However, they may be 

useful for validating whether the model reflects true population dynamics, by enabling counts of 

individuals in these stages.  

Disease stages 1 and 2 represent phases of foliage discoloration and loss. By the third stage 

individuals are dead, retaining only small branchlets. Deterioration follows until only the stag 

remains (disease stage 5). In a 10-ha patch, at least 10% of stags will remain standing longer than 

one year (I. Smith pers. comm.). This can vary substantially between sites but represent a 

precautionary estimate for this parameter.  

Only young adults and mature adults produce viable seed. Howard (1973) estimated 200,000 

seeds/ha, an area that will support roughly 100 mature plants. However seed production can 

increase significantly during a mast year. Hickey et al. (1982) estimated over one million seeds/ha 

for a mast year. Within small canopy gap, however, intense competition between germinants 

reduces this number substantially so that, one or a few individuals will recruit successfully to 

become mature trees. Seed production was set at plausible rate of 2000 seeds/plant/year. This 

fecundity rate represents germination discounted by post-germination mortality and density 

dependent mortality among seedlings.  

The model assumes that dispersal or recruitment of seeds to or from external populations is 

limited (see below), based on observations by Howard and Ashton (1977) and Read and Hill 
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(1985). The landscape context of populations is important for metapopulation dynamics only 

insofar as it reflects the proximity of rainforest patches to the spatial distribution of human 

activities, and the background production of infectious spores. 

Using field maps (Peel and Turner 1992), empirical observation and expert judgement, it was 

estimated that about 1000 adult trees could occupy a 10ha patch when it is fully stocked. The time 

horizon for the model is set at intervals of 40 to 250 years, relevant for forest management 

planning. RAMAS Metapop (Akçakay and Root 2001) was used to construct the model. 

The transition probabilities of seedlings and saplings are conditioned by contest-type density 

dependence (Taylor and Wade 2000). Young adults are subject to ceiling-type density-dependent 

competitive effects (Burgman et al. 1993, Akçakaya et al. 1999) whereby there is no effect of 

density until every space has been filled. Mature adults are not affected by density. For the first 

three stages density dependence functions specify the number of seedlings, saplings and young 

adults respectively, at time t+1. This model accounts for basic resource-limited population 

dynamics (Taylor and Wade 2000). Seedling survivorship declines rapidly with a small increase 

in density. Conversely, saplings are not affected until density is much higher. Both seedlings and 

saplings are affected by the number of saplings, young adults and mature adults. For saplings, 

this implies a self-thinning mechanism. 

The density dependence functions are structured so that mature adults and disease-one adults 

contribute most significantly to density effects. The competitive effect of saplings and young 

adults is only 25% and 50% respectively, of that of mature adults.  

To model the co-variation in fluctuations between habitat patches, the same correlation function 

as used for Anoglypta launcestonensis was applied. Parameter values were A=1, B=20, C=1. 

4.3.3 Seed dispersal  

The distance function for seedling dispersal was calibrated from Hickey et al. (1982). The non-

linear distance decay function was fitted to the empirical data using SAS (SAS Institute Inc. 1996) 

The following parameter values were found to characterise seed dispersal for N. cunninghamii: 

A=1, B=0.0948, C=0.3156 and DMAX=1. 
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The dispersal rate between the ith and jth populations (Mij) is assigned the value as detailed in 

(4.1): 

Mij =  A exp(-DijC/D) , if Dij < DMAX or Dij = DMAX 

0  ,  if Dij > DMAX  
  (4.1)

 

where A, B, C and Dmax are the function parameters, Dij is the distance between the two 

populations. Dmax is the maximum distance any individual can disperse in one time step.  

These parameters for the distance decay function were used to fill the dispersal matrix. Dispersal 

between populations was minimal. Only 5% travelled more than 20m and only 2% travelled more 

than 40m. 

S1 was the only model stage that dispersed. Therefore, the relative dispersal in the “stages” 

dialogue box was 0 for all stages except S1, where it was equal to 1. Each patch was divided into 

areas according to disturbance dynamics (see below). Carrying capacities for each area within 

each patch were tracked and summed to provide the total carrying capacity for the patch. 

4.3.4 Disturbance dynamics 

The species response to wildfire was clarified by experts (M. Brown, F. Duncan, J. Hickey, and M. 

Neyland pers. comm.). Hot wildfire kills plants. Depending on coincidences with mast seed 

years, N. cunninghamii can regenerate immediately after fire. Often it will take up to 5 years, 

which allows at least one mast seed year, for N. cunninghamii seedlings to return as long as seed 

sources are available (J. Hickey pers. comm.). The model for these observations assumes that 

immediately after a fire, the carrying capacity is 0 and returns to the former carrying capacity 

within 5 to 10 years. Specifically, close to 50% recovery in 5 years, and nearly 100% recovery in 

10-20 years are generated by the following function (4.2): 

H[i] = 1.0 - exp(-0.2*age[j])       (4.2) 

4.3.5 Disease module 

The probability of disease at time t+1 is a result of two independent processes: wounding and 

infection. Infection occurs via root grafting between adjacent individuals. The disease is also 

spread through infection of wounds. Spread through infection of wounds is incorporated into the 

model using five probability functions (4.3) as:   
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s7= min(1, (Pw,y(Pi,l+Pi,b)))    

s8 = min(1, (Pw,a(Pi,l+Pi,b)))    

Pw,a=Pw,ba+Pw,h        (4.3) 

Pw,y=Pw,by+Pw,h     

Pi,l=min[(0.0002×Ndisease),(1-Pi,b)],  

where the coefficients s7 and s8 specify the probabilities of young adults and mature adults 

developing myrtle wilt. The parameters Pw,b and Pw,h specify sources of wounding. The identifier 

‘b’ refers to background wounding (i.e., limbfall, windthrow, and snow), and ‘h’ refers to human 

wounding (i.e., road activities, walking track construction and maintenance), ‘y’ refers to young 

adults and ‘a’ refers to mature adults. The function for wounding rate is the same for young and 

mature adults. Infection may come from local sources (Pi,l), (i.e., spores derived from within the 

population under consideration) or background sources (Pi,b), (i.e., spores derived outside the 

population under consideration).  

A background wounding frequency was derived from a Parks Victoria (1999) study on the health 

of old-growth N. cunninghamii in a mixed-forest at Cement Creek in Victoria. One aspect of the 

study found that approximately 15% of individuals incurred open scar defects attributable to 

background sources in a single year. This model assumes that in a pure myrtle forest (a forest 

made up entirely of myrtle) around 10% of trees would be wounded from background sources 

each year. Open wounds are the primary means of infection by C. australis.  

One of the primary motivations for developing the model is to create a ‘user-specified’ human 

wounding rate that will allow managers to explore the consequences of management alternatives. 

As a base case, the model assumes that on average 1% of trees are wounded each year by way of 

human activity. Monitoring studies would allow managers to specify activity-related wounding 

rates. A sensitivity analysis will indicate how strongly this parameter affects model behaviour.  

In the model it is assumed that infection is a function of wounding. Therefore when the 

probability of wounding (Pw) equals zero, there is no infection. The model assumes that spores 

float continuously in the environment, and that there are seasonal peaks in spore production. 

This assumption is based on experiments by Kile and Walker (1987) that found infection occurred 

across seasons. Hovmøller (1996) trapped spores at short and long distances and concluded that, 

in samples of airborne spores, distant sources contribute only a few spores in comparison with 
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nearby sources. With this in mind and using expert opinion, the probability of background 

infection (Pi,b) was set at 2% per annum. This value implies that a tree with a recent wound (i.e., 

less than 3 weeks old) has a 1/50 chance of becoming infected. The susceptibility of N 

cunninghamii wounds to infection has not been well studied. However, an estimate of three weeks 

is based on wound susceptibility to pathogens in Oak and Plane trees and experiments testing the 

receptivity of N. cunninghamii wounds to C. australis spores (Kile undated; Packham 1994). 

Sensitivity analyses will establish the importance of getting a reliable estimate. 

The probability of local infection (Pi,l) is the product of the minimum of two values: (1–Pi,b) and 

(0.0002*Ndisease). Ndisease expresses the number of infective individuals (i.e., disease stages 1 and 2). 

Multiplying this number by an integer expresses the likelihood of an individual becoming 

infected as a function of how many trees in the study site are infected. For example when half the 

plants in a stand are infected and half are healthy, 10% of new wounds will become infected.  

The parameter ‘killsize’ accounts for disease transmission via root contact. Packham (1994) used 

Rate of Spread (via root graft) Plots (ROS plots), to demonstrate that root grafting between 

clusters of N. cunninghamii was a likely explanation for the clumped distribution of symptomatic 

myrtle wilt trees. Based on Packham’s (1994) experiments and investigations by Elliot et al. (1987), 

the model assumes that the number of root grafted (susceptible) nearest neighbours affects 

disease spread. Empirical observations of myrtle wilt clumps at Mait’s Rest established that the 

number of ‘daughter’ infections per ‘parent’ infection was three. Further fieldwork is required to 

evaluate the accuracy of this estimate. Sensitivity analyses will establish the importance of this 

parameter.  

Most simulations assume that when a gap forms from the death of a plant in the population, the 

space is taken by another N. cunninghamii. Field observations suggest recruitment into canopy 

gaps has been poor in recent years (Cameron and Turner 1996). To represent the competitive 

effects of other species, we relaxed the assumption of recruitment success for some simulations. 

The parameter termed the 'Capture Rate' is the proportion of new gaps that are taken (captured) 

by individuals of species other than N. cunninghamii. 

The model uses normal distributions and a user specified coefficient of variation (cv) of 0.1 to 

represent environmental stochasticity. The magnitude of variation is based on values used in 

other, similar models of population dynamics (see Burgman and Gerard 1990). Demographic 

stochasticity is included in the model by using a binomial distribution to select the number of 

plants that survive disease to remain as young or mature adults. 



Chapter 4: Myrtle (Nothofagus cunninghamii)  108 

Human wounding rate is a function of length and type of road (per ha), and proportion of area 

disturbed by plantation and native forest harvesting (per ha). Length is divided by the Rdclass (1 

for major, 4 for minor). Therefore major roads contribute far more than minor roads. This is 

intuitive as human disturbance will be higher along major roads with firewood removal, and 

possibly tourism. Extent of anthropogenic disturbance was calculated as the ending patch 

carrying capacity over the starting patch carrying capacity. Human wounding rate should be set 

at a maximum of 0.2.  

The abundance of landscape spores was assumed to be a function of the human wounding rate in 

adjacent patches, itself a function of the extent of roads in these patches. The likelihood that 

wounds would be infected by landscape spores was calculated as a function of the edge to edge 

distances between patches from RAMAS GIS (in a distance-decay function) and human 

wounding rate in adjacent patches as: 
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where LSi is the value of the ‘landscape spores’ parameter for patch i, disij is the edge to edge 

distance between patches i and j, HWRj is the Human Wounding Rate of patch j. 0.1 was selected 

as the overall minimum distance that also resulted in the value of the parameter LS falling 

between 0 and 1. Parameter values were calibrated post-hoc by the coefficient 0.5, following the 

sensitivity analysis (see below). 

Other disease parameters were estimated as shown in Table 4.2, based on published literature. 
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Table 4.2: Parameter values for the disease model 

Parameter Mixed Myrtle Forest Pure Myrtle Forest 

AdultBgWR1 0.1 0.05 

AdultBgWR2 0.15 0.075 

AdultBgWR3 0.25 0.125 

PoleBgWR 0.05 0.025 

LocSpread 3.0 3.0 

LocInfect 0.2 0.2 

 

4.3.6 Calibration 

Mixed myrtle forest was any Myrtle forest with a non-myrtle component. Many patches were a 

mixture of Mixed myrtle and Pure myrtle forest, and parameter values were estimated in 

proportion to the summed area of each forest type.  

Stable disease stage abundances were estimated using scenario 1 and running the model until the 

cycles induced by the initial conditions had dissipated. 

Higher background wounding rates (due to composition – pure myrtle or mixed myrtle) resulted 

in higher levels of myrtle infection and larger disease stage abundances. For example, the data for 

populations 57 and 38 in Table 4.3 illustrate the differences in the composition and expected 

disease rates in two forest types. 

Table 4.3: Background wounding rates for two different myrtle forest types 

 abgwr1 abgwr2 abgwr3 pbgwr HWR LSP %ds3 

Pop 57 0.1 0.3 0.5 0.1 0.0143 0.083 28.7% 

Pop 38 0.05 0.15 0.25 0.03 0.0159 0.031 9.6% 

 

An initial examination of the disease stage abundances revealed that populations with high 

human wounding rates (due to a high density of roading or high levels of anthropogenic 

disturbance) exhibited much larger diseased stage abundances. This was true for population 194 

that had the highest level of human wounding. In this population, 20% of the adult population 
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was in disease stage 3. In comparison, in population 241 that had no human wounding rate, only 

4% of the adult population was in disease stage 3. 

Model populations with high landscape spores (due to a high density of roading or high levels of 

anthropogenic disturbance in adjacent patches) also exhibited much larger diseased stage 

abundances. Populations 239 and 256 both had similar human wounding rates (0.0039 and 0.0036 

respectively), but population 239 had much higher landscape spores (0.102 compared to 0.0095). 

Corresponding to this population 239 had 15.7% of adults in disease stage 3 compared to 7% for 

population 256. 

4.3.7 Management Scenarios 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan. All 

scenarios were subject to stochastic wildfires. Scenarios 1 through 5 were subject to incrementally 

increasing levels of anthropogenic disturbance from native forest harvesting and plantation 

conversion. The management scenarios were: 

1. No disturbance 

2. Native forest harvesting in active coupes 

3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversion and 

conversion on private land where suitable 

5. Native forest harvesting and all RFA plantation conversion on public land and conversion on 

private land where possible. 

4.4 Results 

If it is assumed the response to native forest harvest and plantation conversion is the same, 

scenarios 3, 4 and 5 only vary in the timing of disturbance, and not in the extent of disturbance. In 

fact, native forest harvesting and regeneration usually allows some regeneration of myrtle 

(Hickey 1994), but for simplicity, this has not been taken into account here. 
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A cyclical pattern emerged during the simulations, due to the fact that not all 40 seedling/sapling 

stages were included in population totals. Initial abundances were not at the stable age 

distribution and the model structure generated cycles of abundance. Several attempts were made 

to modify this pattern, by changing the initial composition of the forest within observed limits to 

better approximate the initial distribution. Nevertheless, some cyclical behaviour remained. This 

pattern does not affect interpretations of relative population trajectory or risk. 

Sensitivity analysis of disease dynamics is important in understanding the system, and provides 

opportunity to examine the effects of elevated human wounding rate and related phenomena. 

There is also an opportunity to explore the potential consequences of management to ameliorate 

spread/infection. Sensitivity analysis was conducted for scenario 3 – reflecting what is likely to 

occur. 

In the sensitivity analyses, the following parameter variations were tested: 

 Adult and Pole wounding rates +/-20% 

 Human wounding rate +/-20% 

 Landscape spores +/- 20% 

 All three parameters +/- 20% 

The risk of interval extinction was used to measure model sensitivity, compared using the 

Expected Minimum Population size (EMP). 

A 20% increase or decrease in the parameters associated with background and human wounding 

rates resulted in close to equivalent 20% changes in EMP (Table 4.4). This indicates that the model 

is roughly linearly sensitive to wounding rates. For landscape spores, changes in EMP exceeded 

% changes in parameter estimates. This indicates that the model is relatively sensitive to this 

disease parameter. A reduction in its magnitude may have a large effect on interval extinction 

risk. This preliminary result accords with anecdotal evidence from Packham (1991) that 

disturbances in surrounding areas can result in increased inoculum levels within a population. 

The values used in the model are arbitrary, estimated mostly by calibration, because no field 

work has been directed towards this element of the disease. This illustrates one of the most useful 

elements of model building for risk analysis. The modelling process has helped to identify a 

component of the biological system that had not been apparent, and that may provide a fruitful 

mechanism for understanding and managing the disease in the future. 
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Table 4.4: The sensitivity of the model to changes in disease parameters 

Adult and pole background wounding rates EMP % change in EMP 
compared to norm 

- 20% 516,568 19.7% 

Normal 431,480 0 

+ 20% 354,955 17.7% 
Human wounding rate   

- 20% 518,584 20.9% 

Normal 428,831 0 

+ 20% 359,475 16.2% 
Landscape spores   

- 20% 617,501 43% 

Normal 431,480 0 

+ 20% 308,516 28% 
All three parameters   

- 20% 864,494 100% 

Normal 431,480 0 

+ 20% 204,753 53% 

 

The affect of stochastic fires only becomes important (with respect to interval extinction risk) 

when anthropogenic disturbances are introduced (Table 4.5). This result accords with intuition 

because fires are uncommon in rainforest (usually less than once every 400 years) and will only 

become important when populations become small. There is no important effect on EMP for 

scenario 1, but it is substantially smaller when stochastic fires are included for scenarios 2 and 3. 

It is substantially increased when stochastic fires are included in scenarios 4 and 5. When fires are 

included, the interval risk curves have much longer tails. 
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Table 4.5: Sensitivity of the model to fire parameters 

Scenario EMP-no fires EMP-fires % change 

Scenario 1 2,182,181 2,167,804    -0.66 

Scenario 2    439,513    407,178    -7.36 

Scenario 3    431,480    417,852    -3.16 

Scenario 4    431,871    455,213   +5.41 

Scenario 5    259,068    289,814 +11.87 

 

4.4.1 Mean tendency 

It will be useful to examine the relationship between the area or the carrying capacity lost to 

disturbance and the net decline in the total expected population. The effect of disease dynamics 

may exacerbate the disturbance scenarios. 

Although the extent of disturbance (with respect to area and carrying capacity) does not change 

between scenarios 3, 4, and 5, the timing of disturbance and extent of plantation conversion does 

change (Table 4.6). These factors may be important, particularly through their interactions with 

the spatial components of disease dynamics. 

Table 4.6: Consequences for habitat of the five management scenarios 

 Habitat area after 
disturbance (ha) 

carrying capacity 
after disturbance 

% reduction area % reduction 
carrying capacity 

Scenario 1 25,578 4,376,238 - - 

Scenario 2 21,460 3,776,106 16.1 13.7 

Scenario 3 21,308 3,751,981 16.7 14.3 

Scenario 4 21,308 3,751,981 16.7 14.3 

Scenario 5 21,308 3,751,981 16.7 14.3 

 

Variation in the population trajectory resulting from fluctuations imposed by the stage structure 

was mentioned in the methods. To provide interpretable comparisons, net decline in population 

trajectory was evaluated as the mean population trajectory between 100 and 200 years. For the 

purposes of comparison, percent reduction was calculated relative to the corresponding mean for 

scenario 1. Mean trajectories were also compared to initial abundance (N=2096143). 
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All the scenarios generate large percent reductions relative to scenario 1 (Table 4.7). This is 

mainly because the mean trajectory of scenario 1 almost doubles relative to the (current) initial 

abundance. This can be attributed to the large difference between initial abundance (2,096,143) 

and the carrying capacity (4,376, 238). The mean trajectory between 100 and 200 years is 4,129,271 

which is reasonable given the carrying capacity.  

Table 4.7: Effect of management scenarios on the expected size of Myrtle populations 

 Mean population (100-
200 years) 

% reduction relative to 
Scenario 1 

% reduction relative to 
initial abundance 

Scenario 1 4,129,271 - +96% 

Scenario 2 2,836,647 31% +35% 

Scenario 3 2,789,928 32% +33% 

Scenario 4 2,805,643 32% +34% 

Scenario 5 2,373,758 43% +13% 

 

For scenarios 2 to 5, the carrying capacity is reduced by 16% due to anthropogenic disturbances. 

However, the mean trajectories are far smaller than these carrying capacities (Table 4.7). The final 

carrying capacity is approximately 3,750,000 whereas the mean abundance is approximately 

2,800,000. This difference can be attributed to the influence of myrtle wilt. This effect is most 

noticeable for scenario 5. Thus, there is the potential for substantial interaction between the 

disease and the extent, and temporal and spatial distribution of human activities, leading to 

substantial reduction in the expected size of the Myrtle population. 

4.4.2 Risk analysis 

The qualitative results of examining the expected values for the population size (averaged over 

the period 100-200 years in the future) are supported by examination of the interval extinction 

risk curves. Despite the fact that the carrying capacity is slightly greater than 4,000,000, there is an 

appreciable chance that the population of Myrtle in north-east Tasmania will fall below 1,100,000 

(one quarter of the initial abundance) at least once in the next 200 years, under each of the 

alternate scenarios (Figure 4.3). The risk of falling below about 900,000 is appreciable under 

scenario 5. The interpretation is the same as for the evaluation of the expected population size. 

The decline is attributable to interactions between disease dynamics and human activities.  
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Figure 4.3. Consequences of management scenarios for the probability of decline of Myrtle in north-east 

Tasmania 

 

4.5 Assumptions and limitations 

The model of myrtle wilt disease attempts to capture the most important qualitative features of 

the system. One of the limitations of this model is that the level of detail of the system is a 

compromise because of sparse data and the need to achieve analytical tractability. The absence of 

data prevents empirical validation of results.  

There are a number of areas within the model that may be improved. Although much is known 

about the structure of N. cunninghamii populations, there are no published data on survivorships 

and fecundities. Such data are essential to understanding the epidemiology of infection, governed 

as it is by the supply of susceptible individuals (Swinton and Gilligan 1996). Results may also be 

affected by interactions between disease dynamics, juvenile survivorship and environmental 

conditions (i.e., the effect of wet or dry years on spore production and species susceptibility to 



Chapter 4: Myrtle (Nothofagus cunninghamii)  116 

infection). Such factors are likely to cause greater fluctuations in the adult population size, 

causing the current model to underestimate the risks of population decline.  

Small changes in most individual input parameters do not cause large changes in output. One of 

the most important qualitative outcomes of the modelling exercise is that recommendations for 

appropriate management responses to disease depend critically on the nature and extent of gap 

phase regeneration and on the dynamics of landscape spores. Once these processes are better 

understood, it is likely that model adjustment will be necessary. 

One of the most critical decisions in the construction of the model is the determination of the 

stages. The classes in this model are somewhat arbitrarily determined based on easily observed 

differences in size. It is likely that real plants falling into these broad demographic size classes 

will not be homogenous in physiological rates and responses to stimuli (Bearlin et al. 1999). In 

circumstances in which a population is experiencing epidemic disease, it may be useful, for 

instance, to investigate variations in genetic resistance among individuals within a stage. Gumley 

(1993) investigated genetic resistance of N. cunninghamii and the genetic diversity of C. australis, 

providing some background for building these details into the model. 

A geographical view of myrtle wilt needs to consider sources of infection and densities of 

inoculum. Milligan (1974) and Faulds (1977) demonstrated that the pinhole borer, Platypus 

subgranosus was not a vector of C. australis spores due to the absence of spore-carrying body 

parts, but that conidia were likely to be trapped and carried in the frass of beetles. However, only 

stressed trees are attractive to P. subgranosus, therefore abundance of the beetle should not be a 

factor in increasing rate of infection. Sensitivity analyses established the importance of getting a 

reliable estimate of the probability of local and background infection. Menges and Loucks (1984) 

also found that the amount of mortality due to oak wilt appeared to be limited by the amount of 

outside inoculum reaching the study site and that the timing of actual background spread was 

strongly related to total mortality.  

Given the importance of local and background spore loads for the dynamics of the disease, and 

the potential usefulness of timing operations in disease management, a knowledge of the spatial 

and temporal patterns of the disease will contribute substantially to the development of strategies 

in the future. Increased sophistication of equipment for monitoring spore numbers now enables 

the patterns, extent and intensity of spore dispersal to be measured precisely (Fitt and McCartney 

1989, Jones 1998). These results emphasise the importance of making use of these advances to 

improve decision-making capabilities in the future. 
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Further fieldwork and monitoring are imperative for improving and validating the realism of the 

model, including measuring inoculum densities, rates of root graft transmission as well as 

employing aerial imagery for year to year comparisons of disease distribution and incidence.  

The declines in population numbers reported by the model are probably greater for scenarios 2-4 

than would occur in reality. The model assumed that no myrtle regeneration occurred after 

harvesting. In fact, native forest harvesting and regeneration, even using the clearfall, burn and 

sow technique, allows some myrtle regeneration (Hickey 1994) and the rotation length of about 

90 years allows some encroachment of myrtle from adjacent sources such as streamside reserves. 

The model also uses conservative myrtle seedling establishment rates based on observations in 

undisturbed forest. However, myrtle usually regenerates abundantly after partial disturbance as 

long as seed sources are still available. For example, myrtle sapling densities of 16,000 stems ha-1 

were observed twenty years after logging when 10 myrtle seed trees/ha were retained (Jennings 

and Hickey 2003 in press). Hence while roading associated with harvesting would promote death 

of mature trees from Myrtle wilt, it would probably also result in abundant myrtle regeneration 

in disturbed areas with adjacent seed sources. 

The model shows that myrtle is under no risk of extinction, however, anthropogenic disturbances 

and the resulting higher incidence of Myrtle wilt are generating an expected relative decline of 

approximately 30% under current disturbance regimes. It is also highly probable that the total 

population size will fall below one quarter of initial abundance (1,100,000) at some point in the 

next 200 years. 
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Chapter 5. Liverwort (Riccardia cochleata) 
 

Julian Fox, Sarah Bekessy and Perpetua Turner 
 

5.1 Summary 

Riccardia cochleata is a non-vascular plant from the liverworts group in the division of bryophytes. 

It is only present in mature wet forests with a eucalypt overstorey. It is a common species that 

grows on logs, soils or rocks (Jarman and Fuhrer 1995). It is predominantly found on large 

eucalypt logs which are at an advanced state of decay. Forests older than about 45 years are likely 

to provide the youngest potential habitat for the species. Little is known of the population 

dynamics of this species. Only limited information is available regarding habitat requirements 

and locations. An expert habitat model and population viability analysis model were developed 

based on recent field studies, expert judgement and research regarding the species in other States. 

The model indicates that R. cochleata is susceptible to loss from forest logging and plantation 

conversion. The removal and lack of recruitment of logs from plantation areas presents a great 

threat to the persistence of the species. The model resulted in predictions that reflect a very close 

association between habitat loss and extent of population decline. It is likely that unknown 

aspects of the life history of R. cochleata will result in some divergence from the results shown 

here. Despite this, the dominance of habitat-driven affects can be expected for a small plant with 

restricted dispersal abilities. In the absence of detailed life-history information, the structure and 

parameterisation of the model reflects what is currently known about the species. 

5.2 Introduction 

Riccardia cochleata (Hook.f. and Taylor) Kuntze is a liverwort, (Division Hepatophyta of the family 

Aneuraceae). The genus Riccardia contains about 280 species with a worldwide distribution 

(Parihar 1962). R. cochleata is a hydrophylic species and is known to occur on eucalypt logs of wet 

sclerophyll forests in Tasmania, Victoria, New South Wales and the Australian Capital Territory, 

rarely occurring on other substrates (from Turner and French 2002). Bryophytes preferring or 

restricted to logs are referred to as ‘epixylic’ (Söderström 1988). R. cochleata is a very distinctive 

plant occurring in dense, quite large colonies that tend to be tied together underneath by narrow 

stolons . The thallus is deep clear green and brittle and is said to smell like foxes (Scott 1985). It is 
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pinnately branched, deeply concave above, convex below, with the branch tips of the thallus 

hollowed out like spoons that hold powdery yellow gemmae (Hewson 1970). However, 

sometimes gemmae are not present. 

Knowledge of the life history of Riccardia, both in Australia and world wide, is sparse (Hewson 

1970). In Australia, liverworts (and bryophytes in general) are poorly studied ecologically and 

rarely surveyed (see Brown et al. 1994). This is despite their often forming a significant proportion 

of the biomass and having a role in the hydrology and stability of ecosystems (Duncan and 

Dalton 1982, Brasell and Mattay 1984, Hill and Read 1984). In Tasmania, species richness of 

bryophytes has been found to outnumber vascular plants (Jarman and Kantvilas 1994). However, 

in the northeast of Tasmania there is a particular lack of knowledge of all bryophytes (Pharo and 

Blanks 2000). 

5.3 Methods 

5.3.1 Habitat Model 

Given limited information on Riccardia, field work was commissioned (Turner and French 2002). 

Riccardia was only found at 8 sites of the 39 surveyed, and from this limited empirical data it was 

not possible to build a formal statistical habitat model. However, many general observations 

from the fieldwork are useful for population model construction using RAMAS GIS (Akçakaya 

and Root 2002). In the absence of sufficient empirical data, observational data are also useful for 

building expert habitat models. The species has also been included in research regarding forest 

bryophytes in Victoria (Ashton 1986, Turner 1996) and southern Tasmania (Jarman and Fuhrer 

1995, Jarman and Kantvilas 2001, Turner, 2003) and information collected in these environs is 

useful to support the construction of an expert habitat model. 

Riccardia was found mostly on large (90 – 150cm diameter) eucalypt logs that are at an advanced 

state of decay (where the wood had softened and is quite spongy to touch). It was found on one 

log of 60cm in diameter, but this log was an exception as it was found overlying a creek and was 

subject to high moisture levels. The existence of a suitable substrate coinciding with a moist 

sheltered site dictated the presence of Riccardia. It was not present in drier forests or unsheltered 

sites.  

All sites at which Riccardia was found were subject to some form of disturbance from fire and/or 

logging over 30 years ago. Current anthropogenic disturbance patterns, such as clearfelling 

followed by subsequent burning of logs, do not facilitate a supply of large logs into the future 



Chapter 5: Liverwort (Riccardia cochleata)  124 

(Grove et al. 2002, Lindenmayer 2002). Perhaps the best source of suitable substrates is natural 

disturbance events, such as wildfire, which enable the protection of existing logs and recruitment 

of new ones. Unless salvaged, these large logs will remain on the forest floor. The burning off of 

the protective bark layer, breakdown of woody tissue by invertebrates and fungi and a closer 

proximity to the ground are likely to further advance log decay processes (Ashton 1986, 

Söderström 1988).  

Riccardia is a late successional species (Ashton 1986) and is only present in mature wet forests 

with a eucalypt overstorey. Forests older than about 45 years are likely to provide the youngest 

potential habitat for the species. The delay provides for recruitment of logs into the decay classes 

Riccardia prefers and also for the development of the required changes in solar radiation and 

temperature regimes that are absent from recently cutover areas. The species is absent from pure 

rainforest and from dry sites. 

Plants are continuous mats. R. cochleata was rarely found to co-exist with other bryophytes, 

vascular plants or fungi (Turner and French 2002). The density of available substrata (large rotten 

logs) is a useful proxy for the density of R. cochleata. This model assumes one plant/colony per 

log.  

Firstly, volume per ha of suitable logs (diameter > 90cm, decay class > 3) was calculated for plots 

in forest identified as constituting potential suitable habitat (mixed forest, wet eucalypt forest and 

cool temperate rainforest greater than 45 years old) (Harmon et al. 1996) as: 

LdV 8/22∑=π   (5.1) 

where L is the transect length (in this case 25m) and d is the diameter of logs in cm. The mean 

volume per ha was calculated as: 754.879 m3/ha. This volume is high in comparison to other 

forest types, but is not exceptional compared to other studies in wet eucalypt forest (e.g., Meggs 

1996, Lindenmayer et al. 1999). 

The mean volume was averaged across sites and divided by the average volume of suitable strata 

calculated as: 

LrV 2*π=        (5.2) 

Average volume of suitable strata was calculated as: 17.5. Therefore the number of suitable strata 

per ha was 43. This provides an estimate of suitable logs/ha and can be used as a proxy for 
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suitable R. cochleata habitats/ha. Assuming that each log provides a single habitat for a 

continuous mat of R. cochleata – this estimate can be used to form the basis of a carrying capacity. 

The number of logs that actually had R. cochleata was far fewer than this, perhaps due to a 

number of factors such as competing vegetation that often blanketed available substrate and 

microclimate. The proportion of logs with R. cochleata present was used to establish initial 

population levels and the carrying capacity. In the areas sampled, 6 out of 36 suitable logs 

actually supported R. cochleata. Therefore the carrying capacity was estimated as (1/6)*43 = 

7.183/ha. This figure accounts for competition for available substrate. 

Forest constituting suitable habitat included wet eucalypt and mixed forest identified from 

vegetation maps. All plantations and regenerating forests < 46 years old were excluded for 

reasons stated above. Areas of rainfall < 1200mm per year were also excluded as potential 

habitat. A habitat recovery function was developed that reflects an increasing carrying capacity 

between 40 and 90 years, as Riccardia often gradually replaces competing vegetation as succession 

proceeds. Habitat defined by wet eucalypt forest is extensive in the northeast of Tasmania.  

All Tactical native harvest, Tactical thinning, and Tactical plantation conversion scheduled for 

2001 were removed from the habitat map. Existing areas of plantation from FC2001 were also 

removed. Isolated polygons smaller than 10ha were excluded, and a grid with 25m cell size was 

created. Density for a 25m grid was 0.0625*7.183 = 0.449. Filter functions were used to remove 

hanging arcs and other GIS artefacts. This process resulted in the identification of 478 

populations, with a total population size of 461,150 individuals (Figure 5.1). 
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Figure 5.1: Habitat patches for Liverwort (Riccardia cochleata) in northeast Tasmanian wet eucalypt forest 

5.3.2 Life-history attributes 

Spore production is thought to be very limited, but there is almost no specific information on this 

(Hewson 1970, Scott 1985). Fecundity is likely to be low and the population growth rate very 

slow. An initial fecundity was estimated as 0.15. This was estimated in order to give a finite rate 

of increase slightly higher than 1 of 1.042. 

Asexual reproduction is not included in the model, as one colony is assumed to equal one 

individual. Multicellular gemmae production is uncommon, and it is very unlikely that asexually 

reproduced individuals can disperse from one log to another. However, Rod Seppelt (pers. 

comm.) believes that gemmae are uncommon (sexual reproductive structures are rarely 

produced), and that fragmentation (the thallus is fragile, being so turgid, and breaks easily) is the 

more likely means of reproduction. Ultimately, the predominant means of reproduction (sexual 

or asexual) and dispersal for Riccardia is unknown, but we can reasonably assume that fecundity 

will be small. 

The gametophyte stage is dominant in bryophytes, with the sporophyte being parasitic on the 

gametophyte. Spores are produced by sporophytes. Because the sporophyte is parasitic on the 

gametophyte, it is plausible to model them as a single life stage. There is no information available 
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on the duration of each life-stage. Two stage classes were used to represent several age classes for 

the sporophyte and gametophyte. An early life-stage for ages 1-5 is included with higher 

mortality, a secondary life-stage for ages 5 - 55 is included with lower mortality. The stage matrix 

(5.3) for the model appears below: 









98.010.0
15.080.0

  (5.3) 

R. cochleata is dioecious having separate male and female plants, therefore sex structure needs to 

be considered. Although not explicitly included, it is indirectly included with the selection of a 

very small fecundity, as only half the plants actually produce spores. Other studies have 

demonstrated a vastly skewed sex ratio in liverworts (Crum 2001). 

Survival depends on water availability and humidity. R. cochleata should be capable of surviving 

a few years of desiccation (due to a change in forest structure, e.g., canopy reduction resulting in 

changing humidity) before mortality occurs. It may also remain dormant until habitat becomes 

suitable again. Its longevity is related to log decay rates. If large logs remain on the forest floor 

after they have reached decay class 3 for example 100 - 150 years, then R. cochleata may be 

expected to be present for that period unless eliminated by competition or other changes in the 

environment (e.g., fire). 

Standard deviations for the fecundities and survivals were 2.5%. These low levels of stochasticity 

reflect a relatively stable system. Variation was included to account for incidental desiccation due 

to canopy openings and so on. Carrying capacity depended on the number of rotten logs 

available for colonisation. Ceiling density dependence was used to limit population size. 

5.3.3 Dispersal 

Spores of R. cochleata are small, 10–18µm in diameter, and fall mostly within 2m of the source 

plant (Crum 2001). Dispersal by birds, wind, water, or rainstorms (Crum 2001, R. Seppelt pers. 

comm.) may result in some long-distance dispersal events but the probability of this occurring is 

low. Spores are also very resilient (Crum 2001) and are capable of remaining dormant for a 

period of a few years (R. Seppelt pers. comm.).  
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Dispersal was modelled using a distant dispersal function. The dispersal rate between the ith and 

jth patch (Mij) is assigned the value as:  

Mij =  A exp(-DijC/D) , if Dij < DMAX or Dij = DMAX 

0 ,  if Dij > DMAX   
  (5.4)

 

where A, B, C and Dmax are the function parameters, Dij is the distance between the two 

populations. Dmax is the maximum distance any individual can disperse in one time step. An 

initial set of parameters were selected by calibration: A = 0.75, B = 0.15, C = 0.32, DMAX = 5.0. 

The resulting curve generates dynamics in which the great majority of dispersal occurs over very 

short distances, but rare long-distance dispersals over several hundred metres are still possible, 

but with very low probabilities. However, R. Seppelt (pers. comm.) suspects that sexual 

reproduction will be rare, and that asexual reproduction will be more common, resulting from 

fragmentation of the thallus. Dispersal by fragmentation may be the dominant form of dispersal 

but would have the same qualitative characteristics as spore dispersal, with a majority of events 

occurring over short distances, and a minority occurring over longer distances. 

5.3.4 Disturbance response  

For native forest harvesting and wildfire, a function (5.5) was developed that results in gradual 

recovery between 40 and 90 years. This is similar to the habitat recovery function used for the 

Northeast forest snail as: 

( )[ ]4012.05.41/1 −−+= teR    (5.5) 

To account for the sequential native forest harvesting events and gradual recovery after each 

event, disturbance macros were written to handle dynamics appropriately for scenarios 2 and 3 4, 

and 5.  

It is thought that wildfires may tend to remove smaller logs from the forest more frequently than 

will harvesting activities. To reflect this difference, we assume faster habitat recovery after a 

wildfire. Therefore the disturbance response function was modified as: 

( )[ ]2012.05.41/1 −−+= teR    (5.6) 
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A disturbance module was adjusted to incorporate the correct disturbance response function. The 

habitat consists singularly of wet eucalypt forest, therefore fire frequency and extent were drawn 

from the model applied to Simsons stag beetle.  

Riccardia cochleata is absent from areas converted to plantation due to the removal of niche habitat 

requirements (i.e., large decaying logs). Once an area that was previously suitable habitat for the 

species is converted to plantation, it is assumed there is no habitat recovery.  

5.3.5 Management Scenarios 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan. All 

scenarios were subject to stochastic wildfires. Scenarios 1 through 5 are subject to incrementally 

increasing levels of anthropogenic disturbance from native forest harvesting and plantation 

conversion. The management scenarios were described in the methods section at the beginning of 

this report.  

1. No disturbance 

2. Native forest harvesting in active coupes 

3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversion and 

conversion on private land where suitable 

5. Native forest harvesting and all RFA plantation conversion on public land and conversion on 

private land where possible. 

5.4 Results 

5.4.1 Mean tendency 

Mean population trajectories (Figure 5.2) show that a decline in population size is expected under 

all scenarios. The initial abundance was 461,150. Scenarios result in declines in the mean expected 

population to less than one half to less than one quarter of the initial abundance (Table 5.1). The 
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loss of population size is attributable to a decline in carrying capacity that is caused by a 

reduction in the abundance of suitable sized and aged coarse woody debris. 

 
Figure 5.2: Mean expected population sizes for R. cochleata colonies in northeast Tasmanian wet eucalypt 

forest under five management scenarios 

Table 5.1: Expected mean population sizes of R. cochleata colonies in northeast Tasmanian wet eucalypt 

forest, averaged over the period 100-200 years into the future 

 Population size % reduction relative to 
scenario1 

Available carrying capacity at 
the end of the simulation 

Scenario 1 247,618  461,150 

Scenario 2 114,114 54 203,074 

Scenario 3 102,917 58 184,270 

Scenario 4 101,714 59 184,256 

Scenario 5 97,566 61 180,726 
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5.4.2 Risk analysis 

The risk of population decline is appropriately measured by the expected minimum population 

size (EMP) (Table 5.2) and is reflected in the risk curves (Figure 5.3). EMP is calculated as the 

average of all the minimum values for each iteration of the simulation (McCarthy and Thompson 

2001). There is an appreciable risk that the populations will fall below 100,000 individuals at least 

once in the next 200 years, under all except scenario 1. 

Table 5.2: Minimum expected population sizes for R. cochleata colonies in northeast Tasmanian wet 

eucalypt forest under five management scenarios within the next  200 years 

      Minimum expected population size 

Scenario 1 220,707 

Scenario 2 98,672 

Scenario 3 89,487 

Scenario 4 88,215 

Scenario 5 85,905 
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Figure 5.3: Quasi-extinction risks for R. cochleata colonies in north east Tasmanian wet eucalypt forest for 

five management scenarios 

Stochastic fires result in a 46% decline relative to initial abundance. This large decline is partly the 

result of a failure in the current model to include stand disturbance history, and partly because a 

fire frequency of 100 years is applied to the wet eucalypt habitat. 

Population declines relative to scenario 1 reflect the % decline in carrying capacity. This suggests 

that the model outcomes are driven by habitat loss rather than by population dynamics. This is to 

be expected from a simple population model in which dispersal and local loss of populations are 

rare events. The large declines reflect the significant levels of disturbance affecting wet eucalypt 

forests. 

5.5 Assumptions and limitations 

The current population model is overly-simplistic, necessarily so because of the lack of detailed 

life-history information. The model resulted in predictions that reflect a very close association 

between habitat loss and extent of population decline. Assumptions regarding recovery of course 

woody debris under CSB (clearfell, burn and sow) activities and whether they adequately reflect 
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the actual situation are unclear. It is likely that model assumptions based on unknown aspects of 

the life history of R. cochleata will result in some divergence from the results shown here. Despite 

this, the dominance of habitat-driven effects can be expected for a small plant with restricted 

dispersal abilities. In the absence of detailed life-history information, the structure and 

parameterisation of the model reflects what is currently known about the species.  
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Chapter 6. Veined bristle-fern (Crepidomanes venosum) 
 

Julian Fox and Perpetua Turner 
 

6.1 Summary 

Crepidomanes venosum (R. Br.) Copel. belongs to the taxonomic group Pteridophyta, a distinct 

group of vascular plants that are flowerless, reproduce from spores, and have separate 

gametophyte and sporophyte generations. C. venosum is epiphytic and requires a host plant for 

support. Dicksonia antarctica (Labill), manfern supports a rich and diverse epiphytic flora 

including C. venosum.  

Only limited information is available regarding habitat requirements and locations of C. venosum. 

An expert habitat model and population viability analysis model were developed based on 

current knowledge of the species and its host, D. antarctica, recent field studies, expert judgement 

and studies on similar species. Construction of an expert habitat model resulted in the 

identification of 491 patches, with a total carrying capacity of 6.8 million plants. A population 

model using the most current life history information was used to determine the impact of future 

plantation expansion on populations of C. venosum. Model projections indicate that there is no 

apparent risk of global extinction, although there are high risks (50%) of falling to small total 

population sizes (1.5 million) at some point over the projection period. These extreme events, 

which lead to the smallest population sizes, are a result of large-scale wildfires exacerbating 

anthropogenic disturbances. The results indicate that given the limited dispersal capabilities of 

the species, the total expected population size is driven by total available habitat and the intensity 

of habitat disturbance is the driving factor behind population declines. 

Much of what is modelled regarding C. venosum life history, dispersal dynamics, and disturbance 

response is based on expert judgement and anecdotal observation. It is entirely possible that this 

model overlooks important aspects of model parameterisation. However without further detailed 

study, the specified model adequately reflects our current understanding. 



Chapter 6: Veined bristle fern (Crepidomanes venosum) 137 

6.2 Introduction 

C. venosum (R. Br.) Copel. is in the family Hymenophyllaceae and is known as a “true fern”. They 

are restricted to moist habitats where there is protection from the drying effects of sun and wind 

(Garrett 1997). C. venosum is epiphytic and requires a host plant for support. As a phorophyte, D. 

antarctica (Labill), manfern supports a rich and diverse epiphytic flora, the nature of which 

changes with forest succession. Its success lies in the moisture and nutrient retaining abilities of 

the caudex, the characteristics of which are likely to provide a superior germination and growth 

medium for wind and water dispersed species. C. venosum has been observed to have an almost 

exclusive preference for tree-fern trunks of D. Antarctica (Jarman et al. 1986, Ashton 1986).  

Little is known of the population dynamics of C. venosum and the impact future anthropogenic 

disturbance regimes will have on the species and its host. The purpose of constructing a habitat 

suitability model and a population viability analysis model for C. venosum is to predict the effects 

of future forestry practices, particularly the conversion of native forest to plantation, on 

populations of C. venosum. The model can be used to explore assumptions and management 

options in order to improve the transparency with which management decisions are made.  

6.3 Methods 

6.3.1 Habitat model 

This study included a field component aimed at measuring the association between the 

occurrence of C. venosum and the distribution of environmental variables to inform the 

construction of a habitat model. Similarly, life history attributes and population structure were 

recorded to support the development of a population model.  

The protocol for field information collection from a total of 26 sites included placing 5 x 5m 

quadrats along transects to maximize the number of manferns. This introduced a bias and will 

lead to an overestimate of C. venosum densities. Height and diameter of all manferns were 

measured along with % cover and position of C. venosum. Total C. venosum presence on manfern 

(as % of the total population of manferns) was also noted.  

The fieldwork component resulted in the identification of the several qualitative attributes. C. 

venosum was absent from manferns less than 100cm tall and less than 25cm in diameter. It was 

also predominantly found in gullies (17 of 26 sites) and absent from high altitude sites greater 

than 1000m, possibly being replaced by other filmy ferns of Hymenophyllum spp.  
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Manfern is widespread in rainforest and wet sclerophyll forest, but restricted to moist sheltered 

sites in dry sclerophyll forest. It is widespread on sites with over 1000mm of rainfall, up to 1000m 

elevation. For areas between 600 and 1000mm rainfall, it is restricted to moist gullies and/or 

sheltered southerly sites. (Unwin and Hunt 1996). C. venosum is only likely to be present in wet 

sclerophyll and rainforest sites (see Peacock 1994 p.75), those with over 1000mm rainfall and less 

than 1000m in altitude.  

To estimate the mean density of C. venosum, it was assumed that a single D. antarctica plant 

provides a substrate for a single mat of C. venosum. Since 5 x 5m quadrats were placed 

opportunistically, densities were over-estimated. A correction factor was applied to account for 

this bias. All comparisons are relative to the base scenario, so estimates of absolute abundance 

become less important. The density of suitable substrate per ha was calculated as the number of 

manferns greater than 100cm tall and 25cm in diameter. Gullies and non-gullies were 

differentiated, as it was expected that the density would be higher in gullies. Plots with either 

suitable Dicksonia present or plots identified as being located within suitable habitat (for GIS) 

were included in estimates. The density of suitable substrate was then modified according to the 

number of manfern that actually had C. venosum in gullies and non-gullies. The overall mean 

density of C. venosum was calculated as 140/ha for gullies and 75/ha for non-gullies. The mean 

densities estimated from fieldwork were applied to GIS data to approximate C. venosum 

distribution and density in north-east Tasmania. 

The initial habitat map was extensive, with many small polygons. C. venosum is susceptible to 

edge effects and it is likely to exist only in the protected interior areas of habitat patches. Isolated 

polygons less than 12ha in area were assumed to effectively be predominantly edge effected and 

were excluded. Patches were also assumed to be continuous when separated by less that 3 cell 

widths. Applying this approach resulted in the identification of 491 patches, with a total carrying 

capacity of 6.8 million plants (Figure 6.1). This agrees with estimates from the tree fern 

management plan, which estimates the total tree fern resource of Tasmania to be in the order of 

30 million. 
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Figure 6.1: Habitat patches for C. venosum in northeast Tasmania 

6.3.2 Life-history attributes 

Information on life history, dispersal ability and response to habitat disturbance was gathered 

from the literature, recent field surveys and personal communication. This information was used 

to develop a metapopulation model using RAMAS GIS (Akçakaya and Root 2002).  

The reproductive cycle of ferns is complicated and consists of two sexual stages – the sporophyte 

and gametophyte stages (Garrett 1996). The sporophyte stage consists of spore-bearing adult 

ferns on which the sporangia ripen and release copious minute spores (Garrett 1996). A small 

proportion of these spores settle on suitable substrate in suitable micro-habitats. For C. venosum 

this consists of the smooth section of mature manfern trunk with a moist, sheltered microhabitat. 

Spores will germinate within a few days, and after repeated cell division, a one-cell thick, heart-

shaped prothallus is produced. It may then take between several months and several years 

(depending on the species) for the male (antheridia) and female (archegonia) reproductive organs 

to mature (Garrett 1996). Once mature, male gametes are released (female organs mature more 

slowly increasing the chance of cross-fertilisation) and fertilisation occurs. After fertilisation, 

fronds and roots are produced. 
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It is likely that only an infinitesimal percentage of liberated spores settle where conditions of 

light, moisture and substrate are ideal for germination, then survive and grow to reach an 

observable size (Garrett, 1996). This will be particularly the case for C. venosum with its highly 

specific substrate needs. Spores of the Hymenophyllaceae are green when mature, and may only 

be viable for a few months. Once established, C. venosum can spread by its extensively creeping 

rhizomes or stems, utilising surrounding substrate. 

Ferns are capable of asexual reproduction of the gametophyte via gemmae, and for some ferns 

this is the main means of dispersal, allowing single clones to become widespread. In an extreme 

case, genetic variability in Trichomanes speciosum (Killarney fern) in part of its range has been 

attributed to sexual reproduction and spore dispersal in historic times under more favourable 

climatic conditions (Rumsey et al. 1999). Asexual reproduction has been adopted because climatic 

conditions have resulted in the sporophyte (and associated spore production) being extremely 

rare and vulnerable (Rumsey et al. 1999). This has implications for the C. venosum population 

model in that asexual reproduction via gemmae may facilitate survival of the species in 

unfavourable circumstances. However, because the sporophyte stage is relatively prevalent 

(being the form recorded in surveys), asexual reproduction may only be making minor 

contributions to dispersal and colonisation. Garrett (1996) using Huperzia australiana as an 

example suggested that asexual vegetative reproduction from gemmae may result in the 

establishment of new plants within a few centimetres of the parent plant. Therefore, for C. 

venosum, asexual reproduction may result in new, genetically identical plants being formed on 

nearby sections of the same Dicksonia trunk. Occurrences such as these should not affect models 

as we assume a single plant per Dicksonia. 

The gametophyte stage will last between 1 and 3 years. A proportion probably recruits to the 

sporophyte stage each year (M. Garrett pers. comm.). We assume that the gametophyte stage is a 

maximum of 3 years long, with some gametophytes making the transition after only 1 year (M. 

Garrett pers. comm.).  

The sporophyte stage may be long-lived, and to account for this three stages are included, each of 

increasing duration. Maximum longevity for the sporophyte stage is assumed to be in the vicinity 

of 50 years (M. Garrett pers. comm.). Extra life stages could be included (e.g. spore and 

prothallus), but at present are excluded in this model. 

Fecundity was estimated to be 0.5 gametophytes per sporophyte per year. This is small, but 

accounts for the assumed high levels of mortality in the prothallus stage (M. Garrett pers. 

comm.). 
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Mortality has been observed when sites are disturbed and C. venosum is exposed to sunlight. It is 

quickly desiccated in these circumstances. C. venosum also exhibits different characteristics to 

Hymenophyllum spp. in their sporophyte and gametophyte generations. Young sporophytes of C. 

venosum lack a root, whereas other species of the same family possess a well-developed root 

(Stone 1965). C. venosum may also be more sensitive to desiccation, as regrowth tends to lack the 

moist, consistent microclimate of mature forest. Because of these ecological characteristics, it is 

likely that C. venosum is highly susceptible to desiccation from edge effects or canopy openings.  

We assume that mortality is high in the gametophyte stages, with survivorship values of 0.5, 0.6, 

and 0.7 for the three gamete stages (M. Garrett pers. comm.). Survivorships of the adult stage 

were calibrated to provide a mean longevity of 15 years. The Leslie matrix (6.1) for the model 

appears below:  



























98.01.00000
09.01.0000
008.07.03.01.0
00003.00
000004.0
5.05.05.0000

  (6.1) 

Standard deviations for the fecundities were set at 5% and for survivals at 7.5%. These low levels 

of stochasticity reflect the stable rainforest system. Slightly higher variation for survival was 

selected to account for incidental desiccation resulting from canopy openings. 

Ceiling density dependence is assumed, given the nature of the substrate and its limiting effect 

on possible habitats, i.e., when all available habitats are utilised the population cannot exceed this 

ceiling. 

For environmental correlation, the model assumes a similar distance decay function as used for 

Simsons stag beetle (Chapter 1). The function generates appreciable correlations in populations 

that are 15 – 20km apart. 

6.3.3 Dispersal 

Studies of spore dispersal have indicated that a vast majority of spores (90% or more) are 

deposited in the immediate vicinity of the parent sporophyte (Glaves 1991). The distance 

travelled from the parent fern is likely to be a function of the height of the substrate. We assume 

50% of spores are deposited within the mean height of occupied manfern. From field data, the 
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mean height of Dicksonia on which C. venosum were found was 3.5m. Therefore we assume that 

the 50% of spores will travel less than 3.5m from the parent plant. 

Green spores germinate in two days or less after sowing and have a short period of viability, 

averaging about 48 days. They also contain chlorophyll, are short lived and must germinate very 

quickly (within a matter of days). All will germinate (cell division will commence) within a few 

days. After two more days 99% will die. Within two weeks, 1/10 billion will have survived (M. 

Garrett pers. comm.). Therefore most of the spores will either germinate quickly or die.  

Some ferns have long-lived spores that are capable of long distance dispersal. For C. venosum, the 

fact that it has short-lived spores will preclude long-distance dispersal and colonisation. 

However, spore dispersal and successful colonisation over intermediate distances (e.g., several 

hundred metres) is possible but unlikely. The dispersal function (6.2) includes the possibility of 

these rare events. Dispersal has been modelled as a function of the distance between two patches 

and has the following structure: 

Mij =  a ×exp(-Dijc/b)  if Dij < Dmax or Dij = Dmax  

 0 , if Dij > Dmax 
     (6.2) 

where (Mij) is the dispersal rate between the ith and jth populations, a, b, c, and Dmax are the 

function parameters, Dij is the distance between the two populations, Dmax is the maximum 

distance any individual can disperse in one time step (Akçakaya and Root 2002). The parameters 

were estimated as: a = 0.75, b = 0.15, c = 0.32, Dmax = 5.0, resulting in a great majority of dispersal 

over very short distances, with rare intermediate-distance dispersal over several hundred metres 

still possible (M. Neyland pers. comm.). 

6.3.4 Disturbance dynamics 

Peacock (1994) sampled regrowth wet and mixed forests and failed to find C. venosum. This is 

consistent with the species being late successional. Peacock (1994, p.75) found that C. venosum 

was the only obligate epiphytic fern which appeared to occur exclusively in unlogged mature wet 

(p.75) and mixed (p.105) forest. Mueck and Peacock (1992) also failed to find C. venosum in 

silvicultural regrowth in East Gippsland, and Ough and Murphy (1996) noted its disappearance 

following logging in the Central Highlands. Hickey (1994) found C. venosum in some logged sites 

(>30 years since disturbance) but noted that the major floristic difference between 20-30 year old 
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silvicultural, wildfire regeneration and old growth mixed forest was a much lower frequency of 

old growth epiphytic fern species.  

C. venosum exhibits much slower recovery compared to other members of Hymenophyllaceae 

(Peacock 1994, p.153). This may be associated with a marked preference for manfern, which 

tended not to be abundant in regrowth forest (Ough and Murphy 1996). Other Hymenophyllum 

spp. tended to colonise a variety of other phorophytes, many of which were more abundant in 

regrowth forest. C. venosum also exhibited different characteristics to other Hymenophyllum spp. in 

their sporophyte and gametophyte generations. C. venosum exists at low densities in mature 

forest, therefore its absence in regrowth forest may be a reflection of this. 

For the moment, we assume that C. venosum remains absent when native forest harvesting occurs. 

Expert opinion suggested that suitable substrate would not exist for approximately 75 years. 

Therefore, C. venosum would not be able to recolonise patches for approximately 75 years after 

logging once the suitable substrate had formed (M. Neyland, M. Brown and F. Duncan pers. 

comm.). There was general agreement that it would be absent from forests harvested on 80-year 

rotations. Considering that fire intensity would be variable and that some suitable manfern 

would survive, these assumptions may be somewhat conservative. However, surviving Dicksonia 

would have charred trunks and it may take some time to develop a new trunk with a smooth 

surface suitable for C. venosum.  

C. venosum is absent from plantations. Manferns may re-invade plantations, but even if it did, it is 

very unlikely that it would provide suitable substrate for C. venosum (J. Hickey pers. comm.). 

Furthermore, salvage harvesting of manfern prior to plantation conversion will result in the 

complete removal of the required substrate. 

There is limited evidence that C. venosum is sensitive to, and killed by fire. McMahon (1987) 

observed that while some epiphytic ferns effectively resprouted after wildfire, C. venosum was 

killed and failed to resprout. Chesterfield et al. (1990) failed to find C. venosum 5 years after a fire 

in warm temperate rainforest in East Gippsland, despite being present before the fire. However, 

Ashton and Frankenberg (1976) observed small colonies of C. venosum  23 years after a severe fire 

through warm temperate rainforest in South Gippsland, and Hickey and Savva (1992) observed 

the species 24 years after wildfire in Tasmanian mixed forest. Recolonisation after a fire will 

depend on the survival or regeneration of manfern. Survival may be important in providing a 

refuge for epiphytes and a source of propagules for their recolonisation into the post-disturbance 

stand. 
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Fires may kill manfern depending on intensity. If they are not killed, the trunks of manfern will 

be charred and will be unsuitable for C. venosum for perhaps 40 years (J. Hickey pers. comm.). 

Therefore two different temporal surges in the development of a suitable substrate will occur. 

One will result from surviving manfern after fire, and the other will result from regenerating 

manfern. Regenerating manfern may take 60 – 80 years before their trunks become suitable 

substrate for C. venosum.  

We assume that on average 30% of manfern survive a fire and that the initially charred trunks are 

not suitable for C. venosum until after about 40 years. The carrying capacity begins to recover 

from 40 years after a fire. After 50 years it is approximately 30% recovered and fully recovered at 

around 100 years after a fire. This recovery of the carrying capacity was modelled with the 

following function (6.3): 

( )[ ]2012.05.41/1 −−+= teR   (6.3) 

The range for C. venosum includes both rainforest and wet eucalypt forest. The dominant forest 

type in each patch (by area) was used to vary the fire interval. A fire interval of 1/100 was 

applied in wet eucalypt forest, and 1/400 applied in rainforest. 

Peacock (1994, p.319) observed anecdotal evidence of edge effects, with C. venosum exhibiting 

signs of ill health when growing near a road clearing. C. venosum was also observed to suffer 

mortality when gaps in the canopy resulted in exposed manfern trunks. It appears that C. 

venosum is highly susceptible to desiccation from edge effects or canopy openings. Peacock (1994, 

p.338) also observed that C. venosum in streamside reserves adjacent to logging were yellowing 

and partially dead, even though the forest remnants were apparently structurally unaltered. An 

edge effect of 40m precludes habitation in very small habitat patches. This consideration was 

incorporated by excluding small patches from the habitat model. 

6.3.5 Management Scenarios 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan. All 

scenarios were subject to stochastic wildfires. Scenarios 1 through 5 are subject to incrementally 

increasing levels of anthropogenic disturbance from native forest harvesting and plantation 

conversion. The management scenarios were described in the methods section at the beginning of 

this report. 

1. No disturbance 
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2. Native forest harvesting in active coupes 

3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversion and 

conversion on private land where suitable 

5. Native forest harvesting and all RFA plantation conversion on public land and conversion on 

private land where possible. 

6.4 Results 

6.4.1 Mean tendency 

Large declines in total population size are expected due to planned anthropogenic disturbances 

(40 - 50%), which are exacerbated by the natural wildfire events (more important in wet eucalypt 

forest than rainforest) resulting in total declines on the initial population in the order of 55-60%. 

A decline of 22% due to stochastic fires seems intuitively reasonable (Table 6.1). Due to this 

decline, changes in populations should be judged relative to the scenario 1 mean. Percent 

population declines relative to Scenario 1 accord with changes in available carrying capacity. This 

indicates that the area of disturbance is the driving factor behind population declines and that 

population dynamics of the species are having little influence in comparison to the intensity of 

disturbance activities. Given the limited dispersal capabilities of the species, if the chance of 

extirpation of local populations in the absence of anthropogenic disturbance, is low (as it is in this 

model) then the total expected population size is driven by total available habitat. 
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Table 6.1: Average population sizes and carrying capacities for C. venosum under five management 

scenarios 

 Mean population, 
between 100 and 
200 years 

% decline relative 
to initial 
abundance 

% decline relative 
to scenario 1 

Carrying capacity 
at the end of the 
simulation 

Scenario 1 3,145,297 22  6,869,589 

Scenario 2 1,729,966 57 45 3,758,431 

Scenario 3 1,685,355 58 46 3,639,889 

Scenario 4 1,683,180 59 47 3,639,889 

Scenario 5 1,654,201 59 47 3,578,695 

 

Population declines due to the stochastic fire regime and anthropogenic disturbances have all 

levelled by 50 years (Figure 6.2). Trajectories are more or less stable between 100 and 200 years. 

Declines increase through the scenarios, and are very similar for scenarios 3 and 4. This is 

because the effect of native forest harvesting and plantation conversion is the same under these 

regimes. The added loss in scenario 4 is attributable to differences in the timing of disturbances. 

The additional strategic plantation conversions in scenario 5 occur, on average, earlier than the 

native forest disturbances in scenario 4.  

6.4.2 Risk analysis 

Under a regime of stochastic wild fires, the population is likely to fall below 3 million individuals 

and is unlikely to fall below 2.5 million, at least once on the next 200 years (Figure 6.3). The five 

management scenarios generate consistent results. All predict that the chance of decline is 

substantially increased, so that there is an appreciable (roughly 25%) chance that the population 

will fall below 1.5 million at least once in the next 200 years. 
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Figure 6.2: Mean expected populations for C. venosum in north-east Tasmania under five management 

scenarios 
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Figure 6.3: Interval quasi-extinction risks for C. venosum in northeast Tasmania under five management 

scenarios 

Plantation conversion and native forest harvesting on an 80-year rotation both cause local 

population extinctions. A longer native forest rotation could facilitate some population recovery. 

Predicted population decline accords with the extent of habitat lost. Losses are driven by the 

disturbances associated with intensive forest management, which results in reductions in 

available habitat of 45-50%. Population dynamics have only a minimal effect when considered 

across the entire range, but may be important when considering the maintenance of local 

populations. 

There is no apparent risk of global extinction, although there are high risks (50%) of falling to 

small total population sizes (1.5 million) at some point over the projection period. These extreme 

events, which lead to the smallest population sizes, are a result of large-scale wildfires 

exacerbating anthropogenic disturbances. 
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6.5 Assumptions and limitations 

The model ignores dispersal dynamics within patches. For example, habitat recovery after a large 

wildfire event assumes that the extent of the recovering area becomes available simultaneously, 

and population growth rate allows the reoccupation of this area. In reality, C. venosum will only 

gradually fill the recovering area from disturbance edges, inward due to spore dispersal 

dynamics. This is an important assumption and a clear departure from reality.  

The ability of spore dispersal dynamics to facilitate reoccupation after population extinction is 

assumed. Successful long-distance dispersal leading to the establishment of a very small number 

of gametes (0.0001) is also assumed to occur up to distances of 3km. These events facilitate 

recovery after population destruction. 

Legal and illegal harvesting of manferns (perhaps in the order of 30,000 stems annually) will 

result in substrate removal, and reductions in carrying capacity. Given uncertainty as to the 

extent of these activities, and the small magnitude of removals relative to the total manfern 

resource, this source of decline and the uncertainty associated with it was ignored. 

Much of what was modelled regarding C. venosum life history, dispersal dynamics, and 

disturbance response was based on expert judgement and anecdotal observation. However, when 

modelled across its known range in northeast Tasmania, the contribution of the population 

model to predicted outcomes was negligible. It is entirely possible that this model overlooks 

important aspects of model parameterisation. But without further detailed study, the specified 

model adequately reflects our current understanding. 

Fieldwork was commissioned that collected preliminary information on C. venosum  habitat and 

abundance in northeast Tasmania. This was used to estimate the current range and population 

size of C. venosum. Given limitations on the amount of fieldwork that could be undertaken, there 

is uncertainty surrounding its adequacy as a generalisation of habitat preferences and 

abundances across the entire northeast, the predicted range and total population size are coarse 

estimates and should only be treated as indicative rather than accurate. 
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Chapter 7. Platypus (Ornithorhynchus anatinus) 
 

Sarah Bekessy, Julian Fox and Sarah Munks 
 

7.1 Summary 

The platypus (Ornithorhynchus anatinus) is a highly cryptic species that inhabits the lakes, rivers 

and streams of eastern Australia. A metapopulation model for the platypus representing its 

known range in Northeast Tasmania was constructed to investigate the potential impact of five 

disturbance regimes prescribing different levels of forestry activities including plantation 

conversion. Despite international fascination with the species, surprisingly little information 

exists on the population size, distribution, biology and response to threats. However, good 

information is available on habitat requirements for the construction of a habitat map.  

The habitat map was based on a stream order layer that was developed for the Bass District, 

based on topography. The modelled effect of plantation establishment included disruption to 

natal burrows and desertion of young, loss of foraging habitat, reduction in quantity of food, 

drying out of small streams and increase in physical barriers to stream movement. The recent 

threat of disease (Mucor amphibiorum) was also included in the model. The five management 

scenarios represented increasing levels of landuse change due to forestry activities including the 

conversion of native forest to plantations, resulted in projected population declines (measured 

using minimum expected population size) ranging from 1 to 3% over 200 years. However, in 

combination with the fungal disease Mucor amphibiorum, population declines ranged from 25 to 

28%. This prediction is based on several assumptions regarding the rate of spread and effect of M. 

amphibiorum and the impacts of forestry activities. In addition, the sensitivity of the model to 

changes in vital rates indicates that further research is required to provide more certainty about 

the estimates used. However, the current model is based on best available information and, in the 

absence of more detailed information, can be used to construct interim recommendations 

regarding the potential impact of management scenarios. 
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7.2 Introduction 

The Platypus, Ornithorhynchus anatinus is one of the world’s three extant egg-laying mammals 

(order Monotremata) and the only extant member of the Family Ornithorhynchidae. It inhabits 

the lakes, rivers and streams of eastern Australia from the Cooktown area in the north to 

Tasmania in the south. In Tasmania the platypus is common in the lakes of the Central Highlands 

(even in lakes over 914m above sea level), and in rivers, streams and farm dams of the south, 

southwest and northwest coasts. It also occurs naturally on King Island in Bass Strait, north of 

Tasmania. However, closer settlement is reducing the numbers in certain coastal rivers (Connolly 

and Obendorf 1998). 

The male platypus averages 50cm in length and weighs about 1.7kg. Females are smaller, 

averaging 43cm in length and weighing about 0.9kg. However, individuals in Tasmania are 

generally larger than on the mainland (Connolly and Obendorf 1998, Munks et al. 1998). Recent 

research has shown that there is genetic differentiation between the platypuses of mainland 

Australia and Tasmania (Akiyama 1999).  

Platypus are adapted to a semiaquatic mode of life with webbed feet, a horizontally flattened tail 

and a streamlined body. As an opportunistic predator, the platypus feeds on a variety of 

invertebrates (insects, crustaceans, worms and molluscs) as well as fish eggs, frogs (Grant 1982) 

and the occasional fish (Munks et al. unpubl. data). Platypus detect prey with their bills, which 

are covered in electrosensitive pores. Although diurnal activity can be quite common, the 

platypus is generally regarded as nocturnal. Foraging occurs mostly between sunset and sunrise, 

consisting of repeated dives of between 20 and 90 seconds duration. After successful dives, the 

platypus will sort and chew the captured prey. While the platypus is submerged food is held in 

special cheek pouches. It is also a solitary animal and usually only comes together to mate 

(although you can often find several animals in the same general area). During mating season, it 

is not unusual for male platypuses to become aggressive, although the platypus is usually a shy 

and wary animal (Grant 1995). 

Although good information is not available, it is likely that the platypus was more abundant 

before European colonisation and that commercial hunting for pelts, followed by the continuing 

and increasing disturbance of habitat caused by land management practices such as farming and 

forestry, have resulted in population declines (Grant and Temple-Smith 1998). The platypus is 

currently thought to be common, but is considered vulnerable due to the continuing degradation 

of suitable water bodies caused by damming, drainage and pollution (Carrick 1983). 

Environmental perturbation in the form of plastic litter, introduction of large predators, motor 
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vehicles and translocation of potential pathogens pose serious threats. Predation of platypuses by 

foxes and dogs is known to occur during the passage of animals through shallow or dry riffles of 

rivers and streams (Serena 1994). Fishing activities continue to drown small numbers of 

platypuses in many streams throughout their distribution. 

Another threat is posed by the enigmatic disease, ulcerative mycosis, caused by Mucor 

amphibiorum, known to affect platypuses in northern Tasmania, but nowhere else in Australia 

(Munday et al. 1998). Without some form of control it is possible that the disease may eventually 

spread to most populations in Tasmania with possible severe consequences for relatively isolated 

communities. In an area affected by the virus, up to 66% of individuals will be affected by the 

disease (Munday et al. 1998). An estimated 50% of these individuals will die and the remaining 

50% will have low vital rates (Munday et al. 1998). 

The degree of impact of forestry activities on platypus populations, including conversion of 

native forest to plantation, is likely to vary according to the part of a drainage system that is 

affected and the time of year. Effects may include drying up of small headwater creeks (Campbell 

and Doeg 1989), siltation, changes in stream flow resulting in loss of foraging habitat, loss of 

shading Koch et al. (2001) indicated that platypus are significantly less abundant in headwater 

streams recovering 15 years after disturbance from clearfell and burn forestry (pre-Code 

practices) compared to headwater streams in relatively undisturbed catchments. In headwater 

areas platypus are known to utilise habitat up to 20- 30m away from the stream edge for 

burrowing (Otley et al. 2001, Munks et al. unpubl. data). If less than this is reserved, survivorship 

and fecundity may fall.  

7.3 Methods 

7.3.1 Habitat model 

The ‘ideal’ platypus habitat identified by several habitat studies, including Ellem et al. (1998) 

were summarised by Grant and Temple-Smith (1998) as ‘a river or stream with relatively steep earth 

banks consolidated by the roots of native plant species whose foliage overhange the banks. The river or 

stream itself has a diversity of habitats, including aquatic vegetation and logs, and consists of a series of 

distinct pools of less than 5m in depth, with little sand accumulation, and separated by cobbled riffle areas’. 

There are also a large number of habitat variables that influence the production of benthic 

invertebrate species, which are the major food resource of the platypus. These include biotic 

variables, such as logs, twigs, roots and in-stream vegetation, as well as abiotic ones, including 

substrate types. Higher invertebrate productivity is usually associated with areas where logs, 
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roots and vegetation provide a range of habitats for different invertebrates and where a cobbled 

or gravel substrate provides fixed habitat, rather than shifting substrates such as sand (Grant and 

Temple-Smith 1998).  

Worley and Serena (2000) demonstrated that along the Wimmera River, sites supporting platypus 

had on average more than four times as many medium-to-large River Red Gums growing near 

the water, 50% more shrub cover along the banks and 20% more vegetation overhanging the 

channel than sites with few or no platypus. On the other hand, sites with few or no platypus had 

much more bare soil on the banks. 

The distribution of the Platypus in the Bass District of Tasmania was estimated using presence 

records (GTSpot records; Resource Management and Conservation Tasmania 2003, also see 

Connolly and Obendorf 1998, Koch et al. 2001). Presence records indicated a range that included 

all river catchments in the north east of Tasmania. Therefore all streams and lakes within the 

study area were considered potential habitat for the platypus.  

Serena (1994) estimated a population of 1.3 to 2.1 adult individuals per km of order 1 streams in 

the tributaries of the Yarra River in southern Victoria. The density of platypus probably varies, 

however, according to the size and productivity of the river system, with higher densities in 

larger streams that in small headwater streams and farm dams provide additional habitat (Koch 

et al. 2001). Koch et al. (2001) demonstrated that platypus densities vary between different orders 

of streams. A stream order GIS layer was created for the Bass District using ARC INFO (ESRI 

1998). Densities of platypus were assumed to be lower in areas with less than 1000mm rainfall for 

all stream orders and were determined according to the hierarchy presented in Table 7.1. Drier 

streams are thought to provide inferior quality habitat and hence support a lower density of 

platypus (S. Munks pers. comm.). The resulting habitat of the platypus appears in Figure 7.1.  

The final metapopulation patch structure was determined using RAMAS GIS (Akçakaya and 

Root 2002), resulting in the identification of 53 populations with a total of 49 652 platypuses of all 

age classes.  
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Platypus density 

 

Figure 7.1: Habitat model for the platypus (Ornithorhynchus anatinus) for the Bass District, Tasmania. 

Densities represent number of platypus per km of stream (densities estimated from the information 

presented in Table 7.1). 
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Table 7.1: Platypus densities estimated according to stream order, rainfall and disturbance history 

Parameter Classification Density (platypus per km of 
stream) 

Stream Order 1 3 

 2-4 6 

 5-6 7 

 7-8 4 

Rainfall <1000mm per annum 20% reduction for all stream orders 

Plantation Establishment Order 1 90% reduction 

 Order 2-4 20% reduction 

 Order 5-8 0% reduction 

Native Forest Harvesting (Clearfell) Logged between 1975 – 1984 20% reduction order 1,  

5% reduction order 2-4 

 Logged between 1985 – 1994 40% reduction order 1,  

10% reduction order 2-4 

 Logged between 1995 – 2002 65% reduction order 1, 

15% reduction order 2-4 

Cleared Agricultural Land Order 1 90% reduction 

 Order 2-8 20% reduction 

 

7.3.2 Disturbance Dynamics 

The impacts of native forest harvesting depended on the timing of the logging event, as a variety 

of practices have been employed over the past decades, including the implementation of a Code 

of Practice (Table 7.1). The differences relate to the size of streamside reserves and machinery 

exclusion zones and whether or not post-harvest burning occurred. It was assumed that all 

current Code provisions aimed at ameliorating impacts on streams were implemented fully in the 

management scenarios modelled. Harvesting prior to 1985 was assumed to have a lesser impact 

on platypus densities, as populations are thought to recover over a period of 15 to 40 years (S. 

Munks pers. comm.). 

Recovery from fire and native forest harvesting is based on values provided in Table 7.2, which 

were derived from personal communication with S. Munks. Recovery was according to the 

following functions:  
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( )[ ])1/1(*85.015.0 153.05.4 −−++= teR                                 (7.1) 

where R is the extent of recovery (0-1), and t is the time since disturbance. The function (7.1) was 

for stream order 1, and (7.2) was for stream orders 2-4. When a coupe was harvested, its habitat 

value was reset according to Table 7.2, and recovered according to the above functions.  

Table 7.2: Estimated response of the platypus to disturbance 

Type of Disturbance Classification Effect of Disturbance Recovery from 
Disturbance 

Assumed an average 
intensity 

10% reduction in density of 
platypus 

Recovery between 15 to 40 
years after fire  

Plantation Establishment Stream order 1 90% reduction in density of 
platypus  

( )[ ]1/1(*15.085.0 153.05.4 −−++= teR )                               (7.2) 

Fire 

No recovery 

 Stream orders 3-4 20% reduction in density of 
platypus 

 

 Stream orders 5-8 No effect  

Native Forest Harvesting  Stream order 1 65% reduction Recovery same as for fire 

 Stream orders 2-4 15% reduction in density of 
platypus 

Recovery same as for fire 

 Stream orders 5-8 No effect Recovery same as for fire 

Agricultural Land Stream order 1 90% reduction No recovery 

 Stream orders 3-8 20% reduction No recovery 

 Stream orders 5-8   

 

The spread of the disease Mucor amphibiorum was modelled using the ‘carried by dispersers’ 

function of the RAMAS GIS (Akçakaya and Root 2002) program. Each population was given a 

low probability of contracting the disease (0.001) and the probability of infection per disperser 

was set at 0.3. An estimated 50% of these individuals will die and the remaining 50% will have 

low vital rates (reduced by 10 to 20%). The location of diseased populations was based on a map 

of the distribution of the disease presented by Munday et al. (1998) as well as personal 

communication with B. Munday. Munday et al. (1998) presented a map of the distribution of the 

disease, indicating that disease spread can occur at a rate of at least 150km in 14 years (about 

10km per year). However, because the disease is now moving east-west rather than north-south, 

the dispersal rate may be lower. Therefore, a dispersal rate of 5km per year will be used in the 

base model (10% standard deviation). Figure 7.2 illustrates a schematic diagram of the 
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metapopulation structure for the platypus. Circles represent populations, while lines indicate 

dispersal routes.  

 

Figure 7.2: Schematic representation of Metapopulation extraction structure for the platypus for the Bass 

District, Tasmania. Circles represent populations with larger circles having larger population sizes. Lines 

indicate dispersal routes.  

7.3.3 Life history attributes 

Information on life history, dispersal ability and response to the habitat disturbance associated 

with plantation establishment and native forest harvesting was gathered from the literature and 

personal communications. Life history and dispersal information was used to parameterise a 

metapopulation model using the population viability analysis software RAMAS GIS (Akçakaya 

and Root 2002). Table 7.3 presents the stages used in the construction of the platypus model.  
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Table 7.3: Stages used in the construction of the platypus model 

Stage Description Survival Transition 

Female 
juvenile 

0 to 2 years 

Relative dispersal 0.25 

High mortality due to 
predation/vulnerability while 
dispersing. 0.55 survival 

All that survive move to next 
stage after 2 years 

Female 
adult 

Breeding adult 

Relative dispersal 0.05 

Live for 6-8 years. 0.806 survival  

Male 
juvenile 

0 to 2 years 

Relative dispersal 0.35 

High mortality due to 
predation/vulnerability while 
dispersing. 0.55 survival 

All that survive move to next 
stage after 2 years 

Male adult Breeding adult.   

Relative dispersal 0.1 

Live for 4-5 years. 0.715 survival  

 

Following is a summary of information gathered during this exercise: 

Reproduction: The minimum recorded age at first breeding in a female platypus is in the second 

breeding season, but some juvenile females do not breed until at least their fourth year of life, and 

some individuals do not breed in each consecutive year after they have first bred (Grant and 

Temple-Smith 1998). Male platypuses do not produce functional spermatozoa until their second 

year and presumably breed at that time (Temple-Smith 1973). Mating in Tasmania appears to 

occur between October through to February (Munks et al. 2000), which is later than on the 

mainland. Gestation is probably around 27 days and eggs are incubated for about six to ten days 

(Grant 1995). The nesting burrows are 3 to 8m long and the chambers are usually found above 

water level. The female fills the chamber with moist leaves, probably to create a moist 

atmosphere for incubation. One to three offspring are produced although not every female 

breeds every year (Grant 1995). Once hatched in early November, the young are suckled by the 

female; milk is produced in large glands under her skin, which can be up to one-third of her 

body’s length. The lactation period is between 3 and 4 months (Grant and Temple-Smith 1998). In 

Tasmania young emerge around the end of March through to June (Munks et al. 2000).  

Longevity: Platypuses have been recorded to live to at least 16 years in the wild, though most 

individuals die at a much younger age. The longest reliable age record for a platypus in captivity 

is 17 years. More research is required to establish the animals’ typical life span in the wild, 

although estimates of about 4-5 years for males and 6-8 years for females are not unreasonable 

(The Australian Platypus Conservancy 2003). High juvenile mortality results from predation by 

raptors (wedge-tailed eagles, brown falcons, grey goshawk, masked owl, and etc.), feral cats, 

spotted tailed quolls, young devils, snakes, water rats, dogs etc (Munday et al. 1998, S. Munks 
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pers. obs.). In a study of the causes of mortality in platypus from Tasmania, Connolly et al. (1997) 

showed that the most common causes were dog predation (40%), road trauma (28%), starvation 

and/or exposure (16%) and Mucor-cycosis (8%). The prevalence of the Mucor disease at two 

infected sites was 36% and 66%. 

Dispersal: Juvenile males possibly remain with their mother for up to three years before 

dispersing (Munks et al. unpubl. data). Little is known of juvenile dispersal distances. Best 

estimates are 11km for males and much lower for females in small headwater streams (Munks 

unpubl. data). Platypus are able to move overland to adjacent pools (Scott and Grant 1997). 

Home Range: Maximum foraging area of three individuals in a sub-alpine Tasmanian lake 

system was between 14 and 30ha (Otley et al. 2000). Serena et al. (1998) estimated that individuals 

in small streams travelled up to 10.4km (males) and 4.0km (females) in a single overnight period. 

The mean home range length of adult/subadult animals was significantly greater than that of 

juveniles (1.4-1.7km). Burrow sharing has been recorded (Serena 1994). Radio-tracking showed 

overlap of the home ranges of adult females, subadult and adult males and juveniles, although 

some adult males were mutually exclusive (Gardner and Serena 1995). Grant (1995) suggested the 

occurrence of a resident group and a transient group. 

Preliminary results from a catchment wide study in Northeast Tasmania (upper South Esk 

catchment) suggest that upper catchment streams may be important for juvenile dispersal and 

sub-adults/non-breeding adults (Koch et al. 2001).  

A stage-structured population model was built based on the life history attributes of juvenile and 

adult life stages. The stage matrix is presented in Table 7.4. The finite rate of increase for this 

stage matrix is 1.0047. The standard deviation on vital rates was assumed to be 10% for 

fecundities and 5% for survival (Table 7.5). A correlation distance function was estimated to 

specify the correlation coefficients between two populations as a function of the distance between 

them (average distance set to 10km). 
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Table 7.4: Stage matrix of the RAMAS GIS (Akçakaya and Root 2002) model constructed for the platypus in 

the Bass District, Tasmania 

  Females Males 
  Juvenile Adult Juvenile Adult 

Juvenile 0.25 0.5 N/A N/A 
Females 

Adult 0.3 0.806 N/A N/A 
Juvenile 0.0 0.5 0.25 0.0 

Males 
Adult 0.0 0.0 0.3 0.715 

 

Table 7.5: Standard deviation matrix of the RAMAS GIS (Akçakaya and Root 2002) model constructed for 

the platypus in the Bass District, Tasmania 

  Females Males 
  Juvenil

e 
Adult Juvenile Adult 

Juvenile 0.0125 0.05 N/A N/A 
Females 

Adult 0.015 0.0403 N/A N/A 
Juvenile 0.0 0.05 0.0125 0.0 

Males 
Adult 0.0 0.0 0.015 0.03575 

 

7.3.4 Dispersal  

Edge to edge dispersal was selected. A dispersal-distance function was utilised (Figure7.3) based 

on the assumption that average dispersal was 2km and maximum dispersal was 18km. The 

relative dispersal of juveniles was assumed to be higher, as this stage is generally occupied with 

searching for new territories. The relative dispersal rates for each stage are given in Table 7.3. 

Dispersal in RAMAS Metapop is defined as movement of organisms from one population to 

another and is equivalent to ‘migration’, rather than seasonal movement between two locations 

(Akçakaya 2002). No distinction was made between dispersal rates along streams or over land to 

simulate the dispersal of juveniles to new territories. 
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Figure 7.3: Dispersal-distance function used for the platypus in the Bass District, Tasmania 

7.3.5 Carrying capacity and density dependence 

A ceiling function was used to model the density dependence of platypus populations. Carrying 

capacity was based on the number of adults and was calculated according to Table 7.1. Density 

dependence was assumed to affect all vital rates (fecundity and survival rates). Carrying capacity 

was altered to reflect the influence of management scenarios according to Table 7.2. 

7.3.6 Simulations 

A ‘base’ model that represents the best assumptions for environmental conditions and model 

parameters was developed and was implemented in RAMAS GIS (Akçakaya and Root 2002). 

Next, sensitivity analyses were conducted to determine if the results of the model were sensitive 

to estimates of parameter values (Burgman et al. 1993). Deterministic sensitivities were explored 

using analytical results and stochastic sensitivities were evaluated by simulation, using expected 

minimum population size (McCarthy and Thompson 2001) to measure the response of the model 

to changes in parameters. The sensitivity of parameters investigated was calculated as: 

100×
∆

=
EMP
EMPS                             (7.3) 

where S is sensitivity, EMP is the expected minimum population size of the base model and 

∆EMP is the EMP of the model being investigated minus the EMP of the base model. Sensitivity 
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calculated in this way (7.3) provides an indication of both the magnitude and direction (positive 

or negative) of the change in EMP. 

Various scenarios were explored in which parameters were changed, one at a time, and the 

response of the model was measured by examining expected minimum population sizes, 

probability of decline and probability of a 10% increase. The model simulations were designed to 

explore the research questions outlined in the introduction. Five output statistics were recorded: 

 the total number of platypus at the end of 200 years of simulations,  

 the expected minimum abundance (McCarthy and Thompson 2001), 

 the probability that the population declines by 30% at least once,  

 the probability that the population will increase by 10% at least once, and 

 the metapopulation occupancy. 

Attention was paid to the probability of decline over the next 100 years because the IUCN 

classifies a species as vulnerable when the decline is 30% and endangered when the decline is 

50% over 100 years (IUCN 2001). Each scenario was implemented over a projection period of 200 

years, using 2000 replicates. 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan ranging 

from minimum to maximum levels of habitat disturbance.   

1. No disturbance 

2. Native forest harvesting in active coupes 

3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversions and 

conversion on private land where suitable 

5. Native forest harvesting and all RFA plantation conversions on public land and conversion 

on private land where suitable 
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All scenarios are subject to stochastic wildfires. Scenarios 1 through 5 are subject to incrementally 

increasing levels of anthropogenic disturbance and were described in the methods section at the 

beginning of this report. The five management scenarios resulted in increasing habitat 

disturbance from native forest harvesting and plantation conversion.   

7.4 Results 

7.4.1 Mean tendency 

The model simulations gave three broad results as followings: 

 The model is sensitive to changes to vital rates, 

 The fungal disease Mucor amphibiorum  poses a substantial threat, and  

 The probability of a 30% decline is very high in the presence of disease.  

Each scenario described in the methods section was implemented over a projection period of 200 

years using 2000 replicates. Mean tendencies as well as box and whisker plots representing 1 

standard deviation either side of the mean and extreme values respectively are shown in Figure 

7.4.  



Chapter 7: Platypus (Ornithorhynchus anatinus)  166 

 

Figure 7.4: Mean expected population trajectories for the platypus metapopulation model, run for 200 years. 

Scenarios 1–5 are described in the section 7.3.6. 

All scenarios indicate a population decline over the next 200 years. The magnitude of this decline 

increases through the 5 scenarios as levels of anthropogenic disturbance are increased. 

Trajectories are responding principally to the impact of the fungal disease Mucor amphibiorum and 

also to the imposed natural wildfire regime and planned anthropogenic disturbances from 

Forestry Tasmania’s Tactical and Strategic Plans.  

7.4.2 Risk analysis 

Risk curves for the five management scenarios 1-5 appear in Figure 7.5. The risk of 30% decline in 

platypus populations is high in all scenarios that include the effect of the disease Mucor 

amphibiorum. Hence, further research is required to determine the impact of the disease, the 

potential for disease spread and the most appropriate management plan to prevent further 

impact. The risk of decline in the scenarios with plantation establishment and native forest 

harvest is marginally higher than other scenarios. 
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Figure 7.5: Risk curves for the Tasmanian platypus metapopulation model, run for 200 years. Scenarios 1-5 

are described in the section 7.3.6. 

7.4.3 Sensitivity analysis 

Sensitivities to model assumptions are presented in Table 7.6. The model was sensitive to changes 

in vital rates (i.e., survival rates and fecundities). This has implications for further research, as 

surprisingly little is known about many aspects of platypus biology. The incorporation of the 

fungal disease Mucor amphibiorum led to high probability of 30% declines in platypus population, 

even with lowered probability of infection.  
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Table 7.6: Results of 33 parameter combinations and scenarios run for the metapopulation model over 200 

years 

Simulations Initial Na 
N at 200 
years EMPb 

Pc of 30% 
decline 
(34756) 

P of 10% 
increase 
(54617) 

Md(%) Se 

Base (no fire, plantations, harvesting 
nor disease) 

49652 52563 47254 0.006 1 52.8  

Low vital rates (-20%) 

High vital rates (+20%) 

49652 

49652 

0 

87627 

0 

70407 

1 

<0.0005 

0 

1 

0 

53 

-100 

49.00 

Low standard deviations (-20%) 

High standard deviations (+20%) 

49652 

49652 

58629 

46502 

52566 

41638 

<0.0005 

0.0865 

1 

1 

52.9 

52.6 

11.24 

-11.88 

Low carrying capacities (-20%) 

High carrying capacities (+20%) 

49652 

49652 

42711 

61472 

38923 

52274 

0.116 

0.0005 

1 

1 

52.6 

52.9 

-17.63 

10.62 

Density dependence affects survival 

Density dependence affects fecundity 

49652 

49652 

52506 

52659 

47340 

47383 

0.0025 

0.005 

1 

0.9995 

52.8 

52.8 

0.18 

0.27 

Low duration (-20%) 

High duration (+20%) 

49652 

49652 

53073 

52202 

48305 

46262 

0.0015 

0.005 

1 

1 

52.9 

52.7 

2.22 

-2.10 

Low dispersal (-20%) 

High dispersal (+20%) 

49652 

49652 

52893 

52175 

47649 

46932 

0.006 

0.007 

1 

1 

52.7 

52.8 

0.84 

-0.68 

Low initial abundance (-20%) 

High initial abundance (+20%) 

39722 

59582 

50595 

53679 

42264 

48942 

0.0255 

0.001 

0.769 

1 

52.7 

52.8 

-10.56 

3.57 

Stochasticity lognormal ucorrelated 

Stochasticity normal correlated 

Stochasticity normal uncorrelated 

49652 

49652 

49652 

58796 

52470 

58732 

52907 

47269 

52973 

<0.0005 

0.0035 

<0.0005 

1 

1 

1 

52.9 

52.8 

52.9 

11.96 

0.032 

12.10 

Correlation pessimistic (-20) 

Correlation optimistic (+20) 

49652 

49652 

52413 

52701 

47612 

46877 

0.0025 

0.0095 

1 

1 

52.8 

52.8 

0.76 

-0.80 

Disease 49652 38703 35508 0.45 1 42.5 -24.86 

Low probability of infection (-20%) 

High probability of infection (+20%) 

49652 

49652 

39838 

37661 

36638 

34530 

0.379 

0.507 

0.9995 

1 

45.1 

39.9 

-22.47 

-26.93 

Scenario 1 

Scenario 2 

Scenario 3 

Scenario 4 

Scenario 5 

49652 

49652 

49652 

49652 

49652 

51678 

50551 

49761 

49770 

50276 

46628 

46210 

45447 

45446 

45830 

0.004 

0.0069 

0.0108 

0.0084 

0.0069 

1 

1 

0.9995 

1 

1 

52.8 

52.7 

52.8 

52.8 

52.8 

-1.32 

-2.21 

-3.82 

-3.83 

-3.01 

Scenario 1 – with disease 

Scenario 2 – with disease 

Scenario 3 – with disease 

Scenario 4 – with disease 

Scenario 5 – with disease 

49652 

49652 

49652 

49652 

49652 

38434 

37047 

36748 

36561 

36863 

35234 

34218 

34064 

33966 

34056 

0.446 

0.524 

0.528 

0.512 

0.540 

0.997 

1 

0.9995 

1 

1 

42.6 

42.4 

42.4 

42.3 

42.5 

-25.44 

-27.59 

-27.91 

-28.12 

-27.93 
A Population Size                b Expected Minimum Population Size                c Probability                d Metapopulation Occupancy                e Sensitivity 
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7.5 Assumptions and limitations 

The platypus was sensitive to the differences between forest management scenarios. Results of 

the risk assessment indicate that the expected minimum population size is approximately 3% 

lower under the highest impact scenario compared with the lowest (Figure 7.4 and Table 7.6), 

increasing to 28% with the added impact of the fungal disease Mucor amphibiorum, even taking 

into account the implementation of Code of Practice specifications for streamside reserves.  

Results of this study illustrate that, under the assumptions made in this model, the current style 

of forest management (most closely resembled by scenario 4) is expected to result in a 3% 

decrease in expected minimum population size over the next 200 years (Figure 7.4 and Table 7.6) 

compared to the option of no timber harvesting. This impact occurs despite the incorporation of 

Code of Practice specifications for streamside reserves. The impact of the fungal disease Mucor 

amphibiorum leads to an additional 25% decline in expected minimum population size. However, 

the threat of local extinction is close to zero (Figure 7.5). This type of information provides a 

transparent statement of the predicted cost of management actions in terms expected population 

outcomes.  

Results of the sensitivity analysis, however, beg caution in use of the model predictions. Changes 

in the estimate of vital rates brought about a change in expected minimum population size that 

outweighs any of the silvicultural scenarios tested (Table 7.6). At face value, this result might 

bring into question the relative importance of the silvicultural impacts modelled. However, it is 

also reasonable to assert that if such impacts operate additively with a change in vital rates, then 

the implications for population persistence may be more dire than predicted by our case study. 

Research priority should be given to refining the highly sensitive parameter estimates. The lack of 

information regarding the biology of the platypus is a clear problem, particularly considering the 

sensitivity of the model to changes in vital rates. The lack of knowledge regarding the response of 

platypus to disturbance is another limitation.  

The spread of fungal disease Mucor amphibiorum was assumed to be related to dispersal rate. The 

probability of infection was assumed to be 30% once a dispersing individual entered a new 

population. It is possible that, since the movement of the disease in this region would be 

eastward, the disease may in fact spread more slowly. The low sensitivity to the probability of 

infection provides greater confidence in the model predictions, however further information on 

the spread of the Mucor disease would improve model predictions.  
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Although the platypus presently appears to be secure, populations could easily be decimated by 

disease and habitat disturbance. It is relatively easy to formulate assumptions and parameter 

settings that would lead to more pessimistic outcomes. This represents the sensitivity of broad 

conclusions to lack of knowledge. Reliable information is needed on population size and 

distribution, biology, ecology, risks and threats. The model may be used to assist future research 

in targeting those aspects of the biology of the species that might produce the most valuable 

results. 
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Chapter 8. Spotted-tailed quoll (Dasyurus maculatus 
maculatus)  

 

Julian C. Fox and Menna E. Jones 
 

8.1 Summary 

The Tasmanian spotted-tailed quoll (Dasyurus maculatus maculatus) is a carnivorous marsupial 

that inhabits thickly vegetated forests in high rainfall areas. A habitat suitability model and a 

population viability analysis model were developed to determine the impact of converting native 

forest to plantation on quoll populations in the northeast of Tasmania. A habitat model using 

bioclimatic variables produced a predictive surface of quoll habitat of differing quality. Nine 

patches were identified as subpopulations with a total carrying capacity of 439 individuals. An 

Allee effect was included in the population model to account for the quolls territorial behaviour, 

the limited dispersal ability of females, and the potential for the development of relatively small, 

isolated subpopulations. The population model suggests that future planned plantation 

conversion in the northeast will result in large declines in quoll numbers but no chance of overall 

extinction in the area. A sensitivity analysis of assumptions indicates that the model is sensitive to 

how quolls respond to disturbance, both anthropogenic and wildfires, and the magnitude of the 

Allee effect.  

8.2 Introduction 

The Tasmanian spotted-tailed quoll (Dasyurus maculatus maculatus) is a carnivorous marsupial. It 

can be identified by its dark brown fur and various sized white spots (Parker 1990) and unlike 

other quolls, it has spots on its tail (Strahan 1995). It is the largest subspecies with a body and 

head length of 400-750mm and a tail length of 350-560mm male average weight of 3.5kg, and a 

female average weight of 1.8kg. Quolls are opportunistic hunters and scavengers, with their diet 

consisting mostly of small and medium-sized mammals, birds, invertebrates, reptiles, and 

sometimes, larger mammals (Belcher 1995). 

The Spotted-tailed quoll primarily inhabits thickly vegetated forests in high rainfall areas in 

Tasmania and along the east coast of mainland Australia. D. m. maculates is now very rare in 
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mainland Australia (Nowak 1999); however, their population has appeared to increase in 

Tasmania (Strahan 1995). Threats include introduced species such as foxes, feral cats, domestic 

cats and dogs (Strahan 1995, Nowak 1999). This species also competes with Tasmanian devils for 

food (Jones and Barmuta 2000). The Spotted-tailed quoll is listed as Rare under the Tasmanian 

Threatened Species Protection Act 1995, and as Vulnerable under the IUCN classification. The 

Tasmanian subspecies is soon to receive a different sub-specific name, as it has been found to be 

genetically distinct at the level of Evolutionaryly Significant Units (ESU) from the south-eastern 

Australian mainland population (Firestone et al., 1999).  

Sections of the core distribution for Spotted-tailed quolls in the northeast are scheduled for 

conversion to plantation. The impact these management activities will have on future population 

sizes is largely unknown (Jones and Rose 1996, p.6). The development of a habitat suitability 

model and a population viability analysis model for the Spotted-tailed quoll can be used to 

explore assumptions about the life history of the species and its response to anthropogenic 

disturbance. Furthermore the models can assist in quantifying the impact forestry practices will 

have on the species and can determine the effectiveness of various management strategies and 

the implications for population decline. 

8.3 Methods 

8.3.1 Habitat model 

Spotted-tailed quolls are forest-dependent species associated primarily with very wet forests, 

rainforests, and blackwood swamps where they reach their highest densities (Jones and Rose 

1996, p.6). Jones and Rose (1996) applied Species Environmental Domain Analysis (SEDA) to field 

survey data and presence records and found that bioclimatic variables including precipitation 

seasonality (reliable winter rain and summer drought giving rise to a high variation in rainfall 

across months within years) and mean annual temperature (warmer temperatures that occur at 

lower altitudes) were strongly associated with quoll presence. In conjunction, these factors 

produce an environment of high productivity (Jones and Rose 1996, p.32). The fact that the 

species prefers high productivity forest is not surprising given that the population densities of 

major prey species such as arboreal marsupials and birds will also be high in these productive 

environments (Jones and Rose 1996, p.32). 

The original predictive surface generated by Jones and Rose (1996) had a grid-cell size of 1km. To 

improve the resolution of the predictive surface, the model was reconstructed based on 

bioclimatic variables on a 25m grid-cell using ANUCLIM (McMahon et al. 1995). Based on the 
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results of Jones and Rose (1996), a predictive surface was generated using the following 

components. Precipitation seasonality (reliable winter rain and summer drought giving rise to a 

high variation in rainfall across months within years), and mean annual temperature (warmer 

temperatures that occur at lower altitudes) were strongly associated with quoll presence.  

Core distribution: high annual mean temp (>10.5oC) and high precipitation seasonality with a 

between month coefficient of variation >0.275. 

Intermediate distribution: moderate mean temp (>9 oC), or moderate precipitation seasonality with 

a between month coefficient of variation >0.25. 

Peripheral distribution: low to moderate mean temp (>8 oC), or low to moderate precipitation 

seasonality with a between month co-efficient of variation >0.2. 

The resulting predictive surface of quoll habitat suitability appears in Figure 8.1. Grey areas in 

represent core distribution, and the green areas represent intermediate and peripheral 

distributions. Animal densities were assigned to the core, intermediate and peripheral 

distributions as follows:  

Core distribution – 1 per 3km2 

Intermediate distribution – 1/15km2 

Peripheral distribution – 1/100km2. 
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Figure 8.1: Predictive surface of quoll habitat suitability. Bioclimatic habitat model for the Spotted-tailed quoll 

(Dasyurus maculatus maculatus) in north east Tasmania. 

To determine the patch structure for quoll populations, the predictive surface of quoll density 

was modified according to the current forest mosaic using Forestry Tasmania’s ForestClass2001 

GIS layer, and the Tasmanian Vegetation layer. Cleared agricultural land, high altitude heaths 

and existing plantations were excluded as potential quoll habitat. Although Spotted tailed quolls 

may move through these habitats, they are thought to not preferentially occupy or forage in 

them. 

With unsuitable areas removed from the quoll density predictive surface, a meta-population 

patch structure was determined using RAMAS GIS (Akçakaya and Root 2002). Populations 

smaller than 4 individuals were excluded as they rapidly declined toward extinction.  

RAMAS GIS identified 9 patches, with a total carrying capacity of 439 individuals. These 

estimates for the northeast accord with the total Tasmanian population estimate of 3,500 

individuals (Jones and Rose 1996). The patch structure for the metapopulation model appears in 

Figure 8.2. 
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Figure 8.2: Predicted patch structure for the Spotted-tailed quoll 

8.3.2 Life-history attributes 

Spotted-tailed quolls are the most arboreal of the quolls. They rest during the day and rear young 

in underground burrows, tree hollows or hollow logs, often located in steep and inaccessible 

parts of the forest (Belcher 2000, Jones 1995). There is evidence that significant competition for 

food may occur among the Tasmanian guild of marsupial carnivores. Dietary overlap between 

spotted-tailed quolls, Tasmanian devils (Sarcophilus harrisii), and eastern quolls (Dasyurus 

viverrinus) may result in suppression of population size and may partially explain the low density 

across its range (Jones 1997, Jones and Barmuta 1998).  

Spotted-tailed quolls have large home ranges. Males have a total home range size of 

approximately 8-10,000ha, which overlaps significantly with other males and with females. 

Females have a smaller home range of about 4000-5,000ha which is largely exclusive 

(intrasexually territorial) from other females (Belcher 2000). 

Sexual maturity is reached at 12 months of age. However, wild females do not breed until their 

second year. Males have a size/age based dominance hierarchy, and are unlikely to mate until 

their second or third years (Belcher 2000). On average, females rear 4-5 young in a year but may 
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not breed every year. They may have as many as 6 in one year. We assume an average rate of 4.8. 

An upper limit on this is 6, and a lower limit is 2-3. Quolls are predated on by Tasmanian devils. 

This results in high juvenile mortality in the first year up to approximately 0.5 (Pemberton 1990). 

Males suffer higher mortality rates than females; nearly all roadkills are males (95%) and most 

quolls killed on farms are also males. The annual mortality rate for males could be as high as 

50%, and for females approximately 35%.  

Reproduction is seasonal. Oestrus (female cycle during which the body is prepared for 

reproduction) and mating mostly take place from May – July. Pouch young have been observed 

between June and September (inclusive), and lactation occurs from October to December. 

Gestation is probably around 12 days, with time from behavioural oestrus to birth of about 21 

days (Jones et al. 2001).  

Fecundity at first year census for adult females would be 1.6 (4.8 young/female on average, 0.67 

females breeding in any one year and there is 50% mortality in first year). An upper limit on 

fecundity is 2.0 (6 young/female, 0.67 females and 50% mortality), a lower limit is 1.0 (3 

young/female, 0.67 females and 50% mortality). Assuming that upper and lower limits represent 

95% confidence intervals, a standard deviation on fecundity can be estimated as: (1/1.96)*0.4 = 

0.2. The model assumes that all juveniles become adults at age 1. Female adult survivorship is 

0.65 and male adult survivorship is modelled as 0.5. 

The quoll is likely to have a polygynous breeding system, i.e., there is a male dominance 

hierarchy with a skewed reproductive success among males; some males will father a high 

proportion of the young and others very few. Following from this, only females will be modelled, 

as female reproductive success is more evenly spread. Females are the limiting factor in 

population reproductive output as it is assumed that sufficient males will always be available to 

mate with females (unless an Allee effect is invoked; see below). Because we are modelling only 

females, fecundity needs to be adjusted downward for the fact that only 50% of the population is 

capable of producing offspring, therefore an overall fecundity figure of 0.8 is appropriate with a 

standard deviation of 0.1. 

Therefore the overall age/stage matrix (8.1) consists of: 









7.01
8.00

 (8.1) 

with a standard deviation matrix (8.2) is as: 
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05.00
1.00

 (8.2) 

The finite rate of increase for the stage matrix (8.1) is 1.3105, and it has a stable distribution of 

0.490 for juveniles and 0.510 for adults, reflecting equal stage ratios observed empirically. 

Average residence times in model stages are 1 year for juveniles and 3.33 years for adults. This 

also agrees with empirical estimates on the longevity of the quoll of 4-5 years. 

Contest competition density dependence was assumed. It is appropriate for quolls as they tend to 

be territorial, possibly having exclusive home ranges. Vital rates are sampled from the lognormal 

distribution. The same correlation function as used for Anoglypta launcestonensis was applied. Its 

parameter values were A=1, B=20, and C=1. 

An Allee effect occurs when populations become small, and the ability of the population to 

survive is impaired due to factors such as difficulties in finding mates, disruption of social 

structure and inbreeding. It seems reasonable to postulate the existence of Allee effects in this 

species because of its territorial behaviour, the limited dispersal ability of females, and the 

potential for the development of relatively small, isolated subpopulations. Therefore the contest 

density dependence function was modified by estimating an Allee parameter for each 

population. The Allee parameter, A, for each population was estimated as a function of patch size 

and the mean range size of males (McCarthy 1997) as:  

A = patch size (km2) / mean male range size (km2). (8.3)  

This relationship is intuitive as it identifies the number of males required to fill all breeding 

territories. If a population falls below this value, then some females will fail to find mates, and an 

Allee effect will occur. Mean male range size (amount of territory covered in a year) is perhaps 

100km2 – males have been observed moving 30km in a two month breeding season (Belcher 

2000). When the population size fell below this Allee parameter, the population growth rate was 

adjusted downward in the following way: 

R=(P/(P+A))  (8.4) 

where R is the population growth rate, P is the population size, and A is the Allee parameter. 
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8.3.3 Dispersal 

Male quolls can disperse tens of km (M. Jones pers. obs.). They have been recorded moving 30km 

within the 2 month breeding season (Belcher 2000). Individuals have been captured in remote 

locations up to 120km from the nearest quoll population in Victoria. Females are philopatric (do 

not disperse away from their mother’s home range) (Belcher 2000) and their dispersal ability is 

completely unknown. Genetic work suggests that they do not move more than 10km (Firestone et 

al. 1999).  

Dispersal has been modelled by combining the dispersal effect of both males and females. 

Dispersal dynamics were assumed to consist predominantly of short range female dispersal 

events (a modest average annual dispersal of 2km with a majority of events being less than 

10km). However, some long-range male dispersal events were also included, with infrequent 

events occurring over distances of 10 to 100km. A distance-decay function was derived that 

characterised these dispersal dynamics. The following parameter values were appropriate: a=1, 

b=2, c=0.75, and dmax=100.  

8.3.4 Disturbance dynamics 

Major habitat requirements for spotted-tailed quolls are adequate populations of suitable prey 

species (medium-sized mammals, such as possums and gliders and bandicoots), habitat in which 

they can hunt effectively, and suitable refugia for denning. Belcher’s (1997, 2000) work in New 

South Wales and Victoria indicates that quolls are likely to be absent from regenerating forest 

that has been clear-felled even after 50 years. Removal of fallen logs and structural components of 

the habitat removes den sites for a hundred years or more, and removal of trees with hollows 

probably removes primary prey species for a hundred years or more (Belcher 2000). Based on 

considerations of nesting and foraging requirements and the findings of Belcher (1997, 2000), it 

appears likely that regenerating forest is unsuitable until approximately 40 years of age, after 

which it gradually recovers, and approaches its original habitat value at 100 years of age. A 

disturbance response function (8.5) was selected to characterise this gradual recovery in the 

habitat value of regenerative forests between 40 and 100 years as: 

( )[ ]4012.05.41/1 −−+= teR    (8.5) 

where R is the extent of recovery (0-1), and t is the time since disturbance. When a coupe is 

harvested, its habitat value is reset to zero, and recovered according to the above function. 
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Plantations lack the habitat requirements for quolls. There will be few if any prey species and 

little or no opportunity for denning. Given the likely absence of these habitat elements, the model 

assumes that plantations offer negligible habitat value for quolls. Therefore, when a coupe was 

converted to a plantation its habitat value was permanently reduced to zero. 

Generally, more habitat elements are retained after a wildfire. They include hollow trees and logs 

which provide dens for both quolls and their arboreal prey species, and retained structural 

complexity improves foraging potential. Given this, recovery to the level of useful habitat would 

be faster following wildfire than for regenerating forests following clearfall. The habitat recovery 

function after a wildfire (8.6) was adjusted accordingly: 

[ ]teR 12.05.41/1 −+=   (8.6) 

Using this function, habitat began recovering at 0 years of age, was 50% recovered by 40 years of 

age and was completely recovered by 60 years after a wild fire. The dominant forest type 

(rainforest, dry eucalypt and wet eucalypt) of each patch was identified, and the fire frequency 

was assigned accordingly. Dry forest fire frequency was set at 100 years, and wet forest fire 

frequency was set at 200 years. 

8.3.5 Management scenarios 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan. All 

scenarios were subject to stochastic wildfires. Scenarios 1 through 5 are subject to incrementally 

increasing levels of anthropogenic disturbance from native forest harvesting and plantation 

conversion. The management scenarios were described in the methods section at the beginning of 

this report.   

1. No disturbance 

2. Native forest harvesting in active coupes 

3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversion and 

conversion on private land where suitable 
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5. Native forest harvesting and all RFA plantation conversion on public land and conversion on 

private land where possible. 

8.4 Results 

8.4.1 Population trajectories 

The mean population trajectories resulting when the model was run for 200 years subject to the 

five disturbance scenarios can be seen in Figure 8.3. All scenarios indicate a population decline 

over the next 50 years, which becomes more or less stable after 100 years.  

 

Figure 8.3: Mean expected populations for the Spotted-tailed quoll (Dasyurus maculatus maculatus) for five 

management scenarios 

The magnitude of this decline increases through the 5 scenarios as levels of anthropogenic 

disturbance are increased. Trajectories are responding to the imposed natural wildfire regime and 

planned anthropogenic disturbances from Forestry Tasmania’s Tactical and Strategic Plans. 

Statistics based on the mean population trajectory and carrying capacity between 100 and 200 

years are shown in Table 8.1. 
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Table 8.1: Mean population trajectory and carrying capacities between 100 and 200 years 

 Mean population 
trajectory 

As a % of 
Scenario 1 

Carrying 
capacity* 

% change in CC 

Scenario 1 261 - 423 - 

Scenario 2 111 57 295 30 

Scenario 3 97 63 287 32 

Scenario 4 96 63 287 32 

Scenario 5 90 65 286 32 

 

In the no disturbance regime (Scenario 1), a decline from an initial abundance of 423 to 260.63 is 

occurring over the first 100 years. This represents a decline of 38% due to the action of stochastic 

wildfires and population dynamics. The relative importance of stochastic wildfires and 

population dynamics in driving this decline is explored later in the sensitivity analysis. For 

scenarios 2 to 5, different levels of additional disturbance cause relative declines of between 57 

and 65% across the projection period.  

A component of this decline can be attributed to habitat loss, measured as the carrying capacity at 

the end of the projection period. Reductions in carrying capacity are due to the permanent loss of 

habitat to plantation conversion and the temporary loss to native forest harvesting. For the 

different scenarios, carrying capacity reduces by between 30 and 32% from the start to the end of 

the simulation. This is far less than the declines of between 57 and 65% observed in trajectories 

for average population size. The additional decline observed in the mean tendency can be 

attributed to the breakdown of population dynamics associated with habitat loss. This can be 

attributed, in part, to the Allee effect. The Allee effect is included in the model to simulate the 

increased difficulty quolls may experience in finding mates when populations become very thinly 

dispersed. These effects tend to draw small populations away from carrying capacity and toward 

extinction (Akçakaya 2002). 

8.4.2 Risk analysis 

Quasi-extinction risk curves, that depict the probability that the total population size will fall 

below a range of population thresholds at least once over the time horizon, are shown for the five 

scenarios in Figure 8.4. The increased levels of disturbance from forestry activity associated with 

scenarios 2 to 5 shift the risk curves to the left. These scenarios result in substantial increases in 

the risk of declining to smaller population sizes.  
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Figure 8.4: Quasiextinction risk curves for the Spotted-tailed quoll (Dasyurus maculatus maculatus) for five 

management scenarios 

These declines are further indicated by the expected minimum abundance (EMA) in Table 8.2. 

The EMA represents the population size for which there is a 50% probability of falling below. For 

disturbance scenarios 2 to 5 there is a 50% chance that total abundance will fall below 71 and 54 

individuals respectively at some point over the next 200 years. Although there is no apparent risk 

of extinction given the current parameterisation, there is a 50% chance that populations will fall 

below these small sizes.  
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Table 8.2: Expected Minimum Abundance for scenarios 

 Expected minimum 
abundance 

Scenario 1 196 

Scenario 2 71 

Scenario 3 59 

Scenario 4 59 

Scenario 5 54 

 

8.5 Assumptions and limitations 

Model assumptions were examined by conducting a sensitivity analysis. Parameters investigated 

were fecundity, mortality and dispersal estimates. Variations on each parameter produced 

consistent changes in model outputs that accorded with the magnitude of the change. Model 

outputs were approximately linearly sensitive to these aspects of life-history parameterisation. 

The exception to this was the influence of the density dependence function (examined below). 

An important aspect of the model is the estimated influences of disturbances on quolls and their 

habitat. There is much uncertainty as to the response of populations to disturbances and it is 

therefore appropriate to examine this in more details. The current response to native forest 

harvesting assumes that habitat recovery commences at 40 years of age and is complete at 100 

years of age. The effect of altering this so that recovery commenced immediately after harvesting 

and was completely recovered by 60 years of age can be seen in Table 8.3.  
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Table 8.3: Variations on the influence of disturbances and their effect on model outputs using scenario 5 

Adjustments to disturbance dynamics EMA Mean population 
trajectory 100-200 

Current model (scenario 5) 54 90 

Quicker recovery - native forest harvesting 
(NF+50%)  

76 118 

Plantation reduces habitat value by 50% (PL+50%) 87 131 

NF+50% and PL+50% 109 161 

NF+50% and PL+50% and no effect from wildfire 182 242 

No disturbances have any effect 272 342 

 

The response to natural wildfires was also examined. A scenario was run assuming that wildfires 

had no effect on quolls or their habitat. A second scenario was run assuming that habitat recovery 

was much slower after wildfire, and did not commence until age 40, and was not complete until 

age 100. 

Results for the scenario where wildfires had no effect indicate the importance of this disturbance 

in the current model. The population size for which there was a 50% chance of falling below was 

almost doubled, and the mean trajectory was dramatically increased. Similarly, when habitat 

recovery following wildfire was assumed to be slower, the EMP and mean trajectory were 

dramatically reduced and the risk of extinction (0.12) became quantifiable for the first time. 

Model outputs are critically sensitive to wildfire disturbance response.  

In the current model, habitat converted to plantation becomes permanently unsuitable for quolls. 

It is possible, but unlikely, that they use plantations for foraging, and to explore this uncertainty, 

it was assumed that the carrying capacity of plantations was reduced by 50% rather than by 

100%. This scenario resulted in a sizeable increase in both the EMP and the mean trajectory, and 

reflects the extent of plantation conversion and its influence on quoll habitat. 

The most optimistic (and perhaps unlikely) disturbance response that can be envisaged is one 

where plantation reduces carrying capacity by 50%, habitat commences recovery immediately 

after native forest harvesting and wildfire has no effect. The combined effect of these optimistic 

disturbance response assumptions was to massively increase the mean trajectory and the EMA. 

The mean trajectory and EMA were increased threefold, indicating the extent of the combined 

influence. Given the uncertainty surrounding the disturbance response attributes of the quoll, 



Chapter 8: Spotted-tailed quoll (Dasyurus maculatus maculatus)  187 

and their critical importance in influencing population viability, this is a priority area for further 

research. 

A further demonstration of the importance of disturbance response is the unlikely scenario that 

none of the disturbances have an affect. For this scenario the mean trajectory is increased four-

fold and EMA is increased six-fold. Given its importance in influencing results, this part of the 

model needs further research and clarification. 

A sensitivity analysis indicated that Allee effects have a significant influence on model outputs. 

Following this a more conservative model parameterisation was explored with the Allee effect 

excluded, i.e., it was assumed that quolls can find mates independent of density, resulting in 

increased expected population sizes (Table 8.4). 

Table 8.4: Mean population trajectory between 100 and 200 years with Allee effects removed 

 Mean population 
trajectory 

As a % of Scenario 1 % decline in carrying 
capacity 

Scenario 1 341 - - 

Scenario 2 241 29 30 

Scenario 3 232 32 32 

Scenario 4 233 32 32 

Scenario 5 230 33 32 

 

It is clear that when Allee effects are excluded the observed decline in the mean tendency accords 

almost exactly with % decline in carrying capacity through the projection period. This indicates 

that population declines for this simple parameterisation are being driven by habitat loss and that 

population dynamics have minimal impact, in contrast to the model including Allee effects which 

indicated larger declines. The Allee effect is effectively doubling the observed decline, by 

drawing populations toward extinction when their density falls below critical levels. 

A population viability analysis for the Tasmanian Spotted tailed quoll suggests that future 

plantation conversion in the northeast will result in large declines in quoll numbers but no chance 

of overall extinction in the area. A sensitivity analysis of assumptions, suggest that the model is 

sensitive to how quolls respond to disturbance, both anthropogenic and wildfires, and the 

magnitude of the Allee effect. Research into these aspects will provide more informed projections 

of future quoll densities. Despite the limitations, the model appropriately captures our current 

understanding of the life history attributes and dispersal capabilities of the Spotted-tailed quoll.  
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Chapter 9. Ringtail Possum (Pseudocheirus peregrinus 
convoluter) 

 

Sarah Bekessy, Julian Fox, Sarah Munks and Brendan Wintle 
 

9.1 Summary 

A metapopulation model for the Tasmanian ringtail possum (Pseudocheirus peregrinus convoluter) 

representing a subsection of its known range in Northeast Tasmania was applied in the context of 

five disturbance regimes prescribing different levels of plantation conversion. Although the 

common ringtail possum occurs throughout eastern Australia, the subspecies P. peregrinus 

convoluter is found only in Tasmania and some of the Bass Strait Islands. Good information was 

available on life history, social structure and habitat preference, though the population size and 

trend was largely unknown for the ringtail in Tasmania. A habitat model was developed based 

on an existing habitat model for the common ringtail possum in southern NSW. A sub-section of 

the Bass District was selected for the modelling exercise (2400km2), as too many populations were 

identified in the entire district to allow the development of a model. The sub-section was chosen 

to be as representative as possible, containing examples of all forest types modelled, including a 

variety of disturbance histories and strategic plans.  

The five management scenarios represented increasing levels of plantation conversion and 

resulted in projected population declines (measured using minimum expected population size) 

ranging from 31 to 41%. The modelled effect of plantation establishment included loss of nest 

sites, barriers to dispersal and poisoning from sodium fluoroacetate (1080). The results and 

sensitivity analyses indicated that the Tasmanian ringtail is sensitive to both plantation 

establishment and native forest harvesting, resulting in a high probability of 30% decline over 200 

years. Several assumptions of the model require clarification, including hollow dependence and 

the absence of ringtails in plantations. Further research could help to improve the reliability of 

model predictions. However, the current model is based on best available information and, in the 

absence of more detailed information, can be used to construct interim recommendations 

regarding the potential impact of management scenarios. 
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9.2 Introduction 

9.2.1 Background 

Pseudocheirus peregrinus convoluter (Schinz 1821) (Tasmanian ringtail possum) is the smallest 

folivorous marsupial. It is a shy, strictly nocturnal animal with a total body size of 600-700mm 

(350mm body). The common ringtail occurs along the entire length of the eastern seaboard of 

mainland Australia and in the south-west corner of western Australia (though it is considered a 

different species in this part of the range). However, the subspecies P. peregrinus convoluter is 

found only in Tasmania and some of the Bass Strait Islands (Strahan 1995). The Tasmanian 

subspecies is larger than the mainland subspecies, weighing between 750-1240g (Munks 1995). It 

is widespread throughout Tasmania, occurring in a variety of vegetation types, especially drier 

eucalypts forests and areas of tall, dense tea-tree. It appears to be absent from low and open 

woodland, sedgeland and scrubland in the south-west (Hocking et al. 1978, Hocking and Guiler 

1983).  

The colouring of the Tasmanian ringtail can range from a dull grey, dull fawn to red, but all 

ringtails have a white tip on the last third of their prehensile tails. Although anatomically 

specialised as a leaf eater, feeding on foliage from a wide variety of trees and shrubs, particularly 

those belonging to the Myrtaceae, the ringtail also feeds upon flowers (particularly those of 

eucalypts) and fruits. Juvenile foliage is eaten preferentially (How et al. 1984), although the 

ringtail possum is capable of digesting adult foliage. The ringtail is predominantly arboreal, 

spending little time on the ground, although Augee et al. (1996) demonstrated that they do 

occasionally nest on the ground. 

Ringtail possums nests in thick scrub or low canopy of tall shrubs and tree species including 

eucalypt regrowth (Henry 1996). They have also been known in Tasmania to nest within tree 

hollows, rock crevices, in dense vegetation on the ground, bird nest boxes and houses or sheds in 

urban and rural areas (N. Mooney, S. Munks and D. Pemberton pers. obs.). Nests or dreys are 

constructed of shredded bark, twigs and leaves built or nestled in forks of trees or dense 

shrubbery. The ringtail possum is a semi-social animal, living in communities of up to 5 

individuals, with reports of groups of males and females remaining together all year (Ride 1970, 

Collins 1973, How 1978, How et al. 1984, Munks 1999). Munks (1999) found single individuals 

and male/female pairs to be the dominant nest groups throughout the year. However, this study 

also found up to 5 individuals in a nest (adult male/adult female pair, female young from the 

previous year and 2 juveniles). The size of family groups may vary between sites. 
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9.2.2 Conservation Issues 

The Tasmanian ringtail is protected under the Wildlife Regulation 1999 of the Nature 

Conservation Act 2002 (Munks et al. in press). Being a hollow dependent species, it is protected 

under the Tasmanian Regional Forest Agreement (RFA 1997) as ‘Priority Fauna’, which requires a 

Comprehensive, Adequate and Representative Reserve system or relevant management 

prescriptions (RFA 1997). The ringtail was once numerous in Tasmania, with records indicating 

7,500,000 possums were hunted for their commercially valuable fur between 1923 and 1955 

(Guiler 1957). After 1940, possum population numbers declined rapidly. The decline can be 

attributed to disease, hunting, land clearing and poisoning. It was not until the mid 1960’s that 

population numbers began to recover (Munks et. al. in press).  

Current threats to the Tasmanian ringtail include habitat destruction and predation by cats and 

foxes. A study by Augee et al. (1996) demonstrated the profound influence of fox and cat 

predation on mortality rates of the common ringtail, in addition to natural predators. The average 

survival of wild common ringtail possums in this study, conducted in NSW, was only 182 days. 

The Tasmanian ringtail is a major prey item of the endangered grey goshawk and is particularly 

important for female grey goshawks during their breeding season (October to February). 

Lindenmayer et al. (1997) conducted an experiment to investigate the response of mammals to 

factors including landscape context and habitat fragmentation. This study found that the 

common ringtail was less likely to be found in continuous eucalypt forest than forest remnants in 

a matrix of Pinus radiata plantations. The authors suggested that this means either: animals from 

potential population sources in contiguous eucalypt forest can move through the softwood 

plantation and colonise the remnants, or populations residing in the fragments of remnant 

eucalypt forest are large enough to resist local extinction. McCarthy et al. (2001) developed a 

model for the common ringtail possum in south-eastern Australia and failed to predict the 

increased occurrence in patches, rather than continuous forest (even when the effect of 

fragmentation was eliminated). They suggested that extra complexity should be added to the 

metapopulation model to improve the predictions. In particular, they recommended 

incorporating edge effects and inter-specific interactions to accurately model the diversity of 

responses to fragmentation.  

The significance of the Lindenmayer et al. (1997) study to the persistence of the Tasmanian 

ringtail in plantations is questionable. Plantations of blue gum (Eucalytpus nitens and Eucalyptus 

globulus) are unlikely to provide a similar matrix to plantations of Pinus radiata. Although 

common ringtail possums utilise pine plantations (they eat pine needles, construct nests in pine 

trees and use pine needles as nest-building material, Friend 1980), there is currently no 
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information on the palatability of blue gum foliage. Additionally, D. Lindenmayer (pers. comm.) 

suggested that Tasmanian ringtails are unlikely to use blue gum plantations for nesting or 

foraging, because they will require hollows in forest at higher altitudes and would not obtain 

adequate nutrients or forage variety. A survey of remnant patches and riparian areas in the 

existing plantation areas in the Bass District of Tasmania would be required to determine 

whether ringtails can persist in these areas.  

Additional effects of plantation establishment on the Tasmanian ringtail may include poisoning 

from sodium fluoroacetate (1080), the loss of nest sites and barriers to dispersal.  

9.3 Methods 

9.3.1 Habitat information 

Ringtails are widespread throughout Tasmania, occurring in a variety of vegetation types, 

especially drier eucalypt forests and areas of tall, dense tea-tree. Riparian areas may be important 

for the species, particularly in dry open forest (Henry 1996, S. Munks pers. obs.). Ringtails utilise 

a dense understorey of banksias, wattles and tea-trees, although they can also be found in areas 

with little understorey. Davey (1984) found that the common ringtail required a dense 

myrtaceous understorey and observed the majority of animals in the understorey below a height 

of 2.5m.  

Ringtails sleep by day in a nest in tree hollows or in a spherical nest (drey) made from stringy 

bark, twigs etc in the branches of understorey shrubs and trees. It is possible that ringtail 

possums are more hollow-dependent in Tasmania than on the mainland, as it has been shown 

ringtails in colder climates are less likely to build dreys (D. Lindenmayer pers. comm.). The 

availability of nest sites is probably a major factor limiting distribution and abundance, along 

with the nutrient status of soils/palatability of leaves. Augee et al. (1996) found drey occupancy 

to be 1 in 15, although Thompson and Owen (1964) found a 50% occupancy rate. Augee et al. 

(1996) also found that 7% of nest sites were ground nests. Individuals may use between 1 to 3 

nest sites over a 5-day period (Munks 1999). 

Braithwaite (1983) showed that arboreals like the common ringtail may be abundant in less than 

10% of a forested area and that the optimum habitats are characterised by nutrient rich soils and 

undulating landforms. The level of leaf toxins may be higher in areas where the soil nutrient 

levels are lower (see Braithwaite et al. 1983, Munks et al. 1996). The common ringtail is folivorous 
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and consequently its distribution is likely to be influenced by the foliar nutrient characteristics of 

dominant vegetation (Cork and Pahl 1984). 

As there is little information regarding the distribution of the Tasmanian ringtail possum, we 

used a habitat model developed for the common ringtail in southern NSW (Eden region) (Wintle 

2003), together with expert opinion to determine suitable habitat. The methodology for the 

development of the habitat model follows: 

Observations of the common ringtail possum from the Eden Bioregion obtained between 1990 

and 2000 were used to fit the ringtail model. A total of 488 systematic survey observations were 

used, comprising 111 presence records and 377 absence records. Data were filtered to eliminate 

observations within 500m of a more recent record using a script written in the statistical software 

SPLUS 2000 (Mathsoft 1999). 

Cork and Catling (1996) categorise the bulk of studies on arboreal mammals into those pursuing 

the hypothesis that the foliar nutrient status of the forest is the prime determinant of habitat 

quality (Braithwaite 1983), and those that put equal or greater emphasis on variables related to 

structural characteristics of the forest. Significant relationships with variables describing forest 

structural attributes such as stand basal area, presence of trees with hollows, old growth forest 

patch size, and time since logging have been reported (e.g., Lindenmayer et al. 1990, Kavanagh 

and Bamkin 1995, Incoll et al. 2001). Others have found significant relationships between greater 

glider presence and forest type, tree species and foliar nutrient indices (e.g., Braithwaite et al. 

1988, Kavanagh and Lambert 1990). Cork et al. (1994) provide evidence of a hierarchical process 

within which forest structural attributes act as a determinant of folivorous arboreal marsupial 

habitat above a certain threshold of foliar nutrient. This hypothesis was supported by the work of 

Pausas et al. (1995).  

Lindenmayer et al. (1990) and Pausas et al. (1995) found indirect surrogates of shelter, nutrition or 

mobility such as slope and topographic position to be good predictors of arboreal marsupial 

habitat. Climatic variables are likely to affect the distribution of arboreal mammal habitat on a 

broad scale due to thermal and physiological constraints (Rubsamen et al. 1984). 

GIS technologies make it possible to create a very large number of variations on individual 

variables that may provide a slightly better fit to the data (e.g., Ritters et al. 1995). However, when 

numerous variables are considered using automated variable selection methods, over-fitting and 

selection bias may become a serious problem (Harrell and Lee 1984). Harrell and Lee (1984) 

recommend a rule of thumb that less than m/10 predictors should be considered as candidates 
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for inclusion in a regression model where m equals the number of observations of the least 

prevalent class in the modelling data set (generally the number of presence observations). In our 

situation, m = 111, therefore, the maximum number of candidate predictors considered was 11. 

With this consideration in mind a list of candidate predictors were compiled based on the prior 

habitat analyses discussed above. Table 9.1 provides a brief description of the available mapped 

variables and measured site variables that were considered as candidate predictors of habitat for 

the ringtail possum.  

Table 9.1: Mapped layers and measured site variables used as candidate predictors of ringtail habitat  

Variables Description Degrees of 
freedom 

rainforest350 Proportion of the area within a 350m circular radius that is rainforest 1 

wetforest350 Proportion of the area within a 350m circular radius that is wet schlerophyll forest 1 

shrub Shrub index between 0-10, indicating the relative 'shrubiness' of a site 2 

oldgrth1km Proportion of the surrounding area in a circular radius of 1km that is classed as oldgrowth 
forest 

2 

terrainpos Topographic position of a cell on a scale between 0 (gully floor) and 100 (ridge top) based 
on the slope of the first order neighbouring cells 

2 

topo500 Relative topographic position of a cell in relation to all other cells in a radius of 500m 1 

clim11 Mean temperature of the coldest period 1 

clim21 Highest period radiation 2 

 

In the identification of models for each species, all candidate continuous predictors were checked 

for non-linear relationships with the response variable by fitting and plotting non-parametric 

univariate smoothing functions with 4 degrees of freedom (Austin and Meyers 1996). To avoid 

problems with parameter instability (Belsley et al. 1980), sets of correlated predictors were 

identified (R≥0.5) and the univariate smoothing functions were used to choose one variable from 

each group with the most biologically sensible response shape that possessed reasonable 

explanatory power. 

Candidate predictor variables for each species were then sampled at survey sites using ARC 

INFO (ESRI 1998), to enable the construction of the modelling matrix. The modelling matrix is 

constructed such that each row represents an independent sampling location, defined by a 

unique site code (column 1), and set of geographic coordinates (columns 2 and 3). The fourth 

column in the modelling matrix represents the observations (of presence or absence) of the 
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species of interest at each unique site. The remaining columns in the matrix specify the value (or 

level for categorical variables) of each candidate predictor variable at that site. 

9.3.2 Habitat model building and evaluation 

A logistic regression model for the ringtail possum was developed using SPLUS 2000 (Mathsoft 

1999). Generalised Linear Models (GLMs) (McCullagh and Nelder 1989) were chosen over 

Generalised Additive Models (GAMs) (Hastie 1991) for this exercise for ease of model 

interpretation. The model was constructed and tested in an iterative fashion using a four-fold 

cross validation approach described by Hastie et al. (2001) and reviewed by Elith (2002). The 

following process of model building and evaluation was employed. 

In each of four iterations, 75% of the data matrix was used to conduct backward elimination 

variable selection and coefficient estimation. The remaining 25% of the data matrix were used as 

a quasi-independent model evaluation set, whereby the model for each iteration was used to 

predict the probability of the species occurring at each of the model evaluation sites. The 

predictions made to each of the evaluation sites were then compared with the observations at 

those sites using two standard evaluation statistics: the Mann-Whitney U-statistic (Miller and Hui 

1991) and Cohen’s Max-Kappa (Guisan et al. 1998).  

This process allows for evaluation of each of four models (one produced in each iteration) using 

data that were not used to fit the model, thereby giving a more realistic impression of the models 

predictive ability at un-surveyed sites. Mann-Whitney U-statistic evaluates the models ability to 

discriminate between presence and absence sites, while Cohen’s Max-Kappa evaluates the ability 

of a model to correctly predict site occupancy proportions at each iteration. Model discrimination 

(Mann-Whitney U) provides an indication of the usefulness of models for prioritising areas in 

terms of their relative importance as habitat for the particular species. Classification accuracy 

(Max-Kappa) provides an indication of the usefulness of models for classifying sites as either 

containing, or not containing the species using a cut-off probability threshold. The Mann-

Whitney U-statistic ranges from 0 to 1, where a score of 1 implies perfect discrimination and a 

score of 0.5 implies predictive discrimination that is no better than a random guess (Bambar 1975, 

DeLong et al. 1988). Cohen’s Max Kappa is measured on a scale of –1 to 1, where a score of 1 

implies that predicted occupancy rates perfectly reflect observed occupancy rates, a score of 0 

results from the level of agreement expected by chance, and –1 results when predictions and 

observations are opposite in all situations. Czaplewski (1994) summarises qualitative 

interpretations of Max-Kappa scores by several authors, indicating that a score between 0.4-0.6 is 

fair to good, and a score higher than 0.6 is good-excellent. 
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The prediction layer resulting from this habitat model had high predictions in rainforest. This 

prediction was thought to be unreliable, as there is a much smaller area of rainforest in Southern 

NSW and rainforest is not considered to be such high quality habitat in Tasmania (S. Munks pers. 

comm.). Hence, the habitat suitability of these areas was lowered. However, the prediction of 

high densities in wet gullies was considered reasonable (S. Munks pers. comm.), so this 

prediction surface was retained for use in determining initial abundance and distribution of 

ringtails.  

The densities of ringtail possums in the subsection of the Bass District was determined according 

to the classification rules presented in Table 9.2, although only 30% of suitable habitat was 

considered occupied owing to the generally patchy nature of the distribution of ringtail possums 

(Braithwaite 1983, Munks S. pers. obs.). This is thought to be caused by the dietary and nesting 

requirements of ringtails. Ringtails occurring in areas at altitudes greater than 600m were 

assumed to be more dependent on hollows for nesting owing to the colder temperatures. It was 

assumed that hollows would only develop 100 years after native forest harvesting, hence areas 

where ringtails are hollow dependent do not support populations after disturbance (Table 9.3).  

Table 9.2: Ringtail densities estimated according to the habitat model combined with forest type, altitude and 

disturbance history 

Parameter Classification Density (per ha) 

Forest type Dry Eucalypt  

 

Wet Eucalypt 

 

Rainforest 

5 in wet gulliesa 

3 in other areas 

10 in wet gullies 

5 in other areas 

15 in wet gullies 

10 in other areas 

Plantation establishment  100% reduction within plantation 

20% reduction in surrounding buffer zone 

Native forest harvesting >600m altitude 

<600m altitude 

100% reduction in wet and dry eucalyptb 

100% reduction in wet eucalyptc 

Cleared agricultural land  100% reduction 
a Wet gullies were the areas identified as high prediction areas in the habitat modelling exercise  
b Due to hollow-dependence 
c Assumes harvesting via clearfelling followed by a high-intensity regeneration burning 
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Table 9.3: Estimated response of the Tasmanian Ringtail to disturbance  

Type of 
Disturbance 

Classification Effect of Disturbance Recovery from Disturbance 

Fire Assumed an average intensity 50% reduction in density of 
ringtails 

Recovery between 0 to 40 years 
after fire according to a function 
(equation 9.1) 

Plantation 
establishment 

 100% reduction in area 
established as plantation and  
20% reduction in buffer zone 

No recovery 

Native forest 
harvesting 

Dry Eucalypt 

Dry Eucalypt Clear fell  

Wet Eucalypt, >600m altitude 

Wet Eucalypt, <600m altitude 

100% reductiona 

100% reductionb 

100% reductionb 

100% reduction 

Recovery same as for fire 

No recovery 

No recovery 

Recovery same as for fire 

Agricultural land  100% reduction No recovery 
a Assumes selectively harvesting with or without a cool regenerative burn 
b Assumes harvesting via clearfelling followed by a high-intensity regeneration burning. 

 

A sub-section of the Bass District was selected for the modelling exercise (2400km2), as too many 

populations were identified in the entire district to allow the development of a model. The sub-

section was chosen to be as representative as possible, containing examples of all forest types 

modelled, including a variety of disturbance histories and strategic plans. The final 

metapopulation patch structure was determined using RAMAS GIS (Akçakaya and Root 2002), 

resulting in the identification of 166 populations with a total of 205,128 possums (Figure 9.1). 

Populations with fewer than 10 individuals were deleted. The final habitat map for the 

Tasmanian ringtail for the subsection of the Bass District is shown in Figure 9.2. 

9.3.3 Disturbance dynamics 

Recovery from fire and native forest harvesting in non-hollow dependent areas is according to 

the following function (9.1): 

)))*2.0(5.4(1(
1

tEXPR −+=    (9.1) 
 

where R is the extent of recovery (0-1), and t is the time since disturbance. When a coupe was 

harvested, its habitat value was reset according to Table 9.3, and recovered according to the 

above function.  
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Figure 9.1: Metapopulation extraction for the Tasmanian ringtail for a subsection of the Bass District. Lines 

represent dispersal pathways. 

 

Figure 9.2: Habitat model for the Tasmanian ringtail for sub-section of the Bass District (2400km2) 
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9.3.4 Life history 

Information on life history, dispersal ability and response to the habitat disturbance associated 

with plantation establishment and native forest harvesting was gathered from the literature and 

personal communications. Life history and dispersal information was used to parameterise a 

metapopulation model using the population viability analysis software RAMAS GIS (Akçakaya 

and Root 2002). Table 9.4 presents the stages used in the construction of the Tasmanian ringtail 

model.  

Table 9.4: Stages used in the construction of the Tasmanian ringtail model 

Stage Description Survival Transition 

Fjuvenile/subadult Up to 1 year old            
Relative dispersal 0.2 

High mortality due to 
predation. 0.35 survival 

All that survive move to the 
next stage 

Fadult Breeding adult Live for 4-5 years.              
0.667 survival 

 

Mjuvenile Up to 1 year old            
Relative dispersal 0.2 

High mortality due to 
predation. 0.35 survival 

All that survive move to the 
next stage 

Madult Breeding adult.             
Relative dispersal 0.05 

Live for 4-5 years.               
0.667 survival 

 

 

Following is a summary of information gathered during this exercise, including Table 9.5, which 

presents parameters used for two previous models of the common ringtail possum on the 

mainland:  

Growth: Ringtails have a generally slow growth rate, reaching sexual maturity at approximately 

13 months until fully weaned at 7 months (Munks and Green 1997). The young leave the pouch at 

about 16 weeks, are weaned at 6-7 months, and disperse at 8-12 months. Some females may stay 

with the mother until the second lot of young are out of the pouch (S. Munks unpubl. data.). 

Females reach sexual maturity at about 13 months (Munks 1990, Munks and Green 1997) and 

males reach sexual maturity at 13.1 months (Ong 1994). The age structure is adult-biased (Ong 

1994). 

Reproduction: The mating system was described by Ong (1994) as socially monogamous, but 

sexually promiscuous males and females, with some polyterritorial polygynous males. The male 

female bond usually carries over from one breeding season to the next, although the male may 

mate and associate with a second female in a different part of its home range after the first female 

gives birth. Sex ratio was determined as 66 males to 67 females by How et al. (1984), close to 

parity by Ong (1994) and 51 males to 63 females in a Tasmanian study (Munks 1995). The sex 
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ratio was assumed to be equal in the construction of the metapopulation model. How et al. (1984) 

also showed that 96% of females bred each year and that breeding success may decrease in older 

females.   

Females give birth between May to August, usually to two young, which remain in the pouch for 

about four months. After this time the young often ride on the mothers back until fully weaned at 

7 months (Munks and Green 1997). There may be another birth season during spring/summer in 

high nutrient areas (Munks 1995). Fecundity varies according to habitat type from 1.91 in climax 

coastal teatree forest to 2.36 in Melaleuca regeneration and 1.8 young per female per year in E. 

obliqua/E. radiata woodland at Warramate (Munks 1995).  

Longevity: Life span in the wild is 4-5 years, with the maximum reported life span of 8 years 

(Thompson and Owen 1964). High juvenile mortality results from predation by raptors, feral cats, 

spotted tailed quolls and young Tasmanian devils. In the first year, male survival is 38.5% and 

female survival is 32%, although thereafter the trend is reversed with females living longer (How 

et al. 1984). Other studies have also shown high mortality during the first year with estimates 

ranging from 68% (Thompson and Owen 1964) to between 45-75% (Marsh 1967). Ong (1994) 

found that male juveniles (78%) had a higher survival rate to sexual maturity than females (44%). 

Mortality is likely to differ between sites/habitats  

Dispersal: Young males disperse at around 11 months and juvenile females tend to remain with 

adult females (Munks 1990). Little is known of juvenile dispersal distances, though 850m is 

thought to be a reasonable estimate (Munks 1990). Ong (1994) demonstrated that dispersal is 

female-biased, which is consistent with their monogamous mating system. How et al. (1984) 

found that forcibly vacated patches were not reoccupied within 12 months of their study. They 

suggest that recolonisation of ‘vacated’ areas does not occur rapidly, even though individuals of 

dispersal age are present in the population and that resident individuals probably exclude non 

resident dispersing individuals from their own and adjacent unoccupied habitat. 

Home Range: The home range of adult ringtail possums is between 0.3 to 1ha (Thompson and 

Owen 1964). The home range of a male usually includes the ranges of two females, but there is 

little overlap between the ranges of adjacent males. This probably varies according to habitat 

type, nutrient quality of tree species and availability of nesting sites (S. Munks pers. obs.). Home 

range boundaries may shift throughout the year, but within these boundaries a core is 

consistently used (Ong 1994). Male home ranges are larger than females, and they overlap 

extensively, spatially and temporally, with those of the female partner.  
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Table 9.5: Parameter estimates used by McCarthy et al. (2001) and Lindenmayer et al. (2000) in their 

population model of the Common Ringtail possum in southeastern Australia (modelled with ALEX and 

VORTEX respectively) 

Parameter  
(McCarthy et al. 2001) 

Value Parameter  
(Lindenmayer et al. 2000) 

Value 

Annual adult survival 0.64 Breeding age 1 

Age of first breeding 1 year Mating system polygomy 

Mean newborn females/breeder 1.23 Maximum litter size 8 (2 litters) 

Survival of newborns 

Survival of juveniles 

0.33 

- 

Mean dispersal distance (km) 5 

Densities in forest types (per ha): 

Eucalyptus camphora 

Eucalyptus macrohyncha 

Eucalyptus radiata 

Eucalyptus viminalis 

Pinus radiata 

0.1 

0.04 

0.02 

0.02 

0.005 

Litter size distribution: 

0 young 

1 young 

2 young 

3 young 

4 young 

5 young 

6 young 

7 young 

8 young 

 

4.0% 

12.3% 

49.7% 

15.9%   

12.2% 

3.9% 

1.6% 

0.3% 

0.1% 

Annual mortality, year 1/2/3/4+ (%): 

Males 

Females 

 

65/42 

65/33 

Maximum longevity (years) 8 

Maximum density (/ha) 2.00  

Multiplicative impact of catastrophes on: 

 

Reproduction 

Survival 

Dispersing sex 

Dispersing age classes (years) 

Survival during dispersal 

Migration rate 

Mean generation time (years) 

Projected deterministic growth rate (r) 

0.5 

0.5 

both 

1-8 

100% 

10% 

2.36 

0.042  

 

A stage-structured population model was built based on the life history attributes of juvenile and 

adult life stages. The stage matrix is presented in Table 9.6. The finite rate of increase for this 
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stage matrix is 1.0009. The standard deviation on vital rates was assumed to be 10% for 

fecundities and 5% for survival  (Table 9.7). 

Table 9.6: Stage matrix model constructed for the Tasmanian ringtail possum 

  Females Males 
  Juvenile Adult Juvenile Adult 

Juvenile 0.0 0.995 N/A N/A 
Females 

Adult 0.35 0.667 N/A N/A 
Juvenile 0.0 0.995 0.0 0.0 

Males 
Adult 0.0 0.0 0.35 0.667 

 

Table 9.7: Standard deviation matrix for the Tasmanian ringtail possum 

  Females Males 
  Juvenile Adult Juvenile Adult 

Juvenile 0.0 0.0995 N/A N/A 
Females 

Adult 0.0175 0.03335 N/A N/A 
Juvenile 0.0 0.0995 0.0 0.0 

Males 
Adult 0.0 0.0 0.0175 0.03335 

 

9.3.5 Dispersal  

Edge to edge dispersal was selected. A dispersal-distance function was utilised (Figure 9.3) based 

on the assumption that average dispersal was 850m (Munks 1990) and maximum dispersal was 

4km (McCarthy et al. 2001, Munks pers. com.) 

It was observed that during model simulations, some populations increased dramatically (much 

higher than carrying capacity) at each time step due to dispersal from a nearby large population. 

Hence, dispersal rate was reduced between very large to small populations by manually 

adjusting the dispersal matrix. 
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Figure 9.3: Dispersal-distance function used for the Tasmanian ringtail model 

9.3.6 Carrying capacity and density dependence 

A ceiling function was used to model the density dependence of ringtail populations. Carrying 

capacity was based on the number of adults and was calculated according to Table 9.2. Carrying 

capacity was altered to reflect the influence of management scenarios according to Table 9.3. 

9.3.7 Simulations 

A ‘base’ model that represents the best assumptions for environmental conditions and model 

parameters was developed and was implemented in RAMAS GIS (Akçakaya and Root 2002). 

Next, sensitivity analyses were conducted to determine if the results of the model were sensitive 

to estimates of parameter values (Burgman et al. 1993). Deterministic sensitivities were explored 

using analytical results and stochastic sensitivities were evaluated by simulation, using expected 

minimum population size (McCarthy and Thompson 2001) to measure the response of the model 

to changes in parameters. The sensitivity of parameters (9.2) investigated was calculated as: 

100×
∆

=
EMP
EMPS   (9.2) 

where S is sensitivity, EMP is the expected minimum population size of the base model and 

∆EMP is the EMP of the model being investigated minus the EMP of the base model. Sensitivity 

calculated in this way provides an indication of both the magnitude and direction (positive or 

negative) of the change in EMP. 
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Various scenarios were explored in which parameters were changed, one at a time, and the 

response of the model was measured by examining expected minimum population sizes, 

probability of decline and probability of a 10% increase. 

Five output statistics were recorded: 

 the total number of ringtail possums at the end of 200 years of simulations,  

 the expected minimum abundance (McCarthy and Thompson 2001), 

 the probability that the population declines by 30% at least once,  

 the probability that the population will increase by 10% at least once, and 

 the metapopulation occupancy. 

Each scenario was implemented over a projection period of 200 years, using 350 replicates. Only 

350 replicates were used for the metapopulation model as the stochastic wildfire model resulted 

in the process being computationally intensive. 

9.4 Results 

9.4.1 Population trajectories 

Each scenario described in the methodology section was implemented over a projection period of 

200 years. Mean tendencies as well as box and whisker plots representing 1 standard deviation 

either side of the mean and extreme values respectively are shown in Figure 9.4.  

All scenarios indicate a population decline over the next 200 years. The magnitude of this decline 

increases through the 5 scenarios as levels of anthropogenic disturbance are increased. 

Trajectories are responding to the imposed natural wildfire regime and planned anthropogenic 

disturbances from Forestry Tasmania’s Tactical and Strategic Plans.  
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Figure 9.4: Mean expected population trajectories for the Tasmanian ringtail possum metapopulation model, 

run for 200 years.  

9.4.2 Risk analysis 

No scenario indicated a possible decline to extinction, although there were differences between 

scenarios in the relative risk of decline to various threshold population sizes (Fig. 9.5). For 

example, scenarios two to five involve an appreciable chance that the population will decline by 

30% at least once during the period of the simulation (Figure 9.5). The risk of decline increases 

through the 5 scenarios as levels of anthropogenic disturbance are increased.  
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Figure 9.5: Risk curves for the Tasmanian ringtail possum metapopulation model, run for 200 years 

9.4.3 Sensitivity analysis 

Sensitivity analysis was conducted for 24 meta-population model parameter changes (Table 9.8). 

The Tasmanian ringtail model was very sensitive to changes in vital rates (S = -100%) and fairly 

sensitive to changes in estimates of carrying capacity (S = -15.61) and initial abundance (S = -

18.51), suggesting that uncertainty surrounding these parameters needs to be clarified to produce 

more reliable model predictions. The model was also sensitive to plantation establishment and 

native forest harvesting. Table 9.8 shows that the difference between the base model EMP and 

alternative scenario EMPs tended to increase as the intensity of disturbance increased. The 

highest impact scenario had the greatest negative impact on EMP with a sensitivity of -41.20%. 
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Table 9.8: Results of 25 parameter combinations and scenarios run for the metapopulation model over 200 

years 

Simulations Initial Na N at 200 
years EMPb Pc of 30% 

decline  
P of 10% 
increase Md(%) Se 

Base (no fire, plantations, harvesting nor 
fungus) 

205128 219213 205590 <0.005 1 96.8  

Low vital rates (-20%) 

High vital rates (+20%) 

205128 

205128 

0 

322276 

0 

294495 

1 

<0.005 

0 

1 

0 

165 

-100 

43.24 

Low standard deviations (-20%) 

High standar deviations (+20%) 

205128 

205128 

224889 

215997 

211682 

199806 

<0.005 

<0.005 

1 

1 

97 

96 

2.96 

-2.81 

Low carrying capacities (-20%) 

High carrying capacities (+20%) 

205128 

205128 

182309 

233279 

173445 

211227 

<0.005 

<0.005 

1 

1 

85 

105 

-15.64 

2.74 

Density dependence affects survival 

Density dependence affects fecundity 

205128 

205128 

219471 

220611 

204571 

205316 

<0.005 

<0.005 

1 

1 

97 

97 

-0.50 

0.13 

Low duration (-20%) 

High duration (+20%) 

205128 

205128 

223464 

216223 

209272 

202262 

<0.005 

<0.005 

1 

1 

111 

82 

1.79 

-1.62 

Low dispersal (-20%) 

High dispersal (+20%) 

205128 

205128 

223444 

215804 

208672 

201872 

<0.005 

<0.005 

1 

1 

100 

93 

1.50 

-1.81 

Low initial abundance (-20%) 

High initial abundance (+20%) 

164102 

246134 

187917 

227991 

167539 

216900 

<0.005 

<0.005 

1 

1 

92 

100 

-18.51 

5.50 

Stochasticity lognormal ucorrelated 

Stochasticity normal correlated 

Stochasticity normal uncorrelated 

205128 

205128 

205128 

167972 

219601 

165133 

149294 

204613 

145218 

0.365 

<0.005 

0.43 

1 

1 

1 

92 

96 

91 

-27.38 

-0.48 

-29.37 

Correlation pessimistic (-20) 

Correlation optimistic (+20) 

205128 

205128 

219212 

218451 

205000 

204740 

<0.005 

<0.005 

1 

1 

96 

96 

-0.29 

-0.41 

Scenario 1 

Scenario 2 

Scenario 3 

Scenario 4 

205128 

205128 

205128 

205128 

206483 

148085 

129452 

132194 

194435 

142475 

126038 

128347 

<0.0028 

0.536 

1 

1 

1 

1 

1 

1 

92 

80 

64 

64 

-5.26 

-30.70 

-38.69 

-37.57 
 

A Population Size                b Expected Minimum Population Size                c Probability                d Metapopulation Occupancy                e Sensitivity 

9.5 Assumptions and limitations 

The Tasmanian ringtail was clearly sensitive to the differences between the base forest 

management scenarios and alternative harvesting scenarios. Results of the risk assessment 

indicate that the expected minimum population size under timber harvesting options is between 

31% and 41% lower than under base model of no harvesting (Table 9.8). The risk of population 
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decline posed by the silvicultural management options increased as the intensity of disturbance 

increased.  

Refinements to the population model, including refinement of sensitive model parameters are 

likely provide better information about the differences between alternative harvesting options 

that could be used make transparent statements of the predicted costs of alternative management 

actions. In particular, refining estimates of vital rates, initial abundance and carrying capacity 

would improve confidence in the absolute model predictions and, as such, should be a research 

priority for this species. However, the current model is based on best available information and, 

in the absence of more detailed information, can be used to construct interim recommendations 

regarding the potential impact of management scenarios. 

Several key assumptions were made in the construction of the meta-population model. The 

habitat model used to determine the metapopulation structure and population sizes was based 

on a modified version of a model developed for the common ringtail possum in southern NSW. 

There were problems associated with this method, including the inflated probability of 

occurrence in rainforest. However, this was considered the best available approach given the lack 

of survey data in Tasmania. 

The model assumed that blue gum plantations would not provide suitable habitat for ringtail 

possums in Tasmania (based on communications with William Foley, Sarah Munks and David 

Lindenmayer). This assumption would need to be clarified before the effect of plantation 

establishment can be fully quantified. The assumption that Tasmanian ringtails are hollow 

dependent in forest at altitudes greater than 600m also requires further study. Similarly, it is 

assumed that the recovery of wet eucalypts after native forest harvesting is the same as the 

recovery after fire. It is possible that the recovery of the carrying capacity of wet forests after 

native forest harvesting would be longer than the recovery of dry forests.  

To develop a base model that represented a stable population trajectory, the survivorship of 

adults was increased. Hence the results may be used to indicate the relative risk of alternative 

management scenarios, rather than providing absolute population trajectories. The sensitivity of 

the model to changes in vital rates indicates that further research is required to clarify this. 
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10.1 Summary 

The wedge-tailed eagle is Australia’s largest living bird of prey and one of the largest eagles in 

the world. Aquila audax fleayi is a subspecies endemic to Tasmania, having been isolated for 10,000 

years from their mainland counterparts. The Tasmanian Wedge-tailed eagle is classified as 

‘endangered’ due to the small number of breeding pairs, the low breeding success and the high 

rate of mortality from unnatural causes. The main threats to the subspecies are from nest habitat 

destruction, nest disturbance and increased mortality as a result of shooting, poisoning and 

accidents (e.g., electrocutions). A habitat map was developed for the species and applied to the 

Forestry Tasmania Bass District. Detailed information was available on life history traits and the 

impact of various disturbances. A population model for the Tasmanian wedge-tailed eagle 

representing its known range in Northeast Tasmania was applied in the context of five 

disturbance regimes prescribing different levels of plantation conversion. The modelled effect of 

plantation establishment included disturbance of nest sites leading to a reduction in fecundity, 

poisoning from sodium fluoroacetate (1080), increased persecution due to improved access to 

sites, reduction in suitable habitat and reduction in the future availability of nest trees. The results 

and sensitivity analyses indicated that the Tasmanian wedge-tailed eagle is sensitive to both 

plantation establishment and native forest harvesting, resulting in a high probability of 30% 

decline over 200 years. The current model is based on best available information and, in the 

absence of more detailed information, can be used to construct interim recommendations 

regarding the potential impact of management scenarios. Several assumptions of the model 

require clarification, including the effect of 1080 poisoning, persecution, unnatural mortality 

(mortality and debilitating injury attributable to human activities e.g., electrocutions and 

collisions with wires) and the reduction in fecundity caused by site disturbance. Further research 

could help to improve the reliability of model predictions.   
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10.2 Introduction 

10.2.1 Background 

The wedge-tailed eagle (Aquila audax) is Australia’s largest living bird of prey and one of the 

largest eagles in the world (Condon and Amadon 1954). The subspecies, Aquila audax fleayi, is 

endemic to Tasmania, having been isolated for 10,000 years from their mainland counterparts 

(Mooney and Holdsworth 1991). The extent of occurrence and the area of occupancy are 

approximately 67,000km2 including most areas of the State and several large offshore islands, 

notably excluding King Island. Some ecological differences between Tasmanian and mainland 

populations of the wedge-tailed eagle have been reported, associated with the density and 

selection of nest sites (Cupper and Cupper 1981, Crawford 1987). Nesting sites in Tasmania are 

evenly spaced in suitable habitat and are almost entirely confined to forested areas (Brown and 

Mooney 1997). Mainland birds, especially in arid areas, will often nest in isolated trees and in 

concentration along treed watercourses (Marchant and Higgins 1993). 

The species reaches an impressive size with a wingspan up to 2.3m, a body length of 0.85-1.05m 

and weighing as much as 5.3kg. Young wedge-tailed eagles are mid brown in colour with a 

lighter nape and wing bars, but become progressively darker with age, reaching blackish-brown 

by 10 years. The diet of the wedge-tailed eagle consists of both a wide variety of live prey 

(rabbits, hares, cats, birds, wallabies, possums, reptiles and occasionally domestic stock), and 

carrion depending on availability.  

Wedge-tailed eagles are monogamous and apparently mate for life, although if one bird of a pair 

is killed, the survivor will accept a new mate. Established breeding pairs are territorial and live in 

the one area throughout the year, defending their nest territories from eagles, of the same and 

other species. They are also known to occasionally attack intruding model aeroplanes, hang 

gliders, gliders, fixed-wing aircraft and helicopters near active nests. Surrounding the territories 

are large home ranges in which the birds hunt for food but do not defend.  

There are an estimated 363 wedge-tailed eagle territories in Tasmania, although immature birds 

that are not capable of producing offspring may occupy some territories. This apparent shortage 

of adults suggests that the current population cannot withstand any greatly increased pressure. 

Populations of eagles can decrease rapidly and may take a long time to recover due to a low 

reproductive rate, (Newton 1979). Sub-adults and non-breeding adults act as a vital buffer to the 

breeding population by providing replacement breeders. A reduction in the number of these 
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birds may occur without affecting breeding success, although it will reduce the potential of a 

population to recover from declines (Newton 1979).   

10.2.2 Conservation Issues 

The Tasmanian wedge-tailed eagle is listed as endangered under both the Tasmanian Threatened 

Species Protection Act 1995 and the Commonwealth Environment Protection and Biodiversity 

Conservation Act 1999. The subspecies is of conservation concern for several reasons. Firstly, the 

number of breeding pairs is naturally low (500-700 mature birds) and the breeding success rate is 

quite low (approximately 140 fledglings/year State wide). Secondly, death from unnatural causes 

remains high. An estimated 14.3% of fledglings currently reach maturity (B. Brown unpubl. data); 

natural survival should be around twice this level. This is of concern because unnatural causes of 

death (e.g., accidents and shooting) may apply different selective pressure to natural selection 

(e.g., starvation). By definition death to an unnatural cause is a premature death, likely to occur 

before reproductive potential is fulfilled and will therefore represent the loss of more than one 

individual to the population. The main threats to the subspecies are from nest habitat destruction, 

nest disturbance and increased mortality as a result of accidents, poisoning and shooting. 

Historically, habitat has been lost through selective logging, fire and clearance for agriculture. 

More recently, clear-felling of old-growth native forests and conversion to plantation has often 

isolated forest patches with nest trees, increasing exposure of nest sites, and removing alternative 

nest sites from surrounding areas. The subspecies is an exceptionally shy nester and deserts 

easily if exposed to ground-based disturbance, such as intensive recreation, logging and roading 

(Mooney and Holdsworth 1991), particularly in the first half of the breeding season, (i.e., August 

to November). The breeding season commences in late July/early August and finishes in mid 

January/early February. Occasionally, breeding is late with fledging in late February. This may 

be related either to eagles failing to attain breeding condition by August due to drought 

(resulting in low prey availability) or to the replacement of failed eggs (egg replacement may 

occur up to three times (Marchant and Higgins 1993). Duration, proximity, intensity, visibility 

and height above the nest increase the effects of disturbance (Mooney and Holdsworth, 1991). 

Despite legal protection and a public education program, deliberate poisoning and shooting still 

occurs. Annual unnatural losses have been estimated at up to 35% of immature birds and 5-10% 

of adults. Juvenile birds are most at risk of illegal shooting as they are still learning to hunt for 

themselves and are more likely to scavenge on dead lambs. A high proportion of eagles are killed 

by accidents (three yearly average 53%, B. Brown unpubl. data) involving man-made structures 

such as electrocution or collision with vehicles, overhead wires and fences (Mooney 1997). 
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Individuals also die from lead poisoning after consuming prey containing lead shot (Mooney 

1986) and as a non-target species during illegal poisoning of native wildlife. At least 30 

mortalities are reported each year. Increasingly, electrocution and collision are becoming the 

major unnatural causes of death (B. Brown unpubl. data).  

The subspecies has been subject to an Australian Nature Conservation Agency sponsored 

Recovery Plan between 1992 and 1994 (Gaffney and Mooney 1992, Gaffney 1995). A Natural 

Heritage Trust funded Recovery Plan is currently in the third of five years. Actions have included 

increasing public awareness of the wedge-tailed eagle’s plight, educating the public about the 

eagle’s importance, consulting with farmers to protect nest sites, locating nests prior to forestry 

operations or other disturbing activities and reducing disturbance near nests during breeding. By 

encouraging foresters and other land managers to retain at least 10ha of native forest around nest 

sites, more nests will remain active. Prescriptions for nest management are included in Forest 

Practices Plans as a requirement of the Tasmanian Forest Practices Code (Forestry Tasmania 

2001a,b).  

The tenure of land on which many eagles nest has a strong influence on their security, as the 

degree of control over deleterious activities varies with tenure. Private land has the least control 

through to reserved land with the greatest control. About 46% of breeding pairs nest on private 

land, 43% on State Forest and only about 10% on reserved or Crown land. These figures may be 

biased towards ‘developed’ land where nests are more likely to be detected. Only 31 pairs nest on 

reserved land where controls exist for their protection. On private land there is little control over 

potentially disturbing activities other than forestry operations, however many nests on private 

land remain active and productive due to their isolation. Finally, the subspecies in Tasmania 

probably suffers from low recruitment resulting from too few floating mature birds as indicated 

by a delay in mate replacement after one member of a pair dies (Bell and Mooney 1999). 

10.3 Methods 

10.3.1 Habitat model 

The Tasmanian wedge-tailed eagle nests primarily in old-growth native forest on sheltered 

aspects (Mooney and Holdsworth 1991, Brown and Mooney 1997), with most nests located within 

the canopy layer in Eucalyptus forest. Most nests are built in emergent trees, exposed to the early 

morning sun and where slope provides shelter from prevailing, strong, north westerly and cold 

spring winds. Territories may contain up to five alternate nests and the same site may be used for 

over 50 years (Mooney 1997, Bell and Mooney 1999). 
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Although the subspecies has strict nesting habitat requirements, it forages in a wide variety of 

habitats including coastal heath, dry woodland, sub-alpine forest, temperate rainforest, native 

coniferous forest, grasslands and cleared land (Thomas 1979, Mooney 1997, Bell and Mooney 

1999). Active nests usually occur 6-20km apart in adjacent territories. Brown and Mooney (1997) 

tested the nesting habitat requirements previously identified (Mooney and Holdsworth 1991) and 

described the landscape and vegetation parameters contributing to nest site selection. The 

intersection of the areas described by these parameters was performed using GIS to produce a 

nesting habitat model. 

All known Tasmanian nests are recorded on the Tasmanian Raptor Nest Database, which records 

nest identification and location information. A second database records the activity and 

productivity status of nests and a third database records the causes of mortality and injury. These 

databases are held and maintained by the Nature Conservation Branch, Tasmanian Department 

of Primary Industries, Water and Environment. The density of eagles is estimated as 1 pair per 

50–100km2 in eastern and northern Tasmania, and one per 1,200km2 in south and western 

Tasmania (Mooney and Holdsworth 1991, Bell and Mooney 1999). Densities are highest in areas 

with mosaics of forest, farmland, grassland, wetlands and rivers. Approximately 140 pairs breed 

successfully each year. Road counts showing a decrease in the proportion of immature birds 

suggest the population is stable or in slow decline (Fitzherbert 1992). A dearth of mature birds is 

also indicated by territories that are occupied by only one adult for up to 6 months after one 

member of a pair has died (Mooney 1997, Bell and Mooney 1999).  

Brown and Mooney (1997) produced a habitat model from 36 nesting sites based on forest height, 

forest density, aspect, altitude, nest tree height, wind speed, wind direction, slope profile, nest 

position on slope and nearest neighbour distance.  In this study, nests sites within an area of 40 

by 60km in eastern Tasmania were surveyed to determine nest site characteristics (termed 

parameters).  Using this data, ranges were selected which described the majority of nest sites for 

each parameter.  For example, it was found that all nests occurred on slopes in the range of 4 to 

34o, and 95.5% of nests were situated in forest types represented by only 40.2% of the forest cover.  

Once ranges were established for each of the parameters, those explaining the majority of nest 

sites were selected for use in the model.  An intersection of the parameter ranges was created to 

produce a map of the potential nesting habitat within the study area.  

Due to the regular spacing of the nests of territorial species, nearest neighbour distance is 

consistent within suitable habitat (Brown 1976, Newton 1979). Nearest neighbour distance (in this 

case, an average of 10km) was used to prioritise the mapped areas by their likelihood of 

containing new nests. Sites within 2km and greater than 8km from known nest sites were given 
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high priority, those at intermediate distances medium priority and those close to half a nearest 

neighbour distance low priority. 

Five new nests, predicted by this model, have been found but the model remains to be fully 

ground-truthed. 

The current modelling extends the same approach to a much wider area and generally wetter 

forest communities in the Bass District, Forestry Tasmania. Parameters were set as: 

Slope:   0 - 35o 

Aspect:   0 - 180o 

Forest height classification: E1 - E-3 (i.e., greater than 27m in height). 

ArcView GIS (ESRI 1998b) software with Spatial Analyst extension was used to prepare 

individual parameters and produce the final model. The model was prepared by intersecting the 

above parameter ranges. The model identifies those areas which meet all three of the parameters 

above and represents the habitat most suitable for nesting by Wedge-tailed Eagles. The potential 

exists for eagles to nest outside of this mapped area; however these sites are much more difficult 

to predict as they are subject to localised and/or exceptional conditions. 

It is estimated that there are 363 territories within Tasmania, suggesting a maximum population 

of 1500 birds in total, comprising 750 territorial birds, 750 non-territorial birds (including 

immatures, juveniles and non-territorial adults). The number of active nests (terriortries) in the 

Bass District alone was estimated to be 65 in any one year.  

Because dispersal is expected to occur across Tasmania (Bell and Mooney 1998), it was assumed 

that immigration to the Bass District would balance emigration. Hence, the Bass District was 

modelled as a closed system. For the same reason, it was assumed that the metapopulation 

structure would not be important; therefore the changes in carrying capacity caused by 

disturbance were averaged across the Bass District. The habitat model for the wedge tailed eagle 

appears in Figure 10.1. 
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Figure 10.1: Habitat model for the Tasmanian wedge-tailed eagle (Aquila audax fleayi) for the Bass Forestry 

District 

10.3.2 Life history attributes 

Information on life history, dispersal ability and response to the habitat disturbance associated 

with plantation establishment and native forest harvesting was gathered from the literature and 

personal communications. Life history and dispersal information was used to parameterise a 

population model using the population viability analysis software RAMAS GIS (Akçakaya and 

Root 2002). Table 10.1 presents the stages used in the construction of the eagle model.  
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Table 10.1: Stages used in the construction of the Tasmanian wedge-tailed eagle model and their respective 

vital rates 

Stage Description Survival Transition 

Chicks Totally dependent for 4-5 weeks. 
Nestling period 11-12 weeks  

10% natural mortality with a 
large standard deviation (10%) 

All chicks that survive to 
fledging move to juvenile stage. 

Juveniles Dependent on adults for 6 
months or occasionally more. 

Up to 50% mortality                
(35% probably due to humans) 

Surviving juveniles move to 
immature1 stage after first year 
of life. 

Immature1 Disperse from natal territories 
and probably remain largely 
nomadic for 4-6 years  

30% natural mortality (Mortality 
is initially high for immature 
birds, but reduces rapidly say 
from 30 to 5% over 5 years). 

Surviving immature1 move to 
immature2 stage after 1 year 

Immature2  25% mortality Surviving immature2 move to 
immature3 stage after 1 year 

Immature3  20% mortality Surviving immature3 move to 
immature4 stage after 1 year 

Immature4  10% mortality Surviving immature4 move to 
immature5 stage after 1 year 

Non-breeding 
Adults 

Only become breeding adults 
when territory becomes available 
(breeding adult of compatible 
gender dies) 

5% natural mortality  Transition depends on 
availability of nest sites 

Breeding Adults Can live to 15-20 years 5% natural mortality   

 

Following is a summary of information gathered during this exercise: 

Reproduction: Wedge-tailed eagles are reportedly monogamous and apparently mate for life, 

although if one bird of a pair is killed, the survivor may find a new mate. Breeding density is 

limited by food and nest site availability (i.e., the species is highly density dependent, Olsen 

1995). Depending on latitude, breeding commences with courtship in late winter, goes through 

nest lining to egg laying usually in early September, hatching in mid-October, with fledging 

usually occurring in mid to late January. Young become independent in late autumn early winter, 

after which they disperse. The timing may vary from location to location and from year to year 

according to the local availability of food. Both parents share in the duties of nest building, 

incubation and feeding of the young, although females assume the dominate role in the latter. 

Less than half of the territories produce eggs each year. Clutches consists of one or two eggs but 

only about 2% of successful nests fledge two chicks. Incubation commences with the laying of the 

first egg and requires between 42-45 days.  

Survival rates of the chicks vary considerably depending on local conditions, including prey 

abundance and the amount of disturbance. 1.07 chicks per successful territory are produced on 
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average with a maximum of 2. As only around 50% of territories are successful in any year, 

fecundity per female was assumed to be 0.531, assuming an even sex ratio. Usually only one 

chick survives past two weeks of age, due to cainism, where the older, larger chick attacks and 

kills its younger, smaller sibling. In other Aquila species cainism has been found to be unrelated to 

food availability (e.g., Aquila pomarina, Meyburg 2002). For five weeks or so, the adults feed the 

chicks directly. After this time they are able to recognise food when brought to the nest and can 

feed themselves. The nesting period is 11-12 weeks and once fledged the juvenile will spend 

several months dependant on their parents and may be tolerated within the territory for several 

more months.  

Longevity: The usual lifespan is 20-25 years, though the average age at death would be about 8 to 

10 years of such large eagles, owing to high juvenile mortality (Brown 1976). Time from hatching 

to breeding is approximately 5 years and the length of reproductive life is 15-20 years (Ridpath 

and Brooker 1986). Survival of chicks varies considerably depending on local conditions, 

including prey abundance and the amount of disturbance. In total, adult mortality should be less 

than 5% (Newton 1979). Mortality due to accidental death involving man-made structures, 

deliberate poisoning and shooting is up to 35% of juveniles, 20% of immature birds and 5% of 

adults, with some dicing due to natural causes in that year as well (Bell and Mooney 1999, B. 

Brown unpubl. data).  

Home Range and Dispersal: Young and non-breeding birds disperse, moving to wherever 

conditions are suitable. On the Australian mainland juveniles are known to have moved over 

850km in a 7-8 month period (Ridpath and Brooker 1987). Although little is known of their 

movements in Tasmania, on the basis of mainland data, immature eagles could potentially 

disperse anywhere within Tasmania. The Tasmanian wedge-tailed eagle is territorial, but there is 

usually overlap between the home ranges of two or more breeding pairs and of non-breeding 

birds. Paired adults are resident within their home range year-round and whereas unpaired 

adults are essentially nomadic (Olsen 1995).  

A stage-structured population model was built based on the life attributes of the above stages. 

The finite rate of increase for this stage matrix is 1.03. To incorporate environmental stochasticity, 

a coefficient of variation on vital rates was assumed to be 10% for fecundities and 5% for survival, 

with the exception of the survivorship of chicks/juveniles, which was estimated to have a 

coefficient of variation of 10%. The conceptual model structure is presented in Figure 10.2. 

Natural mortality was included in the stage matrix and the mortality from unnatural mortality 

was included as population management actions.  
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Figure 10.2: Structure of the model constructed for the wedge tailed eagle in Tasmania 

Carrying capacity and density dependence 

A ceiling function was used to model the density dependence of the Tasmanian wedge-tailed 

eagle. Carrying capacity was based on the existing number of territories, which probably 

represents the carrying capacity in current environmental conditions. Some areas may no longer 

contain suitable nesting habitat and may therefore be occupied by immature birds or non-

breeding adults. 

10.3.3 Disturbance dynamics 

Recovery from fire and native forest harvesting was calculated according to Table 10.1. Changes 

in carrying capacity, fecundity and survivorship were incorporated by adding temporal change 

files to RAMAS GIS (Akçakaya and Root 2002, KCH, FCH and SCH files respectively). The 

impact of plantation establishment and native forest harvesting on breeding eagles includes nest 

desertion and this was modelled as a reduction in fecundity. A nest was considered disturbed if 

harvesting activities occurred within 1km. The recovery of fecundity after disturbance depended 

on the availability of suitable nesting habitat nearby. The availability of alternative nesting sites 

was determined from the nesting habitat model using ArcView (ESRI 1998b) and ARC INFO 

(ESRI 1998b). Each known nest site was assumed to be located at the centre of a territory and each 

territory was assessed for the availability of alternative nesting sites within 2km (where an 

alternative nesting site was defined by an area of suitable habitat, greater than 10ha and 

undisturbed in that year). If it was determined that alternative nesting habitat was available, the 
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recovery of fecundity was assumed to be more rapid. The fire frequency was set to the average of 

dry and wet forest. 

Table 10.2: Response of the Tasmanian wedge-tailed eagle to disturbance 

Type of 
Disturbance 

Effect of Disturbance Explanation Recovery from Disturbance 

Fire 5% reduction in density of eagles Due to burning of nesting habitat, 
slight decrease in prey 
availability  

Recovery between 1 to 5 years  

Plantation 
Establishment 

15% reduction in density of eagles  reduction of prey availability, 
increased vandalism/road kills/ 
shooting from increased access  

No recovery 

 35% reduction in fecundity nest desertion/                        
lower productivity 

Recovery between 1 to 4 years 
depending on the availability of 
suitable habitat nearby 

 5% increase in mortality of chicks and 
adults 

Illegal poisoning Recovery in 1 year 

Native Forest 
Harvesting 

15% reduction in density of eagles  reduction of prey availability, 
increased vandalism/road kills/ 
shooting from increased access  

Recovery same as for fire 

 35% reduction in fecundity nest desertion/                        
lower productivity 

Recovery between 1 to 4 years 
depending on the availability of 
suitable habitat nearby 

Agricultural 
Land 

10% reduction in density of eagles  reduction of prey availability, 
increased vandalism/road kills/ 
electrocution and collisions with 
wires/shooting from increased 
access  

No recovery 

 35% reduction in fecundity nest desertion/lower 
productivity 

Recovery between 1 to 4 years  

Unnatural 
mortality  

 

30% increase in mortality of juveniles and 
chicks (chick mortality is due to the loss of 
a parent and the inability of the remaining 
parent to provide sufficient food or 
protection) 

20% increase in mortality of second year 
immature birds 

5% increase in mortality of all other  
stages  

 No recovery 

 

 

10.3.4 Simulations 

A ‘base’ model that represents the best assumptions for environmental conditions and model 

parameters was developed and implemented in RAMAS GIS (Akçakaya and Root 2002). 

Sensitivity analyses were conducted to determine if the results of the model were sensitive to 

estimates of parameter values (Burgman et al. 1993). Deterministic sensitivities were explored 
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using analytical results and stochastic sensitivities were evaluated by simulation, using expected 

minimum population size (McCarthy and Thompson 2001) to measure the response of the model 

to changes in parameters (10.2). The sensitivity of parameters investigated was calculated as: 

using analytical results and stochastic sensitivities were evaluated by simulation, using expected 

minimum population size (McCarthy and Thompson 2001) to measure the response of the model 

to changes in parameters (10.2). The sensitivity of parameters investigated was calculated as: 

)2.10(100×
∆

=
EMP
EMPS

where S is sensitivity, EMP is the expected minimum population size of the base model and 

∆EMP is the change in EMP of the model being investigated with that of the base model. 

Sensitivity calculated in this way provides an indication of both the magnitude and direction 

(positive or negative) of the change in EMP. 

where S is sensitivity, EMP is the expected minimum population size of the base model and 

∆EMP is the change in EMP of the model being investigated with that of the base model. 

Sensitivity calculated in this way provides an indication of both the magnitude and direction 

(positive or negative) of the change in EMP. 

Various scenarios were explored in which parameters were changed, one at a time, and the 

response of the model was measured by examining expected minimum population sizes, 

probability of decline and probability of a 10% increase. The model simulations were designed to 

explore the research questions outlined in the introduction.  

Various scenarios were explored in which parameters were changed, one at a time, and the 

response of the model was measured by examining expected minimum population sizes, 

probability of decline and probability of a 10% increase. The model simulations were designed to 

explore the research questions outlined in the introduction.  

Four output statistics were recorded: Four output statistics were recorded: 

 average number of eagles at the end of 200 years,.  average number of eagles at the end of 200 years,. 

 expected minimum abundance (McCarthy and Thompson 2001),  expected minimum abundance (McCarthy and Thompson 2001), 

 probability that the population declines by 30% at least once, and   probability that the population declines by 30% at least once, and  

 probability of extinction.  probability of extinction. 

Each scenario was implemented over a projection period of 200 years, using 1000 replicates.  Each scenario was implemented over a projection period of 200 years, using 1000 replicates.  

10.3.4 Management scenarios 10.3.4 Management scenarios 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan ranging 

from minimum to maximum levels of habitat disturbance.  

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan ranging 

from minimum to maximum levels of habitat disturbance.  

1. No disturbance. 1. No disturbance. 

2. Native forest harvesting in active coupes. 2. Native forest harvesting in active coupes. 
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3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable. 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversions and 

conversion on private land where suitable. 

5. Native forest harvesting and all RFA plantation conversions on public land and conversion 

on private land where suitable. 

All scenarios are subject to stochastic wildfires. Scenarios 1 through 5 are subject to incrementally 

increasing levels of anthropogenic disturbance and were described in the introduction. The five 

management scenarios resulted in increasing habitat disturbance from native forest harvesting 

and plantation conversion. Optimal eagle nest management prescriptions were assumed in the 

model (i.e., a nest is disturbed if harvesting activities are within 1km of an active nest).  

10.4 Results 

10.4.1 Mean tendency 

Each scenario described in the methodology section was implemented over a projection period of 

200 years using 1000 replicates. Mean tendencies as well as box and whisker plots representing 1 

standard deviation either side of the mean and extreme values respectively are shown in Figure 

10.3. Figure 10.4 includes a further impact of unnatural mortality, including persecution by 

humans.  

All management scenarios indicate a population decline over the next 200 years. The magnitude 

of this decline and the variation in population size increases through the 5 scenarios as levels of 

anthropogenic disturbance are increased. Trajectories are responding to the impact of the 

imposed natural wildfire regime and planned disturbances from Forestry Tasmania’s Tactical 

and Strategic Plans.  

Once unnatural mortality including human persecution is introduced into the model there is a 

substantial population decline across all five scenarios. Even in Scenario 1, which does not 

include native forest harvesting or plantation conversion there is a large decline in population 

numbers due to the impacts of unnatural mortality.  
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Figure 10.3: Mean expected population trajectories for the Tasmanian wedge-tailed eagle model (excluding 

unnatural mortality), run for 200 years. Scenarios one to five are described in the methodology section. 
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Figure 10.4: Mean expected population trajectories for the Tasmanian wedge-tailed eagle model, including 

unnatural mortality by humans, run for 200 years 

10.4.2 Risk analysis 

Risk curves for model projections under the five management scenarios with and without human 

persecution appear in Figures 10.5 and 10.6. Under the five management scenarios without 

unnatural mortality, the risk of extinction within the next 200 years is small. There is no risk of 

extinction under scenarios 1 and 2. Once plantations are introduced the risk of extinction within 

the next 200 years increases from a probability of 0.01 under scenarios 3 and 4 to a probability of 

0.015 under scenario 5. However, the probability of decline under the five management scenarios 

is more apparent. Scenarios two to five involve an appreciable chance that the population will 

decline by 30% at least once during the period of the simulation (Figure 10.5). The risk of 30% 

decline in eagle populations is high in all scenarios that include the effect of plantation 

establishment and native forest harvesting.  

When unnatural mortality is included in the model, the risk of extinction across the five 

management scenarios worsens considerably. In the event of no forest disturbance, apart from 

wild fires, there is a probability of 0.58 that the wedge-tailed eagle will go extinct within the next 

200 years due to unnatural mortality alone. When forest harvesting is introduced this probability 



Chapter 10: Tasmanian Wedge-tailed Eagle (Aquila audax fleayi) 230 

increases considerably, from a probability of 0.73 under scenario 2 to a probability of 0.99 under 

Scenario 5.  

 

Figure 10.5: Risk curves for the Tasmanian wedge-tailed eagle population model, run for 200 years (no 

unnatural mortality) 
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Figure 10.6: Risk curves for Tasmanian Wedge-tailed eagle under five management scenarios with 

unnatural mortality 

 

10.4.3 Sensitivity analysis 

Sensitivity analysis suggests that the model is particularly sensitive to lowered vital rates, 

indicating that further research is required to reduce the uncertainty surrounding fecundity, 

growth and survivorship (Table 10.3). Mortality due to human-related causes (unnatural 

mortality) was a particularly sensitive parameter. If the rate of unnatural mortality is as high as 

the literature and data suggest, the extinction risk faced by the wedge-tailed eagle is 0.64 with an 

expected minimum population size (EMP) of 1.1 individuals. When unnatural mortality is 

lowered by 10% the extinction risk faced by the species reduces to 0.48 with an EMP of 1.9. In the 

absence of unnatural mortality, the model is sensitive to native forest harvesting and plantation 

establishment, with extinction risk increasing to 0.015 under scenario 5. When unnatural 

mortality is coupled with native forest harvesting and plantation conversion the probability of 

extinction over 200 years ranges from 0.58-0.99 with the increasing intensity of habitat 

destruction. However, while loss of nesting habitat and nest disturbance influence long-term 

survival, the rate of unnatural mortality is the overriding contributor to the risk of extinction of 

wedge-tailed eagles.  
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Table 10.3: Results of 30 parameter combinations and scenarios run for the Tasmanian wedge-tailed eagle 

model over 200 years 

Simulations Initial Na 
N at 200 
years EMPb Pc of 30% 

decline (91) 
P of 
extinction Sd 

Base  (no fire, plantations, harvesting nor 
unnatural mortality) 

130 125.28 89.6 0.484 0  

Unnatural mortality (UM) 

Reduced UM (-10%) 

Reduced UM (-20%) 

Increased UM (+10%) 

UM, reduced after 20years 

130 

130 

130 

130 

130 

2.04 

3.39 

11.8 

2.08 

39.47 

1.1 

1.9 

6.5 

1.1 

22.6 

1 

1 

1 

1 

1 

0.641 

0.478 

0.122 

0.649 

0.01 

-98.77 

-97.87 

-92.75 

-98.77 

-74.78 

Low vital rates (-5%) 

High vital rates (+5%) 

130 

130 

0.04 

129.4 

0 

95.5 

1 

0.326 

0.998 

0.025 

-100 

6.58 

Low Standard deviations (-10%) 

High Standard deviations (+10%) 

130 

130 

126.7 

124.7 

95.5 

83.7 

0.306 

0.63 

0 

0.005 

6.58 

-6.58 

Low carrying capacities (-10%) 

High carrying capacities (+10%) 

130 

130 

125.8 

125.6 

90.1 

90.2 

0.480 

0.512 

0 

0 

 

Density dependence affects survival 

Density dependence affects fecundity 

130 

130 

125.98 

125.69 

89.7 

89.3 

0.494 

0.502 

0 

0 

0.11 

-0.33 

Low duration (-10%) 

High duration (+10%) 

130 

130 

126 

125.8 

90.6 

88 

0.457 

0.573 

0 

0 

1.11 

-1.79 

Low initial abundance (-10%) 

High initial abundance (+10%) 

117.2 

142.8 

125.6 

126.4 

88.9 

90.4 

0.258 

0.776 

0 

0.001 

-0.78 

0.89 

Stochasticity lognormal uncorrelated 

Stochasticity normal correlated 

Stochasticity normal uncorrelated 

130 

130 

130 

125.75 

126.57 

126.36 

89.7 

101 

99.4 

0.479 

0.118 

0.170 

0 

0 

0 

0.11 

12.72 

10.94 

Scenario 1 

Scenario 2  

Scenario 3 

Scenario 4  

Scenario 5 

130 

130 

130 

130 

130 

98.63 

90.51 

88.69 

81.60 

60.53 

69.5 

64.9 

58.9 

54.0 

40.7 

0.999 

1 

1 

1 

1 

0 

0 

0.001 

0.001 

0.015 

-22.43 

-27.57 

-34.26 

-39.73 

-54.58 

Scenario 1 – including UM 

Scenario 2 – including UM 

Scenario 3 – including UM 

Scenario 4 – including UM 

Scenario 5 –including UM 

130 

130 

130 

130 

130 

2.2 

1.08 

0.31 

0.19 

0.04 

1.2 

0.6 

0.2 

0.1 

0.0 

1 

1 

1 

1 

1 

0.62 

0.75 

0.91 

0.93 

0.97 

-98.66 

-99.33 

-99.77 

-99.88 

-100 
a Population Size          b Expected Minimum Population Size            c Probability            d Sensitivity 
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10.5 Assumptions and limitations 

The Tasmanian wedge-tailed eagle was clearly sensitive to the differences between the base forest 

management scenarios and alternative harvesting scenarios. Results of the risk assessment 

indicate that the expected minimum population size under timber harvesting options is between 

5% and 32% lower than under the scenario with no timber harvesting (Table 10.3). The risk of 

population decline posed by the silvicultural management options increased as the intensity of 

disturbance increased.  

Once the threat of human-caused mortality was included, the risk of population decline increased 

dramatically, resulting in an extinction risk of 62%, even in the absence of timber harvesting. 

Extinction risk rose to between 91 to 97% with the additional impact of timber harvesting, 

depending on the intensity of the silvicultural management (Table 10.3). 

The risk of 30% decline in eagle populations is high in all scenarios that include the effect of 

plantation establishment and native forest harvesting. This is despite several provisions included 

in the Code of Practice aimed at protecting the species. These results are contrary to the objectives 

of the Environment Protection and Biodiversity Conservation Act 1995, Tasmanian Threatened 

Species protection Act 1992 and current Wedge-tailed Eagle Recovery Plan (Bell and Mooney 

1999). As such, it is recommended that the provisions for wedge-tailed eagle protection within 

the Code of Practice be reconsidered. 

Several key assumptions were made in the construction of the meta-population model. Although 

some literature exists regarding the response of wedge-tailed eagles to various forms of 

disturbance, several of the modelled impacts were not well understood. Mortality due to 1080 

(sodium monoflouroacetate) poisoning is not well documented. Although anecdotal reports 

claim that wedge-tailed eagles have died from eating carcasses of animals poisoned with 1080, 

post mortem results have not confirmed this (Bell and Mooney 1999). The physiological tolerance 

of wedge-tailed eagles to 1080 is high (McIlroy 1984) and poisoning programmes carried out 

according to legal guidelines are unlikely to directly harm them (Bell and Mooney 1999). 

However, indirect harm might occur from the reduction of the prey, the intention of the poison. 

In addition, nestlings may have a lower tolerance, but since they are fed live-caught prey, the 

potential for their exposure is lowered (Bell and Mooney 1999). McIlroy (pers. comm.) indicated 

that it is possible that chicks fed poisoned animals may be affected by 1080. Hence, this modelling 

exercise used a precautionary measure of including 5% mortality of chicks due to 1080 poisoning. 

Other assumptions regarding the impact of 1080 include that a single application per rotation 
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would be used and that the poison would not be used in native forest timber harvesting 

operations. 

Another assumption used in the model construction was that there would be a reduction in the 

availability of prey after plantation establishment and native forest harvesting. The nest desertion 

response of wedge-tailed eagles also requires further research, particularly the ability of eagles to 

respond quickly to disturbance and to make use of alternative nest sites if the occupied nest is 

disturbed.  

Separating natural and unnatural mortality is problematic. It is possible that a proportion of the 

mortality attributed to human persecution may occur naturally (Kenward 2002). The proportion 

of overlap is difficult to determine, hence the impact of unnatural mortality may be 

overestimated. Another assumption of the model was that immigration into the Bass District 

would balance emigration. Because wedge-tailed eagles can potential disperse across the entire 

state of Tasmania, this may be a reasonable assumption. However, it is possible that the Bass 

District may be acting either as a source or a sink population to other areas of the state and its 

role may fluctuate between a source, a sink and neutral from year to year.  

An important limitation of the modelling exercise was that the landscape dynamics model did 

not include a reduction in available nest trees due to senescence of existing trees. This could 

become more of a problem in years to come, as the 10ha reserves currently prescribed are 

unlikely to contain many alternative nesting trees and the recruitment of nest trees may be 

inadequate.  

Refinements to the population model, including refinement of sensitive model parameters are 

likely provide better information about the differences between alternative harvesting options 

that could be used make transparent statements of the predicted costs of alternative management 

actions. In particular, refining estimates of vital rates and the impact of timber harvesting would 

improve confidence in the absolute model predictions and, as such, should be a research priority 

for this species. However, the current model is based on best available information and, in the 

absence of more detailed information, can be used to construct interim recommendations 

regarding the potential impact of management scenarios. 
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Chapter 11. Yellow-tailed black cockatoo 
(Calyptorhynchus funereus) 
 

Julian Fox and Raymond Brereton 
 

11.1 Summary 

A habitat suitability model and a population viability analysis model were developed to 

determine the availability of breeding habitat in the northeast of Tasmania and the effects of 

increased plantation establishment and native forest harvesting on populations of yellow-tailed 

black cockatoo. A habitat model and associated population densities resulted in an estimate of  

approximately 90 breeding pairs within the northeast of Tasmania. The population model, using 

the most current information available on the species suggests there is no risk of extinction of 

Yellow-tailed black cockatoos within the next 200 years. However, with increased anthropogenic 

disturbance through native forest harvesting and plantation conversion, there are substantial 

declines in population numbers due to habitat destruction. There is good concordance between 

change in carrying capacity and the mean population trajectory. This indicates that declines in 

available breeding habitat are driving the population trajectory downward by a proportional 

amount. In the absence of quantitative information on nest availability and food supplies and the 

effects of declines in these resources on reproductive efforts, clutch sizes, and nestling success, 

the current model represents a simplification of these dynamics, which may or may not reflect 

reality. More reliable estimates on these particular parameters will aid in validating the outcomes 

of this study.  

11.2 Introduction 

The Yellow-tailed Black Cockatoo (Calyptorhynchus funereus, Shaw 1794) is a large black bird with 

distinctive round yellow patches on ear-coverts and a yellow undertail. It weighs between 600-

900grams, is 55-65cm in length and has a wing-span of approximately 100-110cm. The Yellow-

tailed Black Cockatoo (YTBC) is native to Tasmania and is widely distributed throughout the 

State and the neighbouring islands. It is also found on the mainland, from Queensland down the 

east coast and across to South Australia. YTBCs are nomadic and cover large distances in search 

for food. They feed on seeds, nuts, fruit or berries from a wide range of native trees and shrubs 
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such as eucalypts, banksias, acacias and hakea. They also feed on a large range of insects and 

larvae. The species is capable of adapting to the changed conditions by supplementing its diet 

with seeds and nuts of introduced flora such as pines (Sindel and Lynn 1989).  

Yellow-tailed black cockatoos are gregarious and are usually seen in family groups or small 

parties and occasionally congregate in large flocks to feed in pine plantations or recently burnt 

areas (Forshaw and Cooper 1981). They are long-lived birds with a slow rate of reproduction and 

low mortality (Forshaw and Cooper 1981). YTBC first breed at approximately 4 years of age, 

having a clutch of 2 eggs during the months November to February (Forshaw and Cooper 1981). 

Breeding vegetation consists of old-growth wet and dry eucalypt forest with suitable hollows to 

nest (Nelson and Morris 1994). They are believed to return to traditional breeding areas annually 

but are intolerant of disturbed areas (Higgins 1999). Saunders (1982) suggests they may persist in 

returning to the same area and attempting to breed even after major disturbance but the success 

depends whether there are feeding areas nearby and suitable roosting habitat.  

YTBC could be threatened by forestry practices through the removal of suitable nesting sites 

(Forshaw and Cooper 1981). “Habitat deterioration problems are perhaps most likely to manifest 

themselves in effects on food supplies or nest availability, and thus be reflected in low 

reproductive effort, reduced clutch size, poor nestling growth rates, and/or low fledging 

success” (Snyder et al. 2000). The response of YTBC to plantation development depends on the 

type of plantation. Pinus radiata plantings may benefit the species as pine cones are a preferred 

food source. Short-rotation eucalypt plantings are likely to provide no habitat value. There is 

some suggestion that fragmentation of the food supply during the breeding season may lead to a 

deterioration of parental care (because parents spend more time foraging), and a decline in 

recruitment (Forshaw and Cooper 1981).  

The potential breeding habitat for the Yellow-tailed black cockatoo in the northeast of Tasmania 

is largely unknown. The construction of a habitat suitability model for the Yellow-tailed Black 

Cockatoo will aid in identifying suitable breeding habitat for the species in the northeast and 

whether the habitat is threatened by forestry practices in the future. Using the habitat map as a 

basis for a metapopulation structure in a population viability analysis model, the impacts of 

future anthropogenic disturbance on populations of YTBC in the future can be assessed. The 

models can be used to explore assumptions about the life history of the species and its response 

to anthropogenic disturbance. Furthermore the models can assist in quantifying the impact 

forestry practices will have on the species and can determine the effectiveness of various 

management strategies and the implications for population decline.  
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11.3 Methods 

11.3.1 Habitat model 

YTBCs inhabit sclerophyll forests and woodland (Higgins 1999). They more commonly occur in 

wet eucalypt forests, becoming uncommon and locally distributed in drier areas (Forshaw and 

Cooper 1981). They may reach the upper limits of the tree-line in alpine regions of Tasmania, but 

are rare in treeless habitats, such as alpine areas (Osborne and Green 1992, Forshaw and Cooper 

1981).  

The breeding cycle is of primary interest and the habitat model needs to identify breeding 

habitat. YTBCs nest in large hollows in tall mature eucalypts (Higgins 1999, Nelson and Morris 

1994), and are believed to return to traditional breeding areas annually (Higgins 1999). 

Vegetation suitable for breeding consists of old-growth wet and dry eucalypt forest with suitable 

hollows. Rainforest, regrowth, plantation, and cleared land can be excluded due to an absence of 

suitable tree hollows. YTBC have been observed gathering into large flocks to feed on the cones 

of pine plantations (Dawson 1994). The increased foraging potential provided by pine plantations 

is ignored in the model because such behaviour is associated with the non-breeding habits of the 

bird. All mature wet eucalypt forest is suitable breeding habitat, but of the dry eucalypt forests 

only the taller mature stands provide adequate hollows for nesting. Based on this, breeding 

habitat was identified from Forestry Tasmania’s ForestClass2001 GIS layer in the following way: 

Mature wet eucalypt stands-FC2001, 1-11 (E1-E5) 

Tall mature dry eucalypt stands-FC2001, 1-8 (E1-E3) 

These definitions of breeding habitat resulted in the identification of 64,146ha of potential 

breeding habitat dispersed across the northeast of Tasmania (Figure 11.1).  

The wet eucalypt component is considered to be more valuable as a nesting resource because of 

the more limited opportunities for nesting in dry forests. Based on this, the habitat value of dry 

forests was estimated as being one quarter that of wet forests.  
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Figure 11.1: Habitat model for the Yellow-tailed black cockatoo 

Previous studies of Calyptorhynchus densities are useful for identifying population sizes and 

densities for northeast Tasmania. A recent survey of the forest red-tailed black cockatoo 

(Calyptorhynchus banksii naso Gould) found a mean density of 0.0107 birds/ha (Abbott 1998). 

From this, one nesting pair requires 187ha. An initial density estimate for YTBC was one adult 

breeding pair per 250ha. When this was applied to available habitat, a population estimate of 177 

(90 breeding pairs) was generated for the northeast.  

Generally movements associated with nomadic non-breeding periods are probably in response to 

food availability. However no long distance movements have been recorded (Higgins 1999). 

YTBC family groups tend to have site loyalty when breeding, therefore natal dispersal may be 

quite small. The model assumes that young birds commence reproduction in the vicinity of their 

birthplace and a distance of 500m was chosen. Based on the initial estimate of breeding habitat 

and using a distance of 500m to delineate the patch structure, RAMAS GIS (Akçakaya and Root 

2002) estimated 38 separate patches. When suitable habitat is separated by more than 500m, and 

assuming that family groups are using the habitat patches for breeding, then populations are 

considered spatially distinct.  
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11.3.2 Life history attributes 

YTBCs are very long-lived (Forshaw and Cooper 1981). For this reason, a decline in any 

population would not become apparent for many years. They may live for 100 years in captivity 

(Sindel and Lynn 1989). However, higher mortalities in the wild will result in few if any birds 

reaching these ages. Hill (1954) estimates that the maximum age for cockatoos in the wild is 50 

years. YTBCs are estimated to have a longevity of 30 to 40 years and the model has assumed low 

mortality rates after the first year of life. This is characteristic of a bird with low fecundity and 

high survivorship. Most mortality will be associated with old age, disease or malnutrition.  

Population modelling is restricted to the breeding cycle, the critical aspect for the Yellow-tailed 

Black-Cockatoo. The bird is nomadic, has adaptive feeding behaviours, and can cover large 

distances in search of food. In the model, we assume that it is able to find adequate resources for 

survival when not breeding. During the breeding season, we assume that resource competition 

becomes more intense, reflected in the selection and defence of breeding territories by YTBCs. 

YTBCs have a slow rate of reproduction (Forshaw and Cooper 1981). YTBC first breed when 4 

years old (Forshaw and Cooper 1981). A clutch of 2 eggs is laid during the months November to 

February. The second egg is usually laid 4 to 7 days after the first, and if it hatches, the chick is 

neglected and soon dies. The egg is incubated for 29 days, and the female broods while the male 

collects food for the sitting female. Once the chick hatches it is brooded continuously by the 

female, and both are dependent on the male for the first 2 weeks. After this the female 

commences the collection of food. Three months after hatching the chick leaves the nest, but is 

fed by the parents for a further four months. Youngsters will fly with their parents until the 

approach of next year’s breeding season, when they are driven away or ignored (Sindel and Lynn 

1989).  

Detailed demographic data on fecundities for YTBC are unavailable as they are seldom observed 

breeding (Brown and Holdsworth 1992). Reproductive rates were inferred from closely related 

Calyptorhynchus species. It was assumed that 50% of breeding pairs produce a single offspring 

annually (0.25 of all adults (male and female) produce an offspring).  

Higher mortality of females has been reported for several cockatoo species, such as Carnaby’s 

cockatoo (Saunders 1982), the Major Mitchell cockatoo (Rowley and Chapman 1991), and the 

galah (Rowley 1990). This higher mortality results in a sex-ratio bias, often resulting in 

substantially more males than females (Pepper 1997). This character suggests that it may be 

appropriate to model only females, as they will be the limiting factor on population growth. 
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First year mortality is slightly higher due to the increased risk of predation and nestling mortality 

(starvation, disease). After this, mortality will be low, with few predators affecting the species, 

although wedge-tailed eagles (Aquila audax) are known to prey on adult and immature Carnaby’s 

cockatoos (Saunders 1990). Based on fecundity, survivorship, and life history figures for similar 

cockatoos, the following stage matrix (11.1) was identified: 



















97.09.000
009.00
00055.0
25.0000

   (11.1) 

The above stage matrix has a finite rate of increase of 1.06, and an average residence time of 33.3 

years in the final stage. This accords with estimates of longevity being 30–40 years. A maximum 

growth rate (the average long-run growth rate estimated in the absence of density dependence, 

and in the presence of adequate resources, was estimated at 1.1. 

The following standard deviation matrix (11.2) was identified using a coefficient of variation of 

5% for fecundities and survivorships: 



















0475.0045.000
00045.00
0000275.0

0125.0000

  (11.2) 

Because differential mortality exists in cockatoos resulting in fewer adult females the above stage 

matrix is based on mortality and fecundity for females only.  

Contest-type density dependence is appropriate for YTBC as they exhibit territoriality while 

breeding. It is also appropriate to have density dependence affecting only fecundities as survival 

should not be affected by a lack of breeding territories. The basis for density dependence was also 

adjusted so that only breeding adults competed for breeding space. 

11.3.3 Dispersal 

It has been suggested that immature birds and non-breeding adults tend to gather in flocks that 

move widely in search of food, whereas breeding pairs and juveniles remain close to traditional 

nesting sites (Higgins 1999). During the non-breeding season, YTBC may follow established 
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routes to feeding areas, but will tend to return to established nesting areas when the next 

breeding season returns (Higgins 1999). Given this, the nesting behaviour and dispersal to new 

nesting areas was modelled, rather than non-breeding dispersion. Dispersal to new breeding 

areas will consist of natal dispersal –how far a sub-adult disperses in an attempt to establish a 

new breeding territory. This will be the most important form of dispersal when paired adults 

return to the same territory each breeding season. 

Natal dispersal was estimated to include 50% of infants moving 1km to establish a new nest site, 

and 25% moving 2km. These two estimates were used as the basis for constructing a dispersal 

function. Dispersal was adjusted so birds did not disperse in their first year, and dispersed 

predominantly in their second and third years (natal dispersal). Beyond the fourth year, dispersal 

rates were halved. 

Dispersal of cockatoos to and from the northeast study area may be largely irrelevant because 

family groups return to traditional breeding areas in the northeast, i.e., the chance that a group 

will colonise new breeding territory in the northeast from elsewhere or vice versa is unlikely.  

11.3.4 Disturbance response 

In a major study of the recovery of bird populations after clearfelling of wet eucalypt forests, 

Williams et al. (2001) found the black cockatoos (Calyptorhynchus spp.) to be most affected. Even 

70 years after clearfelling, both species of cockatoo were far less abundant than in older regrowth 

and old-growth. Williams et al. (2001) hypothesise that the karri forests they studied are most 

comparable to mountain ash forests in Victoria and Tasmania. These results could be loosely 

extrapolated to the wet eucalypt forests of northeast Tasmania.  

Hollows big enough for YTBC take perhaps 150 years to develop (Gibbons and Lindenmayer 

2002). This period is far beyond native forest rotations of 80 years. Therefore, it can be assumed 

that native forest harvesting will permanently reduce the breeding habitat value to zero. 

Conversion to plantation will also reduce habitat value to zero as nesting opportunities will be 

removed. 

Wildfire is assumed to have negligible effect – in most cases it will not kill hollow bearing trees 

and may also lead to recruitment of hollow bearing trees (Lindenmayer et. al. 1990). These 

interactions will influence long-term hollow bearing tree dynamics more than short-term 

dynamics. This allows us to run the models independent of stochastic fires. 
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11.3.5 Management scenarios 

Five management scenarios were identified based on Forestry Tasmania’s Tactical Plan. Scenarios 

1 through 5 are subject to incrementally increasing levels of anthropogenic disturbance from 

native forest harvesting and plantation conversion. The management scenarios were described in 

the methods section at the beginning of this report.  

1. No disturbance 

2. Native forest harvesting in active coupes 

3. Native forest harvesting and Tactical (next 10 years) plantation conversions and conversion 

on private land where suitable 

4. Native forest harvesting and Tactical/Strategic (next 20 years) plantation conversion and 

conversion on private land where suitable 

5. Native forest harvesting and all RFA plantation conversion on public land and conversion on 

private land where possible. 

11.4 Results 

11.4.1 Mean tendency 

Substantial declines are expected under all scenarios that involve anthropogenic disturbance 

(Figure 11.2). There is good concordance between change in carrying capacity and the mean 

population trajectory (Table 11.1). This indicates that declines in available breeding habitat are 

driving the population trajectory downward by a proportional amount. Declines are similar for 

scenarios 3 through 5 as the ecological consequences for YTBCs of disturbances from plantation 

conversion and native forest harvesting are equivalent.  
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Figure 11.2: Mean expected population sizes for the Yellow-tailed Black Cockatoo under five management 

scenarios 

Table 11.1: Mean population trajectory and carrying capacities between 100 and  200 years 

 Mean 
population 
trajectory 

As a % of 
Scenario 1 

Carrying 
capacity 

% change in 
carrying 
capacity 

Scenario 1 169 - 177 - 

Scenario 2 75 44 88 48 

Scenario 3 73 43 76 47 

Scenario 4 73 43 76 47 

Scenario 5 74 43 77 48 

 

The model is stable – a sensitivity analysis indicated that it is approximately linearly sensitive to 

all parts of the life-history parameterisation. A linear relationship between available breeding 

habitat and the population trajectory reflects the ability of the species to recolonise empty 

breeding habitat relatively easily. 
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11.4.2 Risk analysis 

All scenarios involve an appreciable chance that the population will fall to fewer than about 30-50 

breeding females at least once during the period of the simulation (Figure 11.3). There is a 

negligible risk of extinction under the current parameterisation. This is due, at least in part, to the 

choice of modest levels of variability in the life history parameters.  

 

Figure 11.3: Quasi-extinction risk curves for the Yellow-tailed Black Cockatoo under five management 

scenarios 

11.5 Assumptions and limitations 

Various anecdotal observations concerning the breeding behaviour of YTBC suggest that 

fragmentation of the food supply during the breeding season may lead to a deterioration of 

parental care (because parents spend more time foraging), and a decline in recruitment (Forshaw 

and Cooper 1981). This was observed for the white-tailed cockatoo by Saunders (1977). In a study 

spanning 5 years, the breeding success (measured as number of chicks fledged) of birds in a 
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relatively intact landscape area with plentiful food supplies was double that of birds in a highly 

fragmented area with limited food resources. The average distance adults were recorded foraging 

from their nest site in the highly fragmented landscape was nearly double that of the less 

fragmented site (2.5km c.f. 1.4km, Saunders 1990). It is likely that family groups returning to 

traditional breeding areas, which have recently been disturbed, will suffer a decline in 

recruitment due to fragmented food supplies. But in the absence of quantitative information to 

indicate the magnitude of this effect, it has not been explicitly included in the model. Such an 

effect will be expressed in the model through density dependence effects on fecundity when the 

breeding habitat available to a family group declines. 

The study of Nelson and Morris (1994) specifically investigated the nesting requirements of 

YTBC. They found that although YTBC predominantly nested in mature stands, it sometimes 

utilised hollows in isolated mature and senescent trees within regrowth and plantations. The 

youngest of these senescent trees was estimated to be 162 years of age. The occurrence of such 

senescent trees within regrowth and plantation is likely to be rare, but the possibility exists. 

Given this, there are likely to be nesting opportunities within regrowth and plantation dependent 

on levels of retention of suitable trees. To enable YTBC to nest other resources are required 

including nearby feeding areas and suitable roosting habitat. These requirements would be 

particularly important when considering utilisation of isolated mature and senescent trees, and 

may limit utilisation of this resource.  

Because the availability of hollow-bearing trees is the most crucial aspect of suitable breeding 

habitat, it would be preferable to directly model this resource. Predictive equations of hollow 

occurrence for different forest types could be used to predict the availability of suitable large 

hollows for the study area. Although hollow availability is intrinsically difficult to forecast 

(Gibbons and Lindenmayer 2002), such models could result in more accurate estimates of 

carrying capacity. Furthermore, it has been hypothesised that a shortage of hollow-bearing trees 

may result in birds becoming more concentrated at remaining nest sites, possibly resulting in 

increasing levels of agonistic interactions between females, and possibly increased nesting 

failures (Saunders 1982). In addition, the model assumes there is no effect of wildfires on hollow 

bearing trees. This assumption may be over optimistic and predictions of future population sizes 

may be inflated.   

For cockatoos in general, Snyder et al. (2000) suggest that habitat deterioration problems are likely 

to manifest themselves in effects on food supplies or nest availability, and thus be reflected in low 

reproductive effort, reduced clutch size, poor nestling growth rates, and/or low fledging success. 

In the absence of quantitative information on nest availability and food supplies and the effects of 
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declines in these resources on reproductive efforts, clutch sizes, and nestling success, the current 

model represents a simplification of these dynamics, which may or may not reflect reality.  
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Chapter 12. Summary and conclusions 

 

12.1 Introduction 

The population viability models developed for each of the study species used available current 

knowledge on habitat requirements, life history attributes, dispersal dynamics, response to 

anthropogenic disturbance and other adverse impacts affecting the species. The models were 

developed co-operatively between species experts, forest managers and quantitative modellers. 

Each model has been reviewed and updated in order to capture current understanding of each 

system and to provide some insight into the species’ fate. Thus, the models encapsulate what we 

believe to be true about the ecology of the system, using a level of abstraction that keeps the 

problems tractable, and that retains all the important features that may affect outcomes. 

The models were examined under several plausible management scenarios with increasing levels 

of anthropogenic disturbance. The results suggest that none of the species investigated in this 

study is likely to become extinct in the study area within the next 100-200 years as a consequence 

of forest harvesting alone, within the management parameters explored in this study. However, 

the modelling of some species indicates that forest practices coupled with other adverse impacts 

(i.e., disease and human persecution) could result in large declines and in one case, high risks of 

extinction in the study area. The models do not encompass all possibilities, so that unanticipated 

interactions may result in greater or lesser risks than those documented here. In addition, the 

absolute estimates of extinction risk are not reliably estimated because many of the parameters 

and model structures are poorly understood. However, the results give a clear picture of the 

sensitivities of expected population sizes to alternative management options. The following 

sections provide a summary of the key findings of this modelling exercise.  

12.2 Key findings 

12.2.1 Risk of decline and extinction 

All species, with the exception of the wedge-tailed eagle have a very low risk of extinction under 

all management scenarios (Table 12.1). The wedge-tailed eagle, even under the ‘no harvesting’ 

scenario has an extinction probability of 0.62. The impact of unnatural losses (illegal poisoning, 

shooting and accidents) has a substantial detrimental effect on the species despite legal protection 
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and public education. Once harvesting activities are introduced the fate of the eagle worsens. The 

extinction risk ranges from 0.75 to 0.97 with increasing intensity of harvesting. There is little 

doubt that timber harvesting affects the distribution and abundance of this species, but its 

severity cannot be interpreted in isolation from direct human persecution, and could be 

substantially remediated if persecution were to cease. 

Table 12.1: Risk of population decline and risk of extinction for all study species under several management 

scenarios  

 Probability of a 50% decline (probability of extinction) 
100 year simulation Scenario 1 Scenario 2 Scenario 3 Scenario 4 Scenario 5 Scenario 6 
Invertebrates       

Simsons stag beetle (Hoplogonus simsoni) 0.98 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0(0.0) 

Northeast forest snail (Anoglypta launcestonensis) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 0.01 (0.0) 0.03 (0.0) 0.04 (0.0) 

Giant velvet worm (Tasmanipatus barretti) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 
200 year simulation Scenario 1 Scenario 2 Scenario 3 Scenario 4 Scenario 5 Scenario 6 
Vascular plants       

Myrtle beech (Nothofagus cunninghamii) 0.0 (0.0) 0.17 (0.0) 0.17 (0.0) 0.20 (0.0) 1.0 (0.0) - 

Epiphyte on Manfern (Polyphlebium venosum) 0.0 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) - 

Non-vascular plants       

Liverwort (Riccardia cochleata) 0.7 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) - 
Mammals       

Spotted-tailed quoll                                      
(Dasyurus maculatus maculatus) 

0.84 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) 1.0 (0.0) - 

Ring-tailed possum (Pseudocheirus peregrinus) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 0.0 (0.0) 0.003 (0.0) - 
Aquatic       

Platypus (Ornithorhynchus anatinus) 0.07 (0.0) 0.08 (0.0) 0.08 (0.0) 0.09 (0.0) 0.10 (0.0) - 
Birds       

Wedge tailed eagle (Aquila audax fleayi) 0.04 (0.0) 0.22 (0.0) 0.43 (0.001) 0.53 (0.001) 0.83 (0.015) - 

Yellow-tailed black cockatoo          
(Calyptorhynchus funereus xanthonotus) 

0.01 (0.0) 0.99 (0.0) 0.99 (0.0) 0.99 (0.0) 0.99 (0.0) - 

 

Timber harvesting had varied effects on the probability of species’ declining. Four species (snail, 

velvet worm, possum, and platypus) had very low probabilities of declining by 50% even in the 

presence of increasing levels of disturbance. This indicates that harvesting activities are having a 

relatively small effect on population decline for these species. Four species had very large 

probabilities of a 50% decline within the simulation period even in the absence of any harvesting 

activities (stag beetle, liverwort, quoll, and wedge-tailed eagle). This is due to a combination of 

stochastic wildfires and intrinsic factors affecting the species. The remaining species (myrtle, 

epiphyte and cockatoo) had very low probabilities of decline under scenario 1. Once harvesting 
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was introduced the declines increased, suggesting that harvesting activities are having a 

detrimental effect on populations of those species.  

These results do not provide a context for evaluating the acceptability of the effects of harvesting 

in isolation or in combination with other processes. They merely document the magnitude of 

expected changes, in stochastic terms, given what we know about the species, their habitat and 

their dependence on various attributes of the environment. 

12.2.2 Effects of harvesting 

All species investigated in this study were sensitive to anthropogenic disturbance. However, the 

impact of disturbance depended on the response individual species have to harvesting practices 

and the extent of disturbance within their habitat (Table 12.2).   

Each of the study species has a different response to anthropogenic disturbance. All models 

assumed that there was no habitat recovery when a coupe was converted to plantation. This 

means that once a coupe is converted to plantation then either all or a portion (e.g., the platypus) 

of the species habitat is lost permanently. It may be that with additional field work on the ecology 

of these species in plantations, this assumption could be modified in the future. 

The recovery of species habitat after native forest harvesting varied. Recovery was modelled as a 

change in carrying capacity over time. Models for myrtle, the epiphyte and the cockatoo all 

assumed there was no recovery of habitat after native forest harvesting. For all other study 

species, habitat logged for native forest regeneration recovered gradually over time according to 

the equations outlined in the individual species chapters. Recovery dynamics in harvested 

landscapes make an important contribution to the expectations resulting from these models. This 

general result suggests that carrying capacity, dispersal dynamics and stand/log decay 

dynamics, for species dependant on course woody debris, will need to be much better 

understood in the future to provide reliable predictions about the consequences of forest 

management. 
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Table 12.2: Percentage of species habitat disturbed without recovery for all study species  

 % of habitat lost through harvesting 

 Scenario 1 Scenario 2 Scenario 3 Scenario 4 Scenario 5 
Invertebrates      

 
Total habitat 
disturbed 

Simsons stag beetle 0 0 9.5 11.7 27.9 35.9 

Northeast forest snail 0 0 6.6 7.1 13.0 76.3 

Giant velvet worm 0 0 2.5 3.2 12.5 53.4 
Vascular plants       

Myrtle beech  0 16.1 16.1 16.1 16.1 16.1 

Epiphyte on Manfern  0 45.3 45.3 45.3 45.3 45.3 
Non-vascular plants       

Liverwort  0 0 14.4 16.3 30 61.7 

Mammals       

Spotted-tailed quoll  0 0 6.5 7.3 12.9 36.7 

Ring-tailed possum a 0 15.9 24.2 24.3 37.9 52.1 
Aquatic       

Platypus b 0 0 0 0 0 19.4 
Birds       

Wedge-tailed eagle c 0 0 0 0 0 70.1 

Yellow-tailed black cockatoo  0 42.3 42.7 42.7 42.7 42.7 

a Ringtail Possum: Values do not include buffer zones. 
b Platypus: values represent the % of habitat affected by disturbance. Conversion to plantation results in a 90% reduction 
in habitat quality (i.e., Carrying capacity) for order 1 streams and 20% reduction in order 2-4 streams with no recovery. 
Values here do not account for the different reductions according to stream order.  

c Wedge-tailed eagle: value in “total habitat disturbed” represents the percentage of nests within 1km of disturbance 
activities.  

 

A summary of the area within a species range within the northeast of Tasmania that will be lost 

due to anthropogenic disturbance is presented in Table 12.2. The epiphyte and the Yellow-tailed 

black cockatoo have the largest amount of habitat lost due to forest harvesting with 45% and 43% 

respectively. The assumption that the habitat for these species does not recover when coupes are 

converted to plantation or native forest harvesting results in the loss of all disturbed habitat. Of 

all the study species, the northeast forest snail has the largest amount of its habitat disturbed 

(76%). However, only 2.5-12.5% of that area is converted to plantation and will not recover. The 

remaining habitat harvested for native forest regeneration is assumed to recover. Similarly, the 

liverwort has approximately 62% of its habitat disturbed through harvesting with 14-30% lost 

through plantation conversion depending on the scenario. Knowledge of the dispersal 

capabilities of these species is important in order to determine the success of reinvading 

harvesting areas.   
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Of the known nest sites of the Wedge-tailed eagle, 70% will be disturbed through some 

harvesting activities. Management provisions for protection of eagle nests result in reductions in 

vital rates rather than habitat loss. The effect of this on eagle numbers varies depending on the 

availability of alternative nest sites within the eagles’ territory and on the type of disturbance. 

The platypus has approximately 19% of its habitat disturbed. Plantation conversion of coupes 

near streams reduces habitat quality of the stream modelled as a reduction in carrying capacity. 

No habitat is completely lost through harvesting practices.  

12.2.3 Species decline  

The effect of habitat disturbance on population decline is summarised in Table 12.3. Each value 

represents the average population decline (as a percentage) between years 100-200 relative to 

changes in population size under scenario 1. Comparisons have been done in this fashion to 

illustrate the impact of anthropogenic disturbance alone and not the effects of wild fires and other 

intrinsic factors that may cause the population to decline.   

Table 12.3: Summary of average population decline of all study species due to anthropogenic disturbance  

 % Population decline relative to Scenario 1 
100 year simulations Scenario 1 Scenario 2 Scenario 3 Scenario 4 Scenario 5 Scenario 6 
Invertebrates       

Simsons stag beetle  0 7.5 11.1 15.7 36.7 37.9 

Northeast forest snail 0 8.3 15.4 17.3 19.7 20.7 

Giant velvet worm 0 0 2.9 3.6 13.8 14.8 
200 year simulations       
Vascular plants       

Myrtle beech  0 31 32 32 43 - 

Epiphyte on Manfern  0 45 46 47 47 - 
Non-vascular plants       

Liverwort  0 54 58 59 61 - 
Mammals       

Spotted-tailed quoll  0 57 63 63 65 - 

Ring-tailed possum  0 27 33 33 38 - 
Aquatic       

Platypus  0 2 3 3 3 - 
Birds       

Wedge-tailed eagle * 0 16 21 25 41 - 

Yellow-tailed black cockatoo 0 56 57 57 56 - 
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The invertebrate models had a simulation time frame of 100 years. The scenarios for the 

remaining species have a time frame of 200 years. This shorter time period for the invertebrates 

was due to computational constraints in the model simulations. Any comparisons with the 

species models over a 200 year time period should account for this difference. Values in the table 

represent the population decline after 100 years (for the invertebrates) and 200 years (for the 

remaining species) relative to scenario 1.   

Population declines across the four harvesting scenarios are largest for the spotted-tailed quoll 

(57-65%), the liverwort (54-61%) and the Yellow-tailed black cockatoo (56-57%). The platypus and 

the giant-velvet worm are least affected by anthropogenic disturbance with population declines 

averaging around 3% for the platypus and between 3-15% for the Giant velvet worm depending 

on the scenario. The small population decline for the platypus is primarily due to disturbance 

having relatively little  impact on habitat densities.  

In general, expected population decline was a function of the proportion of each species habitat 

that was unavailable to the species. All of the models depended on the assumption that habitat 

that had been made unsuitable could be reinvaded by adjacent residents. The functions that 

describe ‘recovery’ of habitat include the assumption that organisms can disperse and occupy 

available habitat within disturbance areas. This assumption is likely to be sensitive to the spatial 

scale of intended activities. The larger the disturbance, the more tenuous this assumption 

becomes. For instance, the Spotted-tailed quoll suffered in these simulations because the model 

required dispersal across patches that made reinvasion of vacant habitat less certain. The 

importance of dispersal creates an imperative for acquiring information about dispersal and 

reinvasion properties of species, both within and between patches.  

12.2.4 Common habitat 

One way of minimising global impacts of harvesting and other activities is to identify areas that 

harbour large numbers of threatened species that are likely to be affected by these activities. 

These areas could be excised, or the intensity of activities could be minimised or managed with 

greater care. However, the species in this study are a representative sample of the taxa that might 

be affected by human activities in these forests. Any plans that focus on managing or protecting 

these species in particular, would change their status from examples to management goals. This 

is not the intention of this research. The idea, rather, is to learn from the general principles and 

patterns that emerge from the analyses.  
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We have learned that many spatial indices are unlikely to provide a reliable guide for forest 

management, simply because they do not necessarily map onto the ecological attribute that is 

most important in determining the fate of a species. For many species, however, especially 

immobile species with small sizes, large numbers of mature individuals and large numbers of 

progeny, expected population size and risks of decline can be estimated from the amount of 

available habitat. The availability of habitat is governed by the time and conditions necessary for 

the critical features of a species niche to become available. These are under management control, 

at least to some extent. 

Overlays of habitat maps may become important if there are areas that provide unique 

combinations of habitat features. They may then provide support for a relatively large number of 

forest-dependent species from a broad range of taxa. The overlays may assist managers in 

identifying and managing such areas. It is apparent from this study that instituting a landscape 

forestry perspective also necessitates evaluation and implementation of suitable landscape 

biodiversity conservation measures. There are many forest-dwelling species currently listed on 

the Tasmanian Threatened Species Protection Act (Tasmanian Government 1995) and many more 

forest dependent biota that may be at risk if operations do not consider landscape level 

conservation actions. Such actions will not be practicable using a species by species approach, not 

least because so few of the biota are known. Thus future measures will need to incorporate multi-

species approaches as commenced in this project. 

12.3 Limitations  

The development of spatially explicit metapopulation models, such as those developed in this 

study, provides a degree of realism that more simple models lack. This level of realism comes 

with costs. Complex models are data intensive and require detailed information on vital rates, 

habitat requirements, dispersal capabilities and responses to disturbance that are often unknown. 

This complexity introduces uncertainties that can be difficult to track and the lack of extensive 

empirical data makes model validation problematic. Sensitivity analysis provides a mechanism 

for determining parameters that have more influence on model outcomes, thus targeting areas of 

research that may have an important effect on extinction probabilities or recovery (McCarthy et 

al. 1995, Drechsler 1998). Thus, it can guide managers to the best ways of spending their research 

dollars.   

The choice of model structure can potentially result in very different outcomes (Taylor 1995, 

Ludwig 1996, Beissinger and Westphal 1998). All the models developed in this study are 

structured metapopulation models. Choosing an alternative model structure (i.e., diffusion 
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approximation models or occupancy models) has the potential to result in extinction risks that are 

very different. However, comparing relative risks rather than absolute risks has been found to 

provide more reliable outcomes (McCarthy et al. 2003). 

These PVA models suffer from the lack of explicit inclusion of species interactions. Many of the 

species are co-inhabitants and can interact at some level that may have an impact on demography 

or density dependence. Species interactions can be included in models implicitly by altering 

demographic parameters, but we do not attempt it here. Modeling the interaction of multiple 

species in a dynamic landscape is a difficult task but it should be attempted if field observations 

suggest such interactions may be important.  

Linear habitat strips and stream-side reserves have different utilities for different species. These 

models assume they have utility equivalent to undisturbed habitat, unless there was evidence to 

the contrary. This assumption should be explored in future monitoring activities. It is especially 

important because it underpins the ability of the modelled organisms to persist in fragments 

within a managed landscape and to reinvade quickly once appropriate features have developed 

in adjoining harvested areas. This is perhaps the single most important generalisation to emerge 

and may make a useful contribution to future forest research and management activities. 

Software restrictions constrained the development of the PVA models to some extent. 

Development of habitat models for the case study species often identified habitat patches in 

excess of 500: the maximum number for RAMAS GIS (Akçakaya and Root 2002). To counteract 

this constraint, it was necessary to either subdivide the landscape into several separate models or 

amalgamate several patches within close proximity.  

When developing a PVA model, it is advantageous to simulate multiple scenarios using various 

parameter estimates and to perform an extensive sensitivity analysis to investigate the influence 

of all parameter estimates separately. However, setting the conditions for multiple scenarios for 

these complex models was time consuming and simulations were computationally intensive. This 

meant that only several management options and sensitivity analyses could be realised.  

The reliability of PVA model predictions depends on the realism of habitat, wildfire and meta-

population models. The realism of each of these components relies in turn on the quality of 

available data and limits to understanding of ecological processes and stressors acting on bio-

indicator species populations.   

Another important generalisation to emerge from this study was that the availability of mapped 

data representing components of species habitat (e.g., coarse woody debris, understorey 
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composition, soil types) limits our ability to map habitat, habitat change and meta-population 

structure reliably and is a key constraint on our ability to model species responses to disturbance. 

Forest management may be served by activities that result in a wider range of spatially explicit 

habitat variables mapped at appropriate scales.  

The modelling approach presented in this report represents one of the first attempts to link 

landscape dynamics with population models. One limitation of the method used here is that, 

apart from fire dynamics, the vegetation composition of the landscape was assumed to be static 

over the simulation period. It would be more appropriate to incorporate vegetation succession in 

the modelling procedure, as this is likely to influence habitat model predictions, and hence 

modelling outcomes. In addition, the metapopulation approach was limited by the need to 

establish a fixed population structure throughout the simulation period. Although a population 

can potentially disappear and re-form over time, it is not possible to form new populations or to 

merge or divide existing populations. 

Recent software developments (RAMAS Landscape, Akçakaya et al. 2003) provide a promising 

method of integrating metapopulation viability with a forest dynamics model. This package 

provides an alternative to the technically challenging and time-intensive approach presented 

here. In addition, the method allows populations to form, re-form, divide and merge. However, 

this package does not incorporate the stochasticity of vegetation dynamics or wildfire. As 

stochasticity in wildfire in particular is known to be an important parameter (McCarthy et al. 

2001) this issue needs to be resolved. 

Given the extent to which the habitat map determines model outcomes (including patch 

structure, population abundance, response to management scenarios, and etc.), the realism of the 

models presented here is probably related to the extent to which and the resolution at which key 

habitat attributes can be mapped. In addition, the selection of habitat models did not explicitly 

incorporate uncertainty. The uncertainty in variable selection, choice of model and the quality of 

data can be substantial (Wintle 2003) and it would be useful to incorporate this in future 

modelling exercises. 

12.4 Realism and sensitivity of the model 

On the basis of this case study, the RAMAS GIS modelling approach can be evaluated in terms of 

the realism provided (i.e., how well the method captures the complexity and subtlety of the 

problem) and the sensitivity of model results (i.e., how well the method discerns between 

alternative forest management scenarios).   
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RAMAS GIS appears to be sufficiently flexible to facilitate the development of realistic models 

that can incorporate both stochastic and deterministic impacts. Questioning and exploring model 

assumptions has an important role. RAMAS GIS appears well equipped to model the various 

forms of uncertainty associated with demographic parameters. Most model parameters are 

specified with an expected value and an expression of uncertainty in terms of standard deviations 

or upper and lower bounds. Users can specify the shapes of distributions and make assumptions 

about dependencies between parameters. However, the realism of the modelling approach used 

here was constrained by time, as models were computationally intensive and the programming 

and debugging elements were debilitating, even for routine applications.   

The model predictions were sensitive to the differences between management scenarios, 

indicating that the method is useful for assessing and ranking the sustainability of forest 

management options. Scenarios that included timber harvesting resulted in considerable 

differences for alternative management options. This demonstrates the ability of the modelling 

approach to discern the ecological consequences of relatively subtle changes. Consistent trends 

between species suggest that the management scenarios can be ranked confidently, at least in 

terms of the expected consequences for taxa that are influenced by similar ecological attributes.  

However, the scenarios were presented as a gradient of management intensity and different 

spatial or temporal arrangements of anthropogenic disturbance may lead to more complex and 

interesting predictions.   

12.5 Future directions 

Developing approaches that move away from the traditional single species emphasis has been 

identified as an important research need (Hobbs 2002, Lambeck 2003). This is an area of active 

research and presents substantial theoretical difficulties. There is no established theory that 

suggests how results of PVA models should be agglomerated and interpreted for multiple 

species. In the situation in which management options are selected over a gradient of intensity or 

level of impact, it might often be the case that the results of PVA models order along the gradient 

in the same way for each species. In this situation, there is little ambiguity and the decision about 

which management option to choose becomes a question of trading values.   

However, it is possible that management options represent alternative spatial and temporal 

ordering of impacts, and that different options suit different species in different ways. In such a 

situation, it may be desirable to achieve an overall summary of the impact of each management 

option across multiple species. An advantage of choosing species for modelling on the basis of 
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the ecosystem stressors they target is that species results may be grouped into ‘stressor 

categories’. The influence of each management option may then be summarised in terms of its 

stressor performance.   

The modelling approach presented in this report is proposed as a fundamental component of 

sustainable forest management. However, the effective implementation of PVA models relies on 

the following two systems being in place: 

 The models must be a component of an adaptive management system in which the results of 

monitoring are used iteratively to refine model parameters and predictions. The aim of using 

PVA models is to stay a step ahead of environmental harm by prospectively assessing the 

sustainability of management options (Mulder et al. 1999). Data obtained by the monitoring 

system are used to improve models, which are in turn used to focus monitoring programs by 

describing the causal relationship between population processes and environmental stressors 

(Mulder et al. 1999). 

 The success of the modelling approach relies on a system of integrating model predictions 

with the goals and aspirations of society in order to make ‘optimal’ decisions. This requires 

institutional links between stakeholders, the results of models, and decisions, based on 

present and future information.   

Figure 12.1 outlines an adaptive management cycle for prospective sustainability assessment in 

which PVA models form an important and ongoing component of adaptive management. A 

management system that utilises PVA models has the ability to assess the sustainability of 

management prospectively and utilise new information about the relationships between stressors 

and bio-indicator populations and parameters derived from ongoing monitoring (Mulder et al. 

1999). In this framework, management decisions are made on the basis of anticipated impacts 

derived from the predictions of the models described here, rather than as a reactive measure 

following environmental harm.  
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Figure 12.1: Adaptive Management Cycle highlighting the role of PVA modelling in prospective assessment 

of forest management options 

The credibility of the PVA models would be ensured by continual updating with information 

derived from monitoring. Moreover, utilising models to make decisions helps to focus 

monitoring efforts because it identifies the cause-effect relationships between ecosystem stressors 

and bio-indicator populations arising from management activities. The design of monitoring and 

research should respond to the major sources of uncertainty and the gaps in ecological 

knowledge identified in the modelling process. A monitoring and research schedule based on a 

modelling process will be more likely to deliver useful information for management and decision 

making. 

12.6 Conclusions 

One of the primary goals of this study was to explore planning options for spatial optima that are 

essentially consistent across taxa. If they exist, a generalised prescriptive approach such as that 

advocated by Forman (1995) may be supported. If results show that spatial optima strongly 

contrast, the task for conservation to prescribe strategies that serve to protect even the relatively 

small suite of species examined here will be made considerably more complex.   

These general optima exist, although they are simpler than the prescriptions of Forman (1995) 

and others suggest. All of the species examined here respond most sensitively to the total habitat 

that is available to the most limited or the most sensitive part of their life history. All except one 

of the species were not sensitive to the details of the spatial or temporal patterns of harvesting 

and plantation conversion, within the spatial and temporal limits explored here.  

The exception, the Spotted tailed quoll, was sensitive because the pattern of fragmentation 

interacted with its dispersal behaviour and population densities to make it susceptible to Allee 
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effects, depending on spatial and temporal patterns of habitat availability and connectedness. 

Thus the effectiveness of linkage strategies such as biodiversity spines is likely to have an 

important contribution to make to the conservation of a relatively small but important subset of 

the taxa that are sensitive to spatial processes. 

The sensitivity analyses have examined the response of the PVAs in terms of continued viability 

to different plantation contexts and extent of habitat fragmentation. Planned management 

activities are likely to precipitate substantial declines in the distribution and abundance of all of 

these taxa, and by induction, in the abundances of most forest-dependent species in the region. 

None of the species examined here is at immediate risk of local or global extinction, although the 

Spotted tailed quoll comes closest to local extinction. 

It is impossible to develop optimal long-term planning strategies if there is an insufficient 

knowledge base. In the mean time, suboptimal, but sufficient, strategies are better than no 

strategies, because they allow planners to adapt strategies as new knowledge comes to hand and 

as new contingencies arise.  

It remains to be seen how useful for planning are the environmental relationships derived from 

habitat maps and the spatial configuration of habitat summarised in fragmentation indices 

(FRAGSTATS, McGarigal and Marks 1995). The work from this project goes a long way to 

answering this question and provides the opportunity to characterise a range of habitat patch 

sizes and their connectivity. Occupancy models may also have been applied in this context. The 

habitat models and distribution data may provide a sufficient basis for parameterising and 

testing some of these simpler models. 

The approaches examined here provide a means to examine ecological priorities and trade-offs. 

They are amenable to group decision-making and discussion. Possible frameworks include the 

use of a hierarchy of goals (Ralls and Starfield 1995) or ranking management options on the sum 

of weighted criteria (Goodwin and Wright 1991).  

The results of this exercise avoided any kind of formal summary because the species we 

evaluated were representative of many other threatened taxa that inhabit the same landscape. 

Instead, we sought qualitative generalisations that may assist forest management planning. The 

most general outcome in this study is the broad species’ sensitivity to total available habitat. It is 

possible that consideration of a broader taxonomic spectrum in the study area here would lead to 

different generalisations. The pervasiveness of substantial uncertainties in population models, 

habitat relationships and responses to disturbance makes optimisation approaches difficult 

because they depend on assumptions of thorough knowledge. Decision theory under uncertainty 
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suggests we should instead look for management strategies that do ‘well enough’ from the 

perspectives of production and conservation, despite uncertainty. 

This report will form a basis for further collaboration between scientists, forest planners and 

operational managers to implement practical outcomes which have due regard both for the need 

to produce wood products and to maintain viable habitat elements at the local and at the 

landscape scale. 
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